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ABSTRACT 

This PhD project focuses on the Hg mining district of Mt. Amiata (Southern Tuscany- Italy), 
and to the environmental consequences deriving from the mining activity occurring in this 
region. In the Mt. Amiata, mercury (Hg) was produced for about one century, ending almost 
30 years ago (1980s). Different aspects of Hg environmental impact of mining activity in the 
Mt. Amiata Hg are taken into consideration in this research project, carried on with the 
partnerships of different national and international research centres, as USGS and Regione 
Toscana. The work especially addresses to the Paglia River Basin (PBR), which is the main 
natural collector of Hg drained by the east sector of the Mt. Amiata. The main goals of the 
work are then: i) to establish an updated picture of Hg and methyl-Hg (MMHg) diffusion and 
distribution in the PBR; ii) to estimate the mass load of Hg transported by this river; iii) to 
characterize the speciation of Hg − and hence its bioavailability − in different environmental 
matrices; iv) to define the regional background for Hg. 
The results of this study report an elevated and pervasive distribution of Hg in all the 
environmental compartments of Paglia River (water, sediment, soil, roasted discarded 
materials). Especially, MMHg is widely distributed in this ecosystem, resulting in its great 
bioaccumulation in local fish, which present MMHg concentrations highly exceeding the 
recommended value of the U.S. Environmental Protection Agency (US EPA).  
Coupling the XAS and SEC techniques, this study shows as Hg is essentially present in the 
extremely insoluble form of cinnabar, and related alteration product, in sediments of Paglia 
River that precede mining activity, while a more soluble mineral assemblage, constituted by 
Hg0 and HgCl2, characterizes the post-mining and recent sediments. These compounds were 
likely leached from the original calcine deposits, and they suggest an enhanced mobility and 
hence bioavailability of Hg in the PBR as a consequence of mining activity and of the 
roasting process. As these last compounds may easily solubilize releasing free Hg(II), they 
represent a main risk for the environment, possibly favouring methylation reactions. The 
occurrence of these compounds may then possibly relate with the elevated bioavailability of 
MMHg in the PBR. 
Results of this study indicate that significant amount of Hg is transported annually by the 
Paglia River, in the order of tens of kg. This transport occurs mainly in the form of particulate 
Hg, which can deposit along the river course. The hydrodynamic of Paglia River prevents 
however a definitive storage of Hg, which is further mobilized up to Tiber River, possibly 
impacting this ecosystem. Notwithstanding mining activity promotes Hg diffusion in the 
environment, pristine sediments analyzed in this work report Hg concentrations much higher 
than the crustal level, indicating the presence of a wide geogenic anomaly centred in the area 
of Mt. Amiata. Preliminary results indicate it might range 2-6 µg/g, being much higher than 
the Hg values common encountered in the crust. The establishment of a reliable background is 
of fundamental importance for this area in order to fix reliable thresholds for the remediation 
projects going to be carried out at these mines.  
 
 
 
 



 



RIASSUNTO 

Lo lavoro svolto nell’ambito di questo dottorato è rivolto allo studio del distretto minerario 
del Monte Amiata (Toscana meridionale, Italia) e alle ricadute ambientali connesse al passato 
minero-metallurgico di questa regione, dove il mercurio (Hg) è stato prodotto fino all’inizio 
anni ‘80. Il progetto di ricerca, svolto in collaborazione con diversi enti di ricerca, nazionali e 
internazionali tra cui USGS e Regione Toscana, indaga differenti aspetti connessi 
all’inquinamento ambientale da Hg (+ altri metalli in tracce) legati alla principale miniera del 
distretto, Abbadia San Salvatore. Lo studio in particolare si concentra sul bacino del F. Paglia, 
che rappresenta la principale via di drenaggio naturale del Hg proveniente dal settore orientale 
del M. Amiata. Gli obiettivi di questo lavoro sono: i) definire e aggiornare i dati pregressi 
circa la distribuzione e diffusione del Hg e metil-Hg (MMHg) in vari comparti abiotici e 
biotici del bacino del F. Paglia, ii) stimare le quantità di Hg trasportate in soluzione da questo 
fiume, iii) definire la speciazione del Hg − e dunque la sua biodisponibilità – in differenti 
matrici ambientali; iv) stabilire il background regionale di Hg.  
I risultati di questo progetto indicano una distribuzione pervasiva di Hg in tutti i comparti 
ambientali analizzati (sedimenti fluviali e acque del F. Paglia, suoli e scarti minerari). La 
presenza di MMHg è elevata in questo ecosistema, come dimostrato dal forte bioaccumulo di 
questo contaminante nei pesci del Paglia con concentrazioni molto superiori al limite stabilito 
dall’Agenzia di Protezione Ambientale degli USA (US EPA).  
Tramite l’utilizzo di tecniche XAS e SEC, questo studio indica che i sedimenti fluviali del F. 
Paglia che precedono l’attività mineraria sono composti solo da cinabro, minerale altamente 
insolubile, e sue fasi di alterazione. Composti maggiormente solubili di Hg, come Hg0 e 
HgCl2, caratterizzano invece i sedimenti successivi all’attività mineraria del F. Paglia, 
derivanti del ruscellamento superficiale e lisciviazione di questi minerali dalle calcine della 
miniera di Abbadia. A seguito dell’attività mineraria e dei processi di arrostimento del 
minerale, la mobilità e quindi la biodisponibilità di Hg è quindi incrementata. Tali composti 
rappresentano un forte rischio per l’intero ecosistema del F. Paglia, poiché la loro 
solubilizzazione comporta il rilascio di Hg(II), che può andare incontro a processi di 
metilazione. Non è quindi da escludere che la speciazione del Hg negli attuali sedimenti 
fluviali possa risultare determinate per spiegare l’elevata produzione di MMHg nel bacino del 
Paglia e il conseguente bioaccumulo nei pesci di questo fiume.  
I bilanci di massa svolti per il F. Paglia indicano che quantità dell’ordine di decine di kg/anno 
di Hg sono trasportate annualmente fuori dal distretto amiatino, prevalentemente in forma di 
particolato, rappresentando una possibile, ma tuttora da chiarire, sorgente di inquinamento per 
il F. Tevere di cui il Paglia è affluente. Nonostante, l’attività minerarie pregressa sia 
determinante per l’attuale diffusione del Hg nell’ambiente, le ricerche svolte nell’ambito di 
questo progetto di dottorato evidenziano che i sedimenti considerati pristine contengono 
quantità di Hg molto superiori (2-6 µg/g) al clarke crustale per questo elemento, definendo 
quindi una marcata anomalia naturale (geogenica) nell’area del Monte Amiata. Tenere conto 
di tali valori è fondamentale per gli interventi di bonifica che sono attualmente in atto o in 
corso di progettazione nell’area del Monte Amiata.  
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CHAPTER 1 

−  INTRODUCTION  − 

1.1 Mercury: general aspects 

Mercury (Hg) and its main mineral, cinnabar (HgS) started to be known by humans in ancient 

times and their applications still continue today. In the elemental form, Hg is a silver-white 

colored metal (Hg0), the only one to be liquid in standard conditions (UNEP/WMO, 1998).  

The symbol Hg (Hydrargyrum, “watery silver” in Greek), derives from this peculiar and 

unique characteristic. The unusual properties of Hg explain its large use starting from the 

antiquity in various sectors of human life, ranging from medicine, agriculture to scientific and 

industrial applications. Although present also in nature, metallic Hg started to be produced 

2000 years ago by Romans in Almadén (Spain) by heating cinnabar and condensing the 

vapour. The first use of cinnabar dates back to Neolithic Age (ca. > 4000 BCE), when the 

mineral was used as pigment and was found as preservative of human bones in Italy and 

Spain (Parsons and Percival, 2005). The massive use of Hg started in the 1500, when it was 

employed to recover low-grade silver ores in South and Central America by amalgamation 

technique. For this purpose, Hg started to be traded, and for more than 300 years Hg was sent 

by Spain, Slovenia and Peru to South America (Parsons and Percival, 2005). This technique 

was later used in the gold rushes of the 18th and 19th centuries in North America. Nriagu 

(1994) estimated that ~196,000 tons Hg were lost from 1570 to 1900 in the Americas, causing 

the first widespread and high diffusion of Hg all over the world (Fig. 1.1.) (Schuster et al., 

2002; Hylander and Meili, 2003).  

Thanks to its low resistivity and good electrical conductivity, Hg is now a component of 

different electrical and electronic products, as electrical wiring and switches, fluorescent 

lamps, batteries, thermostats, and measuring and control devices (e.g. barometers and  

pressure gauges) (Eisler, 1987). In the industrial field, Hg is used principally for the 

production of chlorinated compounds as vinyl chloride monomer (VCM), and in chlor-alkali 

industry where Hg is the cathode in the electrolytic production of NaOH and Cl from NaCl; 

minor applications are reported in nuclear reactors and as an addictive for paper production 

(Gray, 2003). In agriculture, Hg has been used as fungicide for seeds and bulbs (Gray, 2003), 
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particularly in the extremely toxic forms of methyl- and ethyl-Hg. However, following the 

several cases of poisoning associated to these treatments, the use in this sector has been 

banned. 

 
Fig. 1.1. Mercury concentration profile in log ice core mapping Hg distribution in the last 270 
years (modified from Schuster et al., 2002). 

Since the first industrial period (1870-1915), the increased use of Hg in different human 

activities has multiplied the emission sources to the environment, as documented by the Hg 

accumulation profile in 270-year ice core record (Fig. 1.1) (Schuster et al., 2002). The peak of 

Hg demand (10,000 t yr-1) was registered during the World War II and the 1970s (Hylander and 

Meili, 2003). In the last decades, the industrial use of Hg has however declined due to the 

increased awareness about its toxicity. Thanks to technological development, Hg is then 

substituted in many goods by less toxic elements or different technologies (Hylander and Meili, 

2003), resulting in a global demand reduced to 3000-3800 tons in the year 2005 (UNEP, 2006). 

Present-day major uses for Hg are for artisanal and small-scale Au mining, for VCM and chlor-

alkali production (Pacyna et al., 2010; Pirrone et al., 2010). 

The toxicity of Hg was already recognized in ancient times, mainly as the result of its effects 

on miners. Roman slaves were indeed sent to work in the Spanish mines, where the life 

expectancy was of three years (Parsons and Percival, 2005). In the second century BCE, 

Romans prohibited Hg mining in Italy, aware of the risk associated to this exploitation. 

However, between the 16th century and the middle of 20th, Hg was thought to have curative 

proprieties and was employed as an ointment, in vapor baths, assumed by mouth, and 

especially used as a remedy against syphilis (Parsons and Percival, 2005). Nowadays, Hg is 

known to be a pervasive pollutant, accumulating in organisms, and being highly toxic (US 
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EPA, 1997). Globally, about 1 million tons Hg were extracted from various ore bodies in the 

world (Hylander and Meili, 2003), concurring to the alteration of the global Hg cycle. 

Mercury concentrations in the atmosphere are now 3-5 fold higher than in pre-industrial 

times, while Hg deposition to lands has increased up to 20-fold since the 1840s (Schuster et 

al., 2002; Krabbenhoft et al., 2005), consequently enhancing the exposure of Hg to humans. 

The tragedies of Japan and Iraq between the 1950s and 1970s as a result of methyl-Hg mass 

poisoning, focused the world attention to the risk associated to the use of Hg in human 

activities. Mercury production then started to be regulated at least in industrialized countries 

(Pirrone et al., 2010), and the European Commission adopted a legislation to ban Hg exports 

between the EU countries and to store excess Hg (EU, 2008).  

1.2 Mercury global cycle 

The natural Hg geochemical cycle can be schematically synthesized in three steps, regulated 

by the redox reactions between Hg(0) and Hg(II), and involving: atmospheric transport, 

deposition to lands and oceans, and re-volatilization (Fig. 1.2). The overall lifetime of Hg in 

this complex atmosphere-ocean-land system ranges between 3000 and 10,000 yr (Mason and 

Sheu, 2002; Selin, 2009). Mercury is emitted into the atmosphere from both natural and 

anthropogenic sources (Pirrone et al., 2003; Nacht et al., 2004; Selin, 2009). The first ones 

include the contributions of both primary natural sources, as those related to emissions from 

volcanoes, degassing of areas naturally enriched in Hg (global mercury belts) and geothermal 

vents (Selin, 2009), and secondary natural sources, deriving from re-emission of Hg 

previously deposited on waters, lands and vegetation (Gårfeldt et al., 2002; Selin, 2009), the 

so-called re-cycled Hg (Schroeder and Munthe, 1998). Primary natural sources common 

account for 500 megagrams (Mg) yr-1 Hg (Fig. 1.2) (Mason et al., 2012), although this 

number is highly uncertain (Selin et al., 2008). Volcanic activity represents the 78% of natural 

emitters (Bagnato et al., 2009; Zambardi et al., 2009), highly influencing the global Hg 

budget. Rytuba (2005) reported for instance that following the two historical eruptions of 

Tambora (1815) and Krakatau (1885), Hg deposition to land increased of three times and 

returned to background few years after the eruptions; peaks of Hg concentrations in ice cores 

were moreover observed following these episodes (Fig. 1.1) (Schuster et al., 2002). 

Contributions of Hg from areas naturally enriched in Hg, the so-called mercuriferous belts 

(§1.4), can in addition be elevated (Nacht et al., 2004; Kocman and Horvat, 2011; Llanos et 

al., 2011). Total emission from Almadén, the worlds principal Hg geochemical anomaly, 

represents for example the 0.1% of the modern global anthropogenic emission rate (Ferrara et 
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al., 1998a). Oceans are one of the main pool for Hg, containing approximately 350,000 Mg of 

this element (Selin et al., 2008; Selin, 2009; Mason et al., 2012). The chemical equilibrium 

established between Hg contents in waters and atmosphere controls the main processes 

affecting Hg, i.e. the volatilization from surface oceans and the deposition from atmosphere 

(Mason et al., 1994). As the large majority of aquatic systems contains dissolved Hg at 

concentrations that are supersaturated relative to equilibrium conditions, evasion of Hg0 

occurs by oceans and inland waters (Morel et al., 1998; Schroeder and Munthe, 1998). 

Oceanic evasion is then the principal way of Hg re-cycling (Mason et al., 1994; Pirrone et al., 

2003; Mason, 2009; Pirrone et al., 2010), estimated to 2000-2800 Mg yr-1 (Fig. 1.2) (Mason 

and Sheu, 2002). Terrestrial emissions, including volatilization from soils and vegetation, 

range from 300-2800 Mg yr-1 of Hg global emissions, with an additional contribution of 300-

600 Mg yr-1 from biomass burning (Holmes et al., 2010; Mason et al., 2012) (Fig. 1.2).  

 

 

Fig. 1.2. The global cycle for Hg. Fluxes and inventories are expressed in megagrams (Mg) 
yr-1 and Mg, respectively; anthropogenic enrichment of natural fluxes are reported in red and 
expressed in % (modified from Mason et al., 2012). 

Although termed as natural, the fluxes described above are highly affected by human activity 

(Selin et al., 2009), which altered the biogeochemical Hg cycle releasing to the atmosphere 

the Hg stored in long-term geological sinks. As a consequence natural fluxes of Hg between 

the atmosphere and the oceans/land are highly enhanced with respect to the pre-

industrialization time (Fig. 1.2) (Selin, 2009; Mason et al., 2012), and emissions from 
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“natural” processes are nearly the 70% of the global emission budget (Pirrone et al., 2010). 

Anthropogenic Hg fluxes (1926-2600 Mg yr-1; Cinnirella and Pirrone, 2006; Pacyna et al., 

2006; Holmes et al., 2010; Pirrone et al., 2010; Mason et al., 2012) are mainly related to fossil 

fuel combustion, incineration of waste, cremation, small artisanal gold mining and 

volatilization from landfill (UNEP, 2002). Mercury production from mining is another source 

of Hg to the atmosphere, although its extent is difficult to be quantified. In 2000, nearly 1800 

Mg of Hg were produced in the world, resulting in a Hg emission of 50 Mg (Maxson, 2006).   

Mercury is emitted to the atmosphere as Hg0, although minor emissions of Hg(II) and Hg 

bound to particulate matter may come from anthropogenic sources (Selin, 2009) (Fig. 1.2). In 

soils, Hg0 may be formed by reduction of Hg(II)-species, which predominantly occurs by 

photochemical reduction of Hg(II) (Gustin et al., 2002), although it could be triggered by the 

presence of Fe2+ and fulvic/humic acids acting as reductants (Gabriel and Williamson, 2004). 

Mercury evasion from soils is controlled by soil moisture, incident light and temperature 

(Krabbenhoft et al., 2005). Similarly, photoreduction is also the principal mechanism that 

regulates Hg0 evasion from waters (Morel et al., 1998; Fitzgerald and Lamborg, 2005). In the 

atmosphere, greater than 95% of Hg exists in the elemental state (Fitzgerald and Gill, 1979), 

although particle-bound Hg(II) and some gaseous Hg(II) (“reactive gaseous Hg” or RGM) are 

reported (Banic et al., 2005). RGM, consisting of halides, Hg(OH)2 and other unidentified 

Hg(II) compounds (Schroeder and Munthe, 1998), is highly water-soluble (105 times more 

than Hg0; Lindberg and Stratton, 1998), and this water solubility highly influences RGM 

removal from the atmosphere and its deposition on the biosphere. Hg0 in the atmosphere is 

slowly oxidized to Hg(II) (Morel et al., 1998), mainly at the water-air interface and by action 

of O3, HClO, HSO3
−, OH−, and Br− (Donohue et al., 2006). Gaseous elemental Hg exhibits 

higher volatility, lower reactivity, and hence lower deposition rates than oxidized Hg(II) 

(Banic et al., 2005). Thanks to its long residence time in the atmosphere (ca. 1 yr) (Fizgerald 

and Lamborg, 2004), Hg0 can be regarded as a global pollutant, as it distributes everywhere 

over the planet. The return of Hg to the Earth’s surface occurs mainly by wet and dry 

atmospheric deposition of Hg(II), being general higher to the oceans than to lands (Morel et 

al., 1998). Models elaborated in the last decade generally agree that global deposition to the 

oceans is between 2800 and 5800 Mg yr-1 (Mason and Sheu, 2002; Selin, 2009; Mason et al., 

2012); in 2008, a recent study reported a value of 3700 Mg (Fig. 1.2) (Holmes et al., 2010). 

Atmospheric deposition is the principal source of Hg for the open-seas (Mason et al., 2012), 

although the importance of riverine discharges is questionable. Estimations of riverine Hg 

discharge to the oceans considering 927 rivers worldwide (Sunderland and Mason, 2007) 
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indicate that large amounts of Hg are transported to the estuarine environments (> 2800 Mg 

yr-1), but only a small portion of that is then transferred to the open oceans (~ 380 Mg yr-1) 

(Fig. 1.2). On the contrary, other studies show that Hg transport by rivers is essential to 

explain the seasonal variations registered on Hg fluxes in the Arctic Ocean (Fisher et al., 

2012).  

Newly deposited Hg has been shown to preferentially re-volatilize in a short time, a 

phenomenon known as prompt recycling (Selin, 2008). It is estimated that 5% to 60% of 

deposited Hg is promptly recycled to the atmosphere, the higher values being for waters and 

snows (Hintelmann et al., 2002). In the terrestrial system, >90% Hg resides on soils (Selin, 

2009). Mason and Sheu (2002) calculated that the Hg total burden in the first 15 cm of soil is 

in the order of 106 Mg, increased by approximately 15% by human activity (Selin et al., 

2008). The ultimate sink for Hg occurs in the oceans, where Hg is buried to the deep oceanic 

sediments. This process however occurs at very slow rates, removing from the re-cycle about 

200 Mg Hg each year (Fig. 1.2).  

1.3 Mercury geochemistry  

In natural aquatic environments, Hg occurs in three valence state (0, I, II) and may be present 

in various chemical and physical forms. The reactions establishing between the different 

species determine the mobility and toxicity of Hg, and its potential for methylation. The main 

Hg dissolved species are elemental Hg(0)], complexes of Hg(II) and organic forms, chiefly 

methyl-Hg (CH3Hg+ or MMHg), dimethyl-Hg [(CH3)2Hg] or DMMHg), and some ethyl-Hg 

(Akagi et al., 1975). The chemical and physical properties of these forms regulate the 

geochemical cycle of Hg (Fig. 1.3). Hg(0) generally represents 10% - 30% of the dissolved 

Hg both in oceans and freshwater systems (Kim and Fitzgerald, 1996), and it is produced by 

biotic reduction of Hg(II) by aquatic organisms (Mason et al., 1995), abiotic reduction by 

humic substances (Allard and Arsenie, 1991), and degradation of organic forms (Mason and 

Sullivan, 1998). Most of surface waters are supersaturated in Hg(0), especially in summer 

(Ullrich et al., 2011), resulting in Hg lost from the aquatic compartments for its volatilization 

to the atmosphere (Fig. 1.3). The monovalent oxidation state is of minor importance, as Hg(I) 

exists only as the dimer (Hg2
2+) in acidic environments, disproportionating to Hg(II) and 

Hg(0) in presence of OH−, F− and CN− (Davis et al., 1997). Hg(II) is then the stable species at 

neutral pH (Davis et al., 1997; Ullrich et al., 2001), and it occurs as a complex ion (Morel et 

al., 1998). Among inorganic ligands, Hg is preferentially complexed to hydroxide [Hg(OH)+, 

Hg(OH)2, Hg(OH)3-] or to chloride (HgCl+, HgClOH, HgCl2, HgCl3
−, HgCl4

2−), depending on 
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the chloride concentrations and the pH (Fig. 1.4) (Morel et al., 1998). The species HgCl2 and 

Hg(OH)2 are the most abundant for the range of pH and Eh common encountered in natural 

systems (Fig. 1.4) (Gabriel and Williamson, 2004).  

 

 

Fig. 1.3. The biogeochemical cycle of Hg. Black arrows represent the transformation or 
uptake of Hg, gray arrows the flux of Hg between various compartments, while the width of 
gray arrows is approximately proportional to the importance of each flux in nature (modified 
from Schaefer et al., 2002). 

Organomercurials are present in surface waters due to natural processes, such as biotic 

methylation (§1.3.1), or to human activities. In freshwater systems, MMHg is the most 

ubiquitous organomercury compound, whereas DMMHg is normally not detected (Ullrich et 

al., 2001). Thanks to the kinetic hindering of its decomposition reactions, MMHg has a 

remarkable stability in natural waters (Ullrich et al., 2001), being degraded only by biotic 

pathways and in a lesser extent by photochemically reactions (§1.3.1). In estuarine and marine 

systems, the proportion of MMHg is typically less than 5% of total Hg (Coquery et al., 1997), 

whereas up to 30% of MMHg can be found in fluvial and lake systems (Ullrich et al., 2011), 

increasing much in anoxic water. The methylmercuric hydroxide, CH3HgOH, is the common 

species for MMHg in freshwater systems, while in seawater it is present mainly as CH3HgCl 

(Ullrich et al, 2001). In contrast to freshwater systems, DMMHg dominates in deep oceanic 

waters (Mason and Fitzgerald, 1990, 1991), and little or no DMMHg appears to be present in 

surface waters (Mason and Fitzgerald, 1990, 1991). Unlike MMHg, DMMHg is readily lost 

by evaporation and rapidly decomposes in the environment.  
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Mercury and particularly MMHg establish strong reactions with organic matter found in soils 

and in waters, as humic and fulvic acids (Ravichandran, 2004). In natural systems, Hg 

speciation is then largely dominated by organic rather than inorganic complexes. In 

freshwaters, 90% of Hg is assumed to be complexed by organic matter (Hersterberg et al., 

2001; Ullrich et al., 2001), whose reduced sulfur species (e.g. sulfide and thiols) are good 

binders for Hg (Ravichandran, 2004); most of MMHg (>70%) is however probably associated 

to dissolved organic carbon in lake water (Ullrich et al., 2001). Moreover, much of the 

common inorganic Hg forms in waters, as Cl− and OH− are further complexed with organic 

ligands (Gabriel and Williamson, 2004), showing that >99% of Hg in solution is as HgOH+–

fulvic acid complex (Reddy and  Aiken, 2001). 

Although organic complexation likely dominates in oxic environments, under anoxic 

conditions the chemistry of Hg is mainly controlled by sulfide, and Hg(II) and CH3Hg+ tend 

to form complexes with sulfur (notably sulfide). In waters, as sulfide concentrations increase, 

Hg speciation is dominated by HgS0, followed by HgHS2
−, HgS2

− and finally Hg(HS)2
0 

(Benoit et al., 1999). Sulfide ligands control Hg speciation even at very low total sulfide 

concentrations of 1 nM (Dyrssen and Wedborg, 1991). Methyl-Hg also forms high stable 

complexes with sulfur, mainly in the form of CH3HgS (Ullrich et al., 2001), although the 

chloride complex dominates even at low concentrations (0.1 nM) of H2S and thiols (Dyrssen 

and Wedborg, 1991). In sediments and soils, Hg(II)-sulfides, existing in the form of cinnabar 

(α-HgS) and metacinnabar (β-HgS), are the main insoluble Hg compounds of natural systems 

(Ullrich et al., 2001). Thanks to this low solubility (Kps in the order of 10-53; Morel et al., 

1998), the availability of free Hg in the environment is severely limited (Gray, 2003; Navarro, 

2008), and cinnabar formation in sulfidic waters, soils and sediments represents an important 

detoxification process (Stein et al., 1996). Mercuric oxide (HgO), which is sparingly soluble 

(Kps = 10-4), is however also encountered in contaminated environments (Sakamoto et al., 

1995).  

One of the most important aspect of Hg is its strong tendency to sorb on surfaces, which 

determines the high affinity of Hg, and in lesser extent of MMHg, to suspended particles in 

waters (Krabbenhoft et al., 2005). Then suspended matter plays a fundamental role in 

transporting Hg and MMHg in aquatic systems, being particularly important in coastal 

particulate-rich areas (Coquery et al., 1997). Particulate Hg consists of Hg bound to inorganic 

particles and particulate organic matter (Morel et al., 1998; Ullrich et al., 2001). In terrestrial 

soils, humic and fulvic acids are considered the most important complexing agents (Biester 

and Scholtz, 1997), and in lesser amounts clay minerals, amorphous oxides, oxyhydroxydes 
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of Fe, Al, Mn, amorphous FeS (Gabriel and Williamson, 2004). Among inorganic sorbents, 

FeOOH and MnOOH are the principal phases controlling Hg mobility, followed by clay 

minerals (Schuster, 1991) in the sequence of illite > montmorillonite > kaolinite. Organic Hg 

species show however greater affinity for montmorillonite, less allopane, and finally kaolinite 

(Gabriel and Williamson, 2004). 

 

 

Fig. 1.4. Speciation of Hg as a function of pH and chloride concentrations. Ionic strength 
corrections are neglected. Seawater has a pH of 8.3 and a chloride concentration of 0.55 M. 
The pH-Cl− fields for freshwater and seawater are even reported (modified from Morel et al., 
1998).  

1.3.1 Mercury methylation and demethylation 

The process of methyl-Hg formation (methylation) in sediment and water represents a key 

step of Hg cycle, because it increases the bioavailability and toxicity of Hg and enhances the 

exposure of humans to MMHg. Mercury methylation involves the transfer of a alkyl-anion 

group (CH3
−) from an organic compound to inorganic Hg, while the opposite process, 

degrading MMHg to inorganic Hg, terms demethylation. Once released into the environment, 

all forms of inorganic Hg can be potentially converted into this compound (Gray, 2003) (Fig. 

1.3). Particularly, MMHg is believed to be formed by ionic Hg and divalent compounds, 

although it possibly forms from metallic Hg (Ullrich et al., 2001).   

Methylation occurs both abiotically and biotically or as a mixture of both processes (Ullrich et 

al, 2001). Abiotic methylation may occur in presence of suitable methyl-donor, as humic 

substances (Nagase et al., 1984); furthermore laboratory data have shown that Hg is 

photochemically methylated by the presence of acetate (Akagi et al., 1975). Notwithstanding 
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the importance of abiotic versus biotic methylation is still a matter of debate, it is widely 

accepted that methylation is mainly microbially mediated. Berman and Bartha (1986) report 

that in anoxic sediments MMHg from abiotic methylation is one order of magnitude less than 

that derived by biotic one. Methyl-Hg is synthesized by a wide variety of bacteria and fungi, 

ranging from anaerobes to aerobes (Hamdy and Noyes, 1975; Compeau and Bartha, 1985), 

but the most common methylating agents are the sulfate-reducing bacteria (SRB) (Gilmour et 

al., 1992; Weber, 1993; Schaefer et al., 2002; Benoit et al., 2003; Shao et al., 2012), and in a 

lesser extent iron-reducing bacteria (Kerin et al., 2006; Graham et al., 2012). Peaks of MMHg 

production in estuarine systems have been correlated with the increased activity of SRB 

(Compeau and Bartha, 1985; Meritt and Amirbahman, 2009).  

Methylation occurs mainly in anaerobic conditions, therefore the main sites for methylation 

are wetlands, saturated soils and aquatic sediments (Benoit et al., 2003; Krabbenhoft et al., 

2005). In lake sediments, the most productive zone for MMHg is below the oxic/anoxic 

interface, which can be only few millimeters thick (Krabbenhoft et al., 2005). Methyl-Hg 

production is influenced by the availability of Hg for methylation, the speciation of Hg, and 

the factors regulating the activity of the methylating bacteria (Fitzgerald and Lamborg, 2005). 

For instance, addition of low concentrations of sulfate stimulates MMHg production, as 

sulfates are essential for the SRB methabolism (Fitzgerald and Lamborg, 2005). However, the 

amount of sulfate should be not so high to cause accumulation of sulfide and limiting the 

availability of Hg for methylation (Gilmour and Henry, 1992). An important parameter for 

methylation is the bioavailability of Hg for bacteria, which depends by Hg speciation rather 

than the absolute content of Hg in the media. As microbial uptake of Hg occurs by diffusion 

of Hg species through the cellular membranes, the uptake of Hg neutral species is believed to 

be generally favoured (Morel et al., 1998; Ullrich et al., 2001). HgCl2 and HgS0  are then the 

most suitable species for methylation in oxygenated and anoxic environments, respectively 

(Benoit et al., 1999).  

Similar to methylation, demethylation is mainly microbially mediated (Ullrich et al., 2001), 

and could occur by either oxidative and reductive pathways, and as a result of both 

detoxification mechanisms or metabolic processes (Meritt and Amirbahman, 2009). In 

reductive demethylation, the end product of the process is CH4 and either Hg(II) or Hg(0), and 

demethylation is a detoxification mechanism operated by Hg-resistant bacteria by means of 

the mercury resistance (mer-) operon gene (Oremland et al., 1991; Marvin-DiPasquale et al., 

2000; Schaefer et al., 2002). This process occurs both in aerobic and anaerobic sediments, 

generally in highly contaminated environments, and both in gram-positive and gram-negative 
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bacteria (Meritt and Amirbahman, 2009). In the complete reduction mechanism by mer-

operons, Mer B firstly breaks the bondage of Hg(II)−CH3, forming CH4 and Hg(II), and then 

Mer A reduces Hg(II) to Hg(0) (Marvin-DiPasquale, et al., 2000; Meritt and Amirbahman, 

2009). In anoxic environments, the reduction of Hg(II) to Hg(0) may be the result of 

respiratory processes of bacteria, without involving a mer-operon pathway (Krabbenhoft et 

al., 2005; Meritt and Amirbahman, 2009). Species of the genus Geobacter are able to reduce 

Hg(II) in presence of acetate and Fe(III), which act as electron donors and acceptors, 

respectively (Wiatrowski et al., 2006). In oxidative demethylation, CO2 and Hg(II) are the 

dominant products of the process, which occurs in anaerobic and aerobic freshwater 

sediments (Ullrich et al., 2001; Meritt and Amirbahman, 2009) and is at least partially 

mediated by SRB, methanogenic bacteria and aerobes (Oremland et al., 1991). 

Photodemethylation, that is the only prominent way of abiotic MMHg degradation (Ullrich et 

al., 2001), is largely triggered by the UV light penetrating in the sediment column.  

Once formed in the aquatic web, MMHg is effectively taken up by aquatic biota, and as a 

result of its slowly elimination by the organisms, it increases as the organism get older; even 

small amounts of MMHg in the environment can then result in great accumulation in fish, i.e. 

to bioaccumulation (Burgess, 2005). In aquatic web, MMHg binds to organic matter and, 

thanks to its ability to cross biological membranes, accumulates in phytoplankton and 

bacteria, which are in turn eaten by zooplankton and benthic invertebrates (Burgess, 2005). 

Phytoplankton and invertebrates are then consumed by small fish which are in turn eaten by 

large fish. At each step of the food wed, concentrations of MMHg is higher in the predator 

than in the prey, resulting in biomagnification (Ullrich et al., 2001) (Fig. 1.3). As a 

consequence, the concentrations of MMHg in fish can be 106-107 times those of waters where 

they live (Burgess, 2005). Furthermore, the percentages of MMHg on total Hg generally 

increase going up in the aquatic web, and in large predatory fish, muscle tissue contains more 

than 90% MMHg (Bloom et al., 1992; Downs et al., 1998), while in sediments MMHg rarely 

exceeds few % with respect of total Hg (Ullrich et al., 2001).  

The most common pathway of Hg to humans is through diet, particularly by consumption of 

fish products (Gray, 2003). In humans, more than 94%-95% MMHg is adsorbed in the gastro-

intestinal tract (US EPA, 2001), and thanks to its lipophilic affinity, it concentrates in the 

nervous system (US EPA, 1997). Methyl-Hg main health effect is neurotoxicity (WHO, 1990; 

Gupta et al., 2005), resulting in paresthesia, deafness, dysarthria, ataxia, coma and even death 

(Gupta et al., 2005). The vulnerability to methyl-Hg is especially high in developing fetus as 

MMHg can be transported across placenta and can accumulate in fetal brains (WHO, 1990). 
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Recent studies on this matter have demonstrated that an inverse correlation exists between the 

intelligence of children and the MMHg concentration in their cord blood (Trasande et al., 

2005).  

The toxicology consequence of MMHg exposure to humans were firstly recognized in the 

1950s and 1970s in Japan and Iraq. In Minamata (Japan) local populations were exposed to 

extremely high levels of MMHg by consumption of contaminated fish, discharged to the sea 

by a local manufacturing site (Gupta et al., 2005). This was the first known case of mass 

poisoning by MMHg, which directly caused the death of more than one hundred people and 

affected tens of thousands by cerebral damages (Hylander and Goodsite, 2006). Following 

this tragedy the symptomatology associated with Hg poisoning is named as “Minamata 

disease”. Similar to Japan, in Iraq, the population was exposed to MMHg through ingestion of 

contaminated food (grain seeds) treated with MMHg. 6530 cases of MMHg poisoning among 

people were reported, and of these cases 459 persons died (Gupta et al., 2005). Following 

these tragedies, the employ of MMHg compounds in agriculture was banned, and 

consumption advisories for Hg in fish were set in order to protect humans from indirectly 

exposure to MMHg. The present-day established limits are of 0.3 µg/g (w/w) for the U.S. 

Environmental Protection Agency (US EPA, 2001), while the World Health Organization 

(WHO, 1989) and the U.S. Food and Drug Amnistration (FDA, 1984) have suggested limits 

of 0.5 and 1 µg Hg /g, respectively. 

1.4 Global mercury belts and their environmental impact 

The natural enriched Hg areas concentrate along the three planetary metallogenic belts of 

Circum-Pacific, Mediterranean, and Central Asia (Fig. 1.5) (Baeyens et al., 2003), known as 

the global mercury belts (Fitzgerald and Lamborg, 2005). A peculiar characteristic of these 

Hg deposits is their localization in past or presently developing parts of the lithosphere, as in: 

i) intracontinental rifts (aulacogens) in ancient cratons of the Early and Middle Paleozoic, ii) 

intraplate riftogenesis in orogenic belts, and iii) active continental margins of Mesozoic and 

Cenozoic. These areas correspond to deep lithospheric faults originating in the mantle 

(Borisenko et al., 2005), suggesting that the development of the Hg ore-forming systems may 

be triggered by mantle magmatism phenomena, such as mantle plumes (Baeyens et al., 2003); 

a mantle origin for the ore deposits of China, Russia, Ukraine and Kyrgyzstan has been 

recently demonstrated by the He isotopic composition of the mineralizing fluids at these ores 

(Borisenko et al., 2005). 
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Historically, three-fourths of the Hg global production has come from the following five 

mining regions, and related Hg belts: Almadén (Spain), Idrjia (Slovenia), Mt. Amiata (Italy), 

California Coast Range (USA) and Huancavelica (Peru) (Gray, 2003; Rytuba, 2003). The site 

of Almadén in particular constitutes the largest Hg geochemical anomaly in the world, 

estimated to contain before mining 250,000 tons Hg, equal to one-third of Hg global resources 

(Hernandez et al., 1999; Higueras et al., 2006). The Mediterranean basin concentrates  by 

itself approximately the 65% of Hg world resources (Ferrara et al., 1991). Despite their 

common location, Hg deposits in the Mediterranean are not co-genetic, and each of them 

should be considered as a small isolated Hg belt, formed in different times and geological 

settings (Rytuba, 2003).  

 

Fig. 1.5. The distribution of Hg mineral belts on a global scale. The five most important 
mining regions for Hg production are highlighted (modified from Rutyba, 2003).  

Mercury deposits can be divided in three typologies, depending on their age and association 

with geologic formations: Almadén-type, silica carbonate-type, and hot-spring-type (Rytuba, 

2003, 2005). The Almadén-type deposits are localized in Silurian quartzite, associated with 

mafic submarine vent complexes, as submarine calderas, dikes and sills and oval craters 

(Rytuba, 2003), and are the largest Hg deposits, containing from 10 to 100 million metric tons 



Chapter 1. Introduction 

~ 14 ~ 
 

of ore mineral. The grade of these deposits is extremely rich, ranging between 2.0 and 20 

weight % Hg (Rytuba, 2005). As easily guessed by the name, these deposits are typical of 

Almadén and have been rarely documented outside Spain. The silica carbonate−type Hg 

deposit is spatially associated to serpentinite, and has been altered to mineral assemblage of 

silica and carbonate minerals (Rytuba, 2002, 2005). These deposits are generally small or 

medium in size, with an ore mineral reservoir of 0.1−10 million metric tons, and the ore 

containing 0.2−0.8 weight % Hg (Rytuba, 2002). Main representations of these deposits are 

located in the California Coast Range mercury belt with the famous New Idria and New 

Almadén mines. Hot-spring Hg deposits are closely associated to volcanic centers, and 

eventually meteoric-dominated geothermal systems (Rytuba, 2003). Many of these deposits 

are geologically young, and the common occurrence of Hg-rich thermal fluids leads to still 

active deposition of ore minerals. The Mt. Amiata Hg district can be considered as one of the 

main examples of this typology (Rytuba, 2005).  

Cinnabar is the main ore mineral in all the deposits, with only few exceptions (Rytuba, 2002, 

2003). Elemental Hg can be found in association with cinnabar in Almadén- and silica 

carbonate-type of deposits, while Hg chlorides, sulphates and oxide minerals locate in the 

upper parts of hot-spring deposits, mainly as a product of supergene alteration of cinnabar 

(Rytuba, 2005). Mercury transport in hydrothermal solutions forming Hg deposits occurs 

mainly by sulfide complexes, in particular by Hg(HS)2 and HgS(HS)− (Barnes and Seward, 

1997), which lead to extensive deposition of cinnabar and metacinnabar. Hydrated forms of 

Hg0 are however believed to be potential transporting species when native Hg is found as 

primary mineral (Barnes and Seward, 1997). In addition to the mobility of Hg as an aqueous 

ion, Hg can be transported as dry vapor or as a component in steam. Mobilization of Hg as a 

dry vapour is reported among the volcanic centers, as in the case of Mt. Amiata, Italy 

(Schröcke, 1972), where Hg-rich vapour precipitates cinnabar thanks to the presence of 

bacterial H2S (Morteani et al., 2011).  

In Hg mine sites all over the world, the recovery of Hg from cinnabar is accomplished by 

heating the ore at 650-700 °C (roasting process). Hg0 is then obtained from the dissociation of 

cinnabar by the following reaction: 

HgS(s) + O2(g) = Hg0
(g) + SO2 (g) 

Mercury vapour is then recovered as liquid Hg by cooling the vapour. Beside Hg, a mix of 

liquid Hg and not fully combusted materials (condenser soot) is recovered by the condensers 
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and further processed to extract pure liquid Hg by addition of lime. At the end of the process, 

exhausted ore rocks are termed as waste calcines.  

The release of Hg from mine impacted areas represents a serious risk for biota and humans, 

which may be exposed to high levels of Hg for long time after the operations have ceased 

(Gray et al., 2000; Hines et al., 2000). Abandoned mines are of concern especially for the high 

concentrations of Hg in discarded materials at these sites (Bailey et al., 2002; Gray et al., 

2003, 2006; Navarro, 2008). The concentration of Hg in calcines generally ranges from 10 to 

800 µg/g (Rytuba, 2003), although up to several weight percents Hg have been reported (Gray 

et al., 2004). Moreover, the speciation of Hg in waste calcines is generally made by 

secondary-formed soluble Hg compounds, which represent an importance source of easily 

leachable Hg (Biester et al., 2000; Kim et al., 2004; Stetson et al., 2009; Gray et al., 2010). 

Acid mine drainage (AMD) and physical remobilization of waste piles, tailings, and 

contaminated riverbanks provide indeed large amounts of Hg to local ecosystems (Navarro, 

2008). Volatilization of Hg0 during ore roasting also accounts for remarkable dispersion of 

elemental Hg (Rytuba, 2005). It has been estimated for example that 37,033 tons of Hg were 

emitted into the environment during the operation period of the Idrija mine (Gosar and Teršic, 

2012). Due to its pervasive character, Hg is widely documented in both abiotic and biotic 

compartments surrounding Hg mines, resulting in decades of persistent contamination after 

the end of mining (Gray et al., 2000; Gosar and Teršic, 2012). In streams directly affected by 

mining runoff, Hg can reach hundreds or thousands µg/g in sediments and waters (Gosar et 

al., 1997; Gray et al., 2000, 2004, 2006; Qiu et al., 2006; 2012), and then is readily taken up 

by biota living in those ecosystems (Hines et al., 2000). Dramatically high Hg levels have 

been reported in macroinvertebrates and bacteria (Hines et al., 2000), aquatic snails (Gray et 

al., 2012), and fish (Horvat et al., 2003; Qiu et al., 2009), up to mammalians that feed with 

contaminated food, and which in turn are eaten by humans (Gnamuš et al., 2000). The 

transport of Hg mainly occurs by rivers, both in dissolved and particulate forms, resulting in 

Hg contamination up to coastal areas and marine ecosystems hundreds of kms away from the 

primary source. Covelli et al. (2008) estimate for instance that 900 tons/Hg accumulated in 

the Gulf of Trieste, as a result of the 500-years long runoff by Isonzo River (Idrija mine, 

Slovenia).  

Human exposure to Hg may result from direct and indirect pathways (Rytuba, 2005). Direct 

pathways are mainly represented by inhalation of Hg vapours, which can be elevated as a 

result of volatilization from contaminated calcines and soils (Qiu et al., 2006; Higueras et al., 

2006; Martínez-Coronado et al., 2011), and by accidental ingestion of Hg-rich dusts (Rytuba, 
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2003). Indirect pathways relate however to the ingestion of Hg by consumption of 

contaminated food, such as edible plants, rice and fish (Qiu et al., 2012), and are more 

dangerous as they generally involve methyl-Hg exposure. Due to the strong consumption of 

local contaminated fish, high Hg concentrations have been for instance reported in people 

living near the Palawan mine (Philippines), where 21 residents have been treated for 

Minamata disease (Gray et al., 2003).  

1.5 The Mt. Amiata Hg district 

In Southern Tuscany (Italy), a wide Hg metallogenic province clusters around the volcano-

geothermal area of Mt. Amiata (Fig. 1.6), as a result of the post-collisional events of Northern 

Apennines orogenesis. Mercury deposits are found in strict association to Sb(Au) 

mineralization, testifying their origin from the same metallogenic process (Morteani et al., 

2011). However, Hg deposits are physically separated from Sb(Au) ones (Fig. 1.6) (Klemm 

and Neumann, 1984;), which is common to most Hg mineralization worldwide (Morteani et 

al., 2011).  

 

Fig. 1.6. The metallogenic province of Southern Tuscany (Italy) (modified from Tanelli and 
Lattanzi, 1986). 
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The Hg-Sb(Au) mineralization is a world-class example of epithermal deposits, which 

metallogenesis articulated as a two-step process (Brogi et al., 2011). In Southern Tuscany, 

following Baroni et al. (1994) and Brogi et al. (2011), during a first phase Hg and Sb(Au) 

were mobilized to the shallower levels of the crust, as a result of their leaching from the 

Paleozoic phyllite of the Metamorphic Complex of Tuscany (Elter and Pandeli, 1991) 

occurred during the Late Oligocene−Early Miocene greenshist metamorphism. These authors 

then suggest that during the Pliocene−Pleistocene, these elements were re-mobilized by the 

convective hydrothermal circulation associated to the Mt. Amiata geothermal anomaly, 

forming the modern ores (Tanelli, 1983; Brogi et al., 2011; Morteani et al., 2011). Such 

geothermal anomaly, which is actively exploited for energy production (Bertini et al., 2005), 

is related to the emplacement of a magmatic body at 6-7 km depth beneath the Mt. Amiata 

(Gianelli et al., 1988) during the Early Pliocene (Pasquarè et al., 1983; Marinelli et al., 1993). 

Recent studies suggest that Hg and minor Sb(Au) mobilization and deposition should be 

considered as still going on process in the Mt. Amiata region (Morteani et al., 2011), and the 

mineralization appears to be controlled by deep deformation structures which gave rise to the 

Mt. Amiata volcanic eruptions in the Pleistocene (Brogi and Fabbrini, 2009; Brogi et al., 

2010). Fractionation of Hg and Sb(Au) to the gas and liquid phase respectively, explains the 

physical separation of these elements in the Tuscan deposits (Moreteani et al., 2011) and 

worldwide (Klemm and Neumann, 1984).  

Mining exploitation for Hg started with the Etruscans (8th-1th centuries BC), it was interrupted 

during the Romans (Strappa et al., 1977), and started again in 1849, when the first Hg was 

produced at the Siele mine. In the past millennium, production of Hg from Mt. Amiata 

develops at a larger scale, rapidly becoming one of the most important in the world. In 1948, 

42 mines and 4 smelting plants were operating in the area (Bellander et al., 1998; Ferrara et 

al., 1998b). In the 1970s−1980s, due to the low cost of Hg and its substitution in many 

technological and industrial applications, the Mt. Amiata mines gradually closed. The mining 

center of Abbadia San Salvatore (1897-1982) was one of the largest in Europe and one of the 

most productive. In 1982, the mine definitely ceased its activity with a total production of 

more than 50,000 tons Hg (Bacci, 1998). The Mt. Amiata ore had a Hg content of 0.6-2% and 

was extracted in closed pits up to 400 meters deep (Bellander et al., 1998). The primary 

assemblage in the Mt. Amiata mines is essentially cinnabar, and the rare observations of free 

Hg have been interpreted as a consequence of local phenomena of sublimation (Savoia, 1919). 

Non-economic minerals found in association with cinnabar are marcasite, pyrite, stibnite, and 

rare arsenical sulfides (realgar and orpiment) (Falini, 1960; Zucchetti 1964), whereas typical 
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gangue mineral is calcite, and very rare celestite, gypsum, native sulphur and hydrocarbons 

(Klemm and Neumann, 1984; Morteani et al., 2011). Mercury mobilization and deposition is 

believed to have occurred mainly by uprising aqueous solutions, where Hg was complexated 

with H2S, which is abundant in this area. H2S-rich exhalations (“putizze”; Loppi et al., 1998) 

and high H2S levels in CO2-rich manifestations are indeed well documented around the Mt. 

Amiata volcano (Frondini et al., 2008, 2009; Tassi et al., 2009). H2S is believed to originate 

by bacterial reduction and/or thermochemical reduction of gypsum in the Burano Evaporites 

and or anhydrite levels in the Tuscan Metamorphic Complex (Elter and Pandeli, 1991) 

(Morteani et al., 2011; Tassi et al., 2012). Besides aqueous transport, Hg was additionally 

deposited from dry vapour in Tuscan deposits (Barnes and Seward, 1997), as suggested by the 

still elevated Hg concentrations in present-day geothermal vapours (Falini, 1960).  

Mercury mineralization occurs principally in Tuscan formations and Ligurian-Subligurian 

Units (Abbadia San Salvatore), and secondarily in Pliocenic sandstones, and in the Quaternay 

volcanites of Mt. Amiata (Abbadia San Salvatore) (Tanelli, 1983). Mercury mineralization 

presents as veinlets of cinnabar and impregnations replacing the carbonatic matrix and cement 

of calcarenites, limestones and sandstones of the Ligurian (Subligurian) Unit (Dini, 2003), of 

carbonatic sandstones of Pietraforte and of Pliocene sands (Zucchetti, 1964; Klemm and 

Neumann, 1984). Additionally, botryoidal cinnabar aggregates named “fragole” 

(“strawberries”) are sometimes located in open fractures in sandstones (Dini, 2003). A 

common characteristic of all the ore bodies is their “impounding structure” (Zucchetti, 1964), 

as they generally develop beneath an impermeable formation, as shales, that caused the 

deposition of the mineral from the ascending solutions. For instance, in Fig. 1.7 the section of 

the mineralized body in Abbadia San Salvatore is reported, where the ore body develops in 

marls and marly limestones (“Sopranummulitico”) and massive biocalcarenites 

(“Nummulitico” or “Bancone”) (Subligurian Units), and the roof of the deposits are 

represented by “Argille Verdi” (Argille = Shales) of the Cretaceous Flysh (Ligurid Units), 

which acted as a seal for the ascending mineralizing fluids (Arisi Rota, 1971; Klemm and 

Neumann, 1984).  
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Fig. 1.7. Schematic representation of the Hg deposit of Abbadia San Salvatore collocated E 
of Mt. Amiata. The ore bodies are located in the following formations: “Sopranummulitico” 
marls and marly limestone, “Nummulitico Bancone” massive calcarenite, and in altered 
volcanic rocks. Abbreviations: Cc, Calcare Cavernoso (Norian); Sp, Scisti Policromi 
(Cretaceous); ns, “Sottonummultico” (Paleocene) and “Sopranummulitico” (Eocene); nb, 
“Bancone Nummulitico” (Eocene); ac, Cretaceous Flysh (Ligurian Units); Pli, Pliocene 
sandstones; T, Quaternary volcanic rocks; Hg ore bodies are in red (modified from Klemm 
and Neumann, 1984).  

After 30 years from the end of mining, remediation strategies have been carried on only in 

few mining sites at Mt. Amiata, despite exhausted roasted cinnabar are still disposed near to 

the smelting plants, without providing for their proper disposal. Residues of calcines and 

metallic Hg are widely observable in soils, particularly in the proximity of the roasting plants 

and condensers, where Hg droplets are visible at naked eyes.  

The first information about Hg distribution in the Mt. Amiata region is dated back to 1966, 

when a wide Hg contamination of stream sediments and waters was reported, as a result of the 

still going on mining activity (Dall’Aglio, 1966; Dall’Aglio et al., 1966). After the closure of 

the last mine in 1982, the first comprehensive dataset on Hg diffusion in different 

compartments of Mt. Amiata was compiled, and showed high levels of Hg in air, soil, 

sediments, water and biotic compartment of the Mt. Amiata ecosystem (Ferrara et al., 1991). 

Furthermore, Hg was found to have been taken up in great amount by plants (Bacci et al., 

1994), fungi (Bargagli and Baldi, 1984), and aquatic organisms of local rivers (Bacci et al., 

1978), increasing its bioavailability in this area. Moreover, the elevated Hg levels in the 
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coastal area of the Thyrennian Sea and in associated benthic organisms (Baldi and D’Amato, 

1986; Barghigiani and Ristori, 1995; Barghigiani et al., 1996) were at least partly attributed to 

the intensive and long-lasting mining in the Mt. Amiata.  

Most of the studies made up to now in this region were focused on Hg contamination in the 

atmosphere, that was determined both by monitoring the Hg contents in lichens and green 

plants (Bargagli et al., 1986; 1987) both by direct measurement of Hg in atmosphere (Breder 

and Flucht, 1984; Edner et al., 1993; Ferrara et al., 1998b). The last study on this matter, 

conducted by the use of the LIDAR remote sensing technique, reported that a still high flux of 

Hg0 was emitted from the mining area of Abbadia San Salvatore (66 g h-1; Ferrara et al., 

1998b) after 15 years from the closure of mine, and anomalously high concentrations of 10-20 

ng m−3 Hg were established for this area (Ferrara et al., 1998b). Many of the more recent 

studies were moreover devoted to investigate the importance of Hg emissions from 

geothermal plants located in the Mt. Amiata, which represent an additional source of Hg to 

the atmospheric environment (Bargagli et al., 1997; Loppi, 1998; Bacci et al., 2000). 

Discriminating geothermal from mining contamination represents an important aspect of 

environmental research, as the contributions of these sources may sometimes overlap.  

Despite the importance of this mining district, studies on Hg distribution in geologic matrices 

are scant and relatively old. In particular, many of these works dated back to the last years of 

the mining activity, and need therefore to be updated, in order to delineate the present-day 

contamination levels, and to guide any remediation strategy in this area. Moreover, previous 

studies never measured Hg species such as methyl-Hg, which is however fundamental to 

evaluate the ecosystem effects of mining activity, and to establish its possible bioavailability 

for biota and humans.      

1.6 Aims of the work 

In this work, the distribution and the effects of Hg and related heavy metals in the Mt. Amiata 

region are investigated. As introduced in the previous section, the Mt. Amiata has been one 

the worldwide principal mining site for Hg, hence representing a suitable area in order to 

study Hg geochemistry and its effects to the environment. Specifically, different aspects of Hg 

dispersion by the natural drainage system of the Paglia River are taken into consideration. 

This river is the SE drainage basin of the Mt. Amiata district, collecting waters from different 

mines located at the head of its tributaries (Fig. 1.8), then causing the dispersion of Hg far 

away from the local mine sites. Moreover, as the Paglia River is a tributary of the Tiber River 
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(Fig. 1.8), the principal river course of Central Italy discharging to the Mediterranean Sea, the 

interest of this work is not limited to the local scale but may extend to the regional one. 

In this thesis, the attention is particularly focused on the Abbadia San Salvatore Hg mine, 

which is located almost at the head of the Paglia River, known in the first tract as Pagliola 

Creek (Fig. 1.8). As a consequence of the intensive mining activity, high amounts of calcines 

are presently improperly disposed around the mining and urban areas of Abbadia. Running 

surface waters act then as important carriers of Hg, which is easily and widely transported to 

the Paglia River downstream ecosystem. As the remediation strategy for this mine site is 

planned to begin in a short time, this thesis may furnish useful comparison data for the future 

post-remediation monitoring, and could help to define updated remediation strategies for this 

mine.  

 

 

Fig. 1.8. The Paglia River Basin in the Mt. Amiata district. The main Hg mines belonging to 
this basin are shown. 

The specific aspects and purposes of this thesis can be resumed in four parts: 

 Part I (Chapter 2), representing an extensive survey on Hg and MMHg distribution in 

different environmental matrices belonging to the Paglia River course carried out in 

collaboration with the U.S. Geological Survey (USGS); the main objectives of this 

section are then to characterize the principal source of Hg contamination, i.e. calcines 

and soils of the mining area, and to evaluate the extent of Hg runoff in the environment 

on the targets of contamination, water and sediments of the Paglia River. Levels of 
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MMHg are moreover measured in fish of the Paglia River to highlight Hg 

bioaccumulation in local biota; 

 Part II (Chapter 3), where the annual mass load of Hg transported by the Paglia River 

waters is quantified in collaboration with the Regione Toscana. The principal aims of 

this work are then to localize punctual and diffuse source of contamination in the basin 

and to evaluate the impact of Hg discharged to the Tiber River and possibly to the 

Mediterrenean Sea;  

 Part III (Chapter 4), where the speciation of Hg in different geological materials is 

determined by means of different techniques, ranging from Chemical Sequential 

Extractions to X-Ray Absorption Spectroscopy; as the solubility of Hg compounds is 

extremely variable, ranging from practically insoluble compounds (Hg sulphides) to 

water-soluble species (Hg sulphates and chlorides), this part of the work is fundamental 

to understand the potential bioavailability of Hg in the Paglia River ecosystem; 

 Part IV (Chapter 5), in order to determine the Hg regional background in the area of 

Mt. Amiata, which is a crucial step to discriminate between natural and anthropogenic 

contaminated geological matrices in this perturbed environment. 
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Abstract 

The distribution and translocation of mercury (Hg) are studied in the Paglia River ecosystem, 

located downstream from the inactive Abbadia San Salvatore mine (ASSM). The ASSM is 

part of the Mt. Amiata Hg district, Southern Tuscany, Italy, which was one of the world’s 

largest Hg districts. Concentrations of Hg and methyl-Hg have been determined in mine-

waste calcine (retorted ore), sediment, water, soil, and freshwater fish collected from the 

ASSM and the downstream Paglia River. Concentrations of Hg in calcine samples range from 

25 to 1500 μg/g, all of which exceed the industrial soil contamination level for Hg of 5 μg/g 

used in Italy. Stream and lake sediment samples collected downstream from the ASSM range 

in Hg concentration from 0.26 to 15 μg/g, of which more than 50% exceeds the probable 

effect concentration for Hg of 1.06 μg/g, the concentration above which harmful effects are 

likely to be observed in sediment-dwelling organisms. Stream and lake sediment methyl-Hg 

concentrations show a significant correlation with TOC, indicating considerable methylation 

and potential bioavailability of Hg. Stream water contains Hg as high as 1400 ng/L, but only 

one water sample exceeds the 1000 ng/L drinking water Hg standard used in Italy. 

Concentrations of Hg are elevated in freshwater fish muscle samples and range from 0.16 to 

1.2 µg/g (wet weight), average 0.84 µg/g, and 96% of these exceeds the 0.3 µg/g (methyl-Hg, 
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wet weight) US EPA fish muscle standard recommended to protect human health. Analysis of 

fish muscle for methyl-Hg confirms that >90% of the Hg in these fish is methyl-Hg. Such 

highly elevated Hg concentrations in fish indicate active methylation, significant 

bioavailability, and uptake of Hg by fish in the Paglia River ecosystem. Methyl-Hg is highly 

toxic and the high Hg concentrations in these fish represent a potential pathway of Hg to the 

human food chain. 

2.1 Introduction 

Active and inactive Hg mines represent a significant source of Hg to the environment as a 

result of the disposal of Hg-rich mine-waste calcine (retorted ore) at these sites. Extraction of 

Hg during mining is generally carried out in retort or rotary furnace, where ore is heated to 

600-700 °C, leading to the thermal decomposition of cinnabar (HgS) to elemental mercury 

(Hg0). Condensation of Hg vapor to liquid elemental Hg is the final step in ore processing and 

elemental Hg is the product sold on the international market. Retorting of cinnabar ore is an 

incomplete process, and thus, mine-waste calcines generally contain elevated Hg 

concentrations due to the presence of unconverted cinnabar as well as the formation of 

metacinnabar, Hg0, and other insoluble and soluble Hg salts during retorting (Kim et al., 

2000, 2003; Gray et al., 2010). Runoff from mine-waste calcines produces adverse effects to 

ecosystems located downstream from Hg mines (Gosar et al., 1997; Gray et al., 2002, 2003; 

Higueras et al., 2006). Stream sediment and water downstream from Hg mines are also 

characterized by anomalously high Hg concentrations even decades after the end of Hg 

mining (Gosar et al., 1997; Gray et al., 2000; Hines et al., 2000; Qiu et al., 2005).  

The most significant environmental concern associated with downstream transportation of Hg 

is  potential conversion of inorganic Hg to methyl-Hg (CH3Hg+), the most toxic form of Hg 

(Eisler, 1987). Methyl-Hg is a neurotoxin (WHO, 1976; Clarkson, 1990) and high intake of 

Hg by humans may result in health effects such as deafness, blindness, and even death (NAS, 

1978; Eisler, 1987; US EPA, 1997). In natural environments, methylation of inorganic Hg is 

mainly the result of microbial activity, primarily by the action of sulfate reducing bacteria 

(Compeau and Bartha, 1985), which is particularly enhanced in organic-rich sediment (Hines 

et al., 2000; Ullrich et al., 2001). Despite the generally low organic contents in mine-waste 

calcine, areas mined for Hg have been shown to have active formation of methyl-Hg resulting 

in high concentrations of methyl-Hg in calcine in some instances (e.g., up to 11,100 ng/g, 

Almadén, Spain; (Gray et al., 2004)), thus, representing a potentially significant source of 
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methyl-Hg to ecosystems surrounding Hg mines. Methyl-Hg formation is potentially 

hazardous because it is water soluble, bioavailable, and bioaccumulates in living organisms 

(NAS, 1978; US EPA, 1997), and generally increases in the food chain with increasing 

trophic levels (biomagnification) (NAS, 1978). Consumption of fish containing high 

concentrations of Hg is the dominant exposure pathway of methyl-Hg to humans because 

generally more than 90% of Hg in fish is methyl-Hg (Fitzgerald and Clarkson, 1991; Bloom, 

1992; Mason et al., 2000). In order to limit exposure of methyl-Hg to humans, the US EPA 

established a consumption advisory for methyl-Hg in fish muscle of 0.3 µg/g (wet weight) 

(US EPA, 2009b).  

The Monte Amiata Hg district, Southern Tuscany, Italy, is part of the large circum-

Mediterranean Hg belt, which hosts 65% of the world’s cinnabar deposits (Bargagli et al., 

1986). Monte Amiata was one of the five mining regions (Almadén, Spain; Idrija, Slovenia; 

California Coast Ranges, USA; Monte Amiata, Italy; Huancavelica, Peru) that dominated the 

historical global production of elemental Hg (Ferrara et al., 1999). Several presently inactive 

mines constitute the Monte Amiata district (Fig. 2.1). 

Presently, detailed study of Hg diffusion through abiotic and biotic compartments at Monte 

Amiata district is lacking. Speciation of Hg is unknown in the sediment and water column in 

the Monte Amiata area, and in addition, determinations of Hg in fish have not been made 

since the 1970s (Bacci and Renzoni, 1973). Significant production of Hg from the Monte 

Amiata Hg district and the presence of large deposits of mine-waste calcine containing high 

concentrations of Hg potentially contaminate surrounding streams and rivers located 

downstream from Hg mines. Furthermore, potential conversion of inorganic Hg to methyl-Hg 

leads to increased bioavailability of Hg and potential exposure of Hg to the food chain in this 

area. This study is focused on the largest mine in the Monte Amiata district, the ASSM. The 

objective of this study is to evaluate (1) environmental effects of past Hg mining to the 

ecosystem downstream from the ASSM, (2) the source of Hg to the surrounding environment, 

(3) the distribution and transport of Hg and methyl-Hg in sediment and water runoff from the 

ASSM, and (4) potential exposure of Hg to humans in the area through the measurement Hg 

and methyl-Hg concentrations in freshwater fish. Samples of calcine, soil, stream sediment, 

stream and lake water, and fish have been analyzed for both Hg and methyl-Hg in this study. 
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Fig. 2.1a,b. Location of sediment, water, mine-waste calcine, and soil samples collected in 
this study.  
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2.2 Study Area 

The area of study is the ASSM of the Monte Amiata Hg district, Italy (Fig. 2.1). Similar to 

most Hg deposits worldwide, cinnabar is the dominant ore mineral at the ASSM, but minor 

pyrite, and rare stibnite, marcasite, and arsenic-bearing sulphides have also been reported 

(Falini, 1960; Morteani et al., 2011). Typical gangue is microcrystalline calcite and quartz, 

and rare celestite, gypsum, native sulphur, and hydrocarbons (Klemm and Neumann, 1984). 

The Monte Amiata district deposits were originally worked by the Etruscans (about 800 BC), 

but these mines were later closed by the Romans (Barghigiani and Ristori, 1994; Ferrara et 

al., 1991). Deposits in the area were rediscovered in 1868 (Barghigiani and Ristori, 1994) and 

mines were thereafter reopened. About 102,000 t of Hg (3 million flasks of Hg of 34.5 kg 

each) were produced from the 1860s to 1980 (Ferrara et al., 1998), ranking it as the 4th largest 

Hg producing district worldwide. Samples for this study were collected in and around the 

town of Abbadia San Salvatore (42o 53’ N, 11o 40’ E) (Fig. 2.1), where the retort for the 

majority of the mines of the Monte Amiata district is located. Precipitation averages about 85 

cm per year at Abbadia San Salvatore and temperatures during field work varied from about 

19-27 oC. During sample collection from September 2-8, 2010, weather was generally dry, 

and sunny to partly cloudy.  Streams sampled in the area are generally perennial. 

2.3 Methods 

2.3.1 Sample collection and preparation 

Samples of mine-waste calcine (n = 15) were collected from waste piles of the ASSM, which 

are located adjacent to the town of Abbadia San Salvatore (Fig. 2.1, Table 2.1). Calcine was 

collected as grab samples about 50 cm below the surface to avoid the highly-oxidized near-

surface environment. Calcine samples were collected at this depth in the mine waste piles to 

access moist, potentially anoxic areas with generally more active anaerobic methylating 

bacteria, and therefore, the highest possibility of Hg methylation. Soil samples were collected 

from near the ASSM retort emission stack (n = 4) and from other sites (n = 6) located more 

distal from the retort area east and north of ASSM (Fig. 2.1, Table 2.1). Soil was collected 

from a 2-5 cm depth from the A-horizon following the removal of the forest floor O-horizon 

leaves and tree litter. Sediment (n = 17) and various water samples (n = 20) were collected 

from sites in and around the ASSM and from regional baseline sites (Fig. 2.1, Table 2.2). 

Stream and lake sediment was collected from surface-layer, bed-load alluvium, and 

composited from several localities at each site. There were 15 stream sediment samples 
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collected in this study, but only 2 lake sediment samples. The lake sediment samples were 

collected from two small lakes, which are located along Acqua Gialla Creek (Fig. 2.1b). 

These lakes are open systems where sediment and water flows in and through these lakes and 

eventually exits at the downstream point of discharge. All calcine, soil, and stream and lake 

sediment samples for Hg and methyl-Hg analysis were stored in amber glass vessels with 

Teflon-lined lids and were frozen until analysis. Solid samples for additional geochemical 

analysis were air dried, sieved to minus-80-mesh (0.18 mm), and pulverized. 

Unfiltered water samples were collected from the same sites as stream and lake sediment 

samples, with the exception of one stream drainage (10MTA17) where there was no water, 

and four additional sites where only water was collected from mine adits and a drainage 

tunnel (10MTA03, 04, 05, and 09; Table 2.2). These unfiltered water samples were collected 

primarily to evaluate the variation of Hg and methyl-Hg concentrations in water downstream 

from the ASSM and throughout the region. Water samples for Hg and methyl-Hg analysis 

were collected in Teflon bottles pre-cleaned by boiling in concentrated HNO3 for 48 hours. 

Within eight hours of collection, the water samples were acidified with ultra-pure HCl using a 

final acid concentration of 0.5% v/v. 

Freshwater fish were collected from the Paglia River and Pagliola Creek (Fig. 2.1) and from a 

small lake located next to the mine area (Laghetto Verde) using dip nets or rod and reel 

angling techniques. Fish were chilled in a cooler during the day and frozen within four hours 

of collection. Species of fish collected included barbel (Barbus plebejus), chub (Leiciscus 

cephalus), roach (Chondrostoma genei), and carp (Cyprinus carpio). A total of 86 fish were 

caught and analyzed for Hg in this study. Seventy of the fish were later thawed and dissected 

with a stainless steel knife to obtain muscle samples (fillet) for analysis. From Pagliola Creek 

(site 10MTA11, Fig. 2.1) there were 59 fish collected, 52 roach and 7 barbel, from which 

muscle was removed and analyzed for Hg; an additional 5 barbel and 2 roach were collected 

from this site that were analyzed as whole fish. From the site on the Paglia River (near site 

10MTA13, Fig. 2.1) 9 fish were collected, 6 chub, 2 barbel, and 1 roach, which were 

dissected and muscle was collected for analysis; an additional 9 fish were collected from this 

site, 7 roach and 2 barbel, and analyzed as whole fish. There was one carp collected from 

Laghetto Verde, from which muscle was removed and analyzed. Fish collected were small, 

ranging from 8-19 cm in fork length and weighing between 7-90 g, with the exception of the 

carp collected from Laghetto Verde that was 25 cm in length, weighing 320 g. All fish 

samples were freeze dried, pulverized, and then analyzed dry. Fish were weighed prior to 

freezing and then again after freeze drying to obtain wet weight conversions.  
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Calcine 

Sample Location Hg Methyl-Hg TOC 
    (μg/g) (ng/g) (%) 

10 MTA 21ca Abbadia San Salvatore mine 130 11 2.9 

10 MTA 22ca Abbadia San Salvatore mine 120 26 3.7 

10 MTA 23ca Abbadia San Salvatore mine 48 4.5 1.1 

10 MTA 24ca Abbadia San Salvatore mine 76 6.8 2.3 

10 MTA 25ca Abbadia San Salvatore mine 25 0.34 0.23 

10 MTA 26ca Abbadia San Salvatore mine 74 1.7 0.55 

10 MTA 27ca Abbadia San Salvatore mine 110 1.1 n.d. 

10 MTA 28ca Abbadia San Salvatore mine 32 0.39 0.11 

10 MTA 29ca Abbadia San Salvatore mine 1200 11 0.16 

10 MTA 30ca Abbadia San Salvatore mine 1500 8.8 0.44 

10 MTA 31ca Abbadia San Salvatore mine 110 0.60 0.030 

10 MTA 32ca Abbadia San Salvatore mine 130 2.3 0.35 

10 MTA 33ca Abbadia San Salvatore mine 380 11 0.20 

10 MTA 34ca Abbadia San Salvatore mine 250 3.6 0.27 

10 MTA 35ca Abbadia San Salvatore mine 140 0.86 0.10 

Soil 

  Mining area       

10 MTA 40sl Abbadia San Salvatore mine 400 29 7.5 

10 MTA 41sl Abbadia San Salvatore mine 280 44 8.1 

10 MTA 42sl Abbadia San Salvatore mine 150 45 14 

10 MTA 43sl Abbadia San Salvatore mine 170 7.9 7.0 

 Baseline areas   

10 MTA 36sl north Abbadia San Salvatore 2.4 18 6.5 

10 MTA 37sl north Abbadia San Salvatore 14 29 9.1 

10 MTA 38sl north Abbadia San Salvatore 0.64 0.95 2.2 

10 MTA 39sl east Abbadia San Salvatore 1.0 1.5 2.5 

10 MTA 44sl east Abbadia San Salvatore 2.7 1.4 4.8 

10 MTA 45sl east Abbadia San Salvatore 1.9 1.2 4.8 

 
Table 2.1. Geochemical data for calcine and soil collected in the Monte Amiata area. 

2.3.2 Chemical analysis 

Mine Waste Calcine, Stream Sediment, and Soil 

The concentration of Hg was determined in the calcine, soil, and sediment samples using an 

aqua-regia digestion following EPA method 1631 (Bloom and Fitzgerald, 1988). The Hg ions 

in the digestate were reduced by acidic SnCl2 to Hg0 and purged from the sample with argon. 

The released Hg was measured by cold vapor atomic absorption (using a Leeman Hydra AF 

instrument, Leeman Labs Inc., Hudson, New Hampshire). Methyl-Hg analysis followed EPA 
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method 1630 using cold-vapor atomic fluorescence spectrometry (CVAFS) (Bloom, 1989). 

During methyl-Hg analysis, sediment and mine-waste samples were extracted into methylene 

chloride during digestion to avoid possible methylation artifact effects (Bloom et al., 1997). 

An ethylating agent was then added to the extract to form a volatile methyl-ethylmercury 

derivative, and then purged onto graphitized carbon traps as a means of preconcentration and 

interference removal. The samples were then isothermally chromatographed, pyrolitically 

broken down to Hg0 and detected using CVAFS (using a Tekran Model 2500, Tekran 

Instruments, Toronto, Canada). All Hg and methyl-Hg determinations were performed by 

Battelle Marine Science Laboratory, Sequim, Washington. Quality control for Hg and methyl-

Hg analysis was established using blank spikes, matrix spikes, standard reference materials 

(SRM’s), and/or sample replicates. Blank and matrix spikes were run as 1 per every 10 

samples, replicates and SRM’s were run as 1 per every 20 samples, and 3 method blanks were 

run every 20 samples. Recoveries for Hg on blank spikes were 99-100% and were 75-125% 

on matrix spikes. There were no blank spikes for methyl-Hg. Recoveries for methyl-Hg 

matrix spikes varied from 74-101%. The relative percent difference in sample replicates was 

≤17% for Hg and was ≤20% for methyl-Hg. Replicates used were separate laboratory aliquots 

of individual samples (field samples). For the SRM, IAEA-405 analyzed in this study, 

recoveries ranged from 94-98% and 74-95% of the certified values for Hg and methyl-Hg, 

respectively. Method blanks contained Hg and methyl-Hg below the lower limit of 

determination, which was 0.01µg/g for Hg and 0.04 ng/g for methyl-Hg. 

The mine-waste calcine, soil, and sediment samples were also analyzed for total organic 

carbon (TOC) because the process of Hg-methylation depends on organic matter. 

Determination of TOC was by subtracting carbonate C from total C concentrations. Total C 

was determined using an automated C-analyzer with an infrared detector that measures CO2 

gas liberated as the sample is combusted at 1370o C. Carbonate C was determined by 

liberating CO2 following treatment with 2 N HClO4; this CO2 was collected in a solution of 

monoethanolamine that is then coulometrically titrated using platinum and silver/potassium-

iodide electrodes. The relative percent difference in stream sediment, soil, and calcine sample 

replicates was ≤15% for TOC and the lower limit of determination was 0.05%. 

Determinations for total C and carbonate C in all mine-waste calcine and stream sediment 

samples were performed at SGS Laboratory, Toronto, under a contract with the U.S. 

Geological Survey. 
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Table 2.2. Geochemical data for sediment and water collected in the Monte Amiata area. 

 

 

Stream/Lake Sediment
 

Stream/lake Water
 

Sample Location  Hg Methyl-Hg TOC Hg Methyl-Hg 

    (μg/g) (ng/g) (%) (ng/L) (ng/L) 

Upstream from mine 

10 MTA 01 Pagliola Creek 0.27 1.2 0.62 3.2 0.29 

10 MTA 02  Castellare Creek 0.10 0.041 0.44 4.3 0.33 

Mine adits 

10 MTA 03 Colombo Spring 1.3 1.5 2.1 130 1.7 

10 MTA 06 Acqua Gialla Creek 1.8 0.94 0.79 390 0.39 

10 MTA 09 Galleria Italia n.a n.a n.a 170 0.15 

          Spring water 

10 MTA 04 Acquapassante Spring n.a n.a n.a 2.6 <0.02 
 
 

Drinking water 

10 MTA 05 Galleria XXII n.a n.a n.a 2.8 <0.02 

Downstream from mine 

10 MTA 10  Pagliola Creek 10 6.4 2.1 450 1.3 

10 MTA 11  Pagliola Creek 13 5.8 0.50 1400 3.0 

10 MTA 12  Paglia River 14 5.2 1.0 450 1.2 

10 MTA 13 Paglia River 0.79 0.20 0.23 140 1.0 

10 MTA 14 Paglia River 0.35 0.36 0.27 21 0.26 

10 MTA 15 Minestrone Creek 0.26 0.22 0.24 3.7 0.15 

10 MTA 16  Paglia River 0.42 0.25 0.29 11 0.14 

10 MTA 20 Paglia River 10 0.69 0.25 3.8 0.10 

Lakes 

10 MTA 07 Laghetto Verde 15 8.7 2.4 55 0.67 

10 MTA08 La Gora 11 4.7 1.0 290 0.77 

Regional Baselines 

10 MTA 17 Formone Creek 0.023 0.068 0.42 n.a n.a 

10 MTA 18 Formone River 0.057 3.0 0.55 1.9 0.19 

10 MTA 19 Rigo Creek 0.034 0.089 0.24 1.5 0.045 
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Water 

Concentrations of Hg were determined in the water samples using cold-vapor atomic 

fluorescence spectrometry (CVAFS) following EPA method 1631e (US EPA, 2002). The 

water samples were digested for Hg by subjecting them to BrCl oxidation for a minimum of 

24 hrs. Mercuric ions in the oxidized sample were reduced to Hg0 with SnCl2, and then 

purged onto gold-coated sand traps as a means of preconcentration and interference removal. 

Mercury vapor was thermally desorbed to a second analytical gold trap and then sent to a 

fluorescence cell and analyzed by CVAFS (Bloom, 1989). For methyl-Hg analysis, the water 

samples were processed following a distillation and ethylating method (Horvat et al., 1993). 

An ethylating agent was added to each sample to form a volatile methyl-ethylmercury 

derivative, and then purged onto graphite carbon traps as a means of preconcentration and 

interference removal. The sample was then isothermally chromatographed, pyrolitically 

broken down to Hg0, and detected using a CVAFS detector (Bloom, 1989). Sample results 

were corrected for distillation efficiency. All Hg and methyl-Hg determinations in water were 

made using a Tekran Model 2500. Recoveries for Hg on blank spikes were 99-103% and for 

methyl-Hg were 94-105%. Recoveries for Hg on matrix spikes were 98-102% and for methyl-

Hg were 75-102%. The relative percent difference in water sample replicates varied from 3-

11% for Hg and 2-26% for methyl-Hg. The SRM, NIST 1641d was analyzed with the 

samples and Hg recovery was 97-101% of the certified value. Although no SRM for methyl-

Hg is available for water, the SRM tissue sample DORM-3 was analyzed along with the water 

samples to evaluate method accuracy and methyl-Hg recovery was 93-100% of the certified 

value. Method blanks were below the lower limit of determination of 0.1 ng/L for Hg and 

0.02 ng/L for methyl-Hg in water samples.  

2.4 Results and discussion 

Comparative standards for Hg (Table 2.3) are used throughout the text for comparison to 

solid, water, and fish samples collected in this study. The probable effect concentration (PEC) 

for Hg of 1.06 μg/g in sediment is the concentration above which harmful effects are likely to 

be observed in sediment dwelling organisms (MacDonald et al., 2000). A similar Hg 

concentration of 1.0 μg/g has been established as the limit in Italy for public and residential 

use of soil (commonly referred to as the “green limit”). For industrial use of soil, Italy has 

established a Hg limit of 5.0 μg/g (IME, 2006), while no national standards have been set for 

methyl-Hg. The recommended US EPA Soil Screening Levels (SSL) for inorganic Hg are 310 
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μg/g in industrial soil and 23 μg/g for residential soil (US EPA, 2008). Limits recommended 

by the US EPA for methyl-Hg in industrial and residential soil are 100 and 7.8 μg/g, 

respectively. Comparative standards are also shown for water and fish (Table 2.3). 

Location Unfiltered water Sediment, calcine, or 
soil 

Fish 
(muscle) 

References

 Hg Methyl-Hg Hg Methyl-Hg Hg  

  (ng/L) (ng/L) (µg/g) (ng/g) (µg/g, wet 
weight) 

  

Monte Amiata, Italy      1 
Downstream from mines 3.8-1400 0.14-3.0 0.26-14 0.20-8.7 0.16-1.2  
Mine-waste calcine -- -- 25-1500 0.34-26 --  
Soil -- -- 0.64-400 0.95-45 --  
Lakes 55-290 0.66-0.77 11-15 4.7-8.7 0.49  

Almadén Hg district, 
Spain 

     2, 3, 4, 5 

Downstream from mines 7.6-13,000 0.41-30 3.0-2,300 0.32-82 0.72-1.9  
Mine-waste calcine -- -- 160-34,000 < 0.2-3,100 --  
Soil -- -- 6-8,889 -- --  
Mine-pit lake 2200-2800 0.040-0.065 935 3 --  

Idrija Hg mine, Slovenia      6, 7, 8 
Downstream from mines 6.0-322 0.01-0.6 0.77-1347 0.01-11 1.1-1.8  
Mine-waste calcine -- -- 10-727 6.5-14 --  

Hg mines, California 
USA 

     9, 10, 11 

Downstream from mines 1,400-
19,000 

0.96-4.5 0.4-220 1.1-150 0.1-2.1  

Mine-waste calcine 2-450,000 <0.003-47 10-1500 -- --  

Hg mines, southwest 
Alaska, USA  

     12, 13 

Downstream from mines 1.0-2500 0.01-1.2 0.90-5500 0.05-31 0.03-0.62  
Mine-waste calcine and 
soil 

-- -- 3.5-46,000 0.2-41 --  

Hg mines, Nevada, USA      14 
Downstream from mines 6.0-2000 0.039-0.92 0.17-170 0.12-0.95 --  
Mine-waste calcine -- -- 14-14,000 <0.05-96 --  

Palawan Hg mine, 
Philippines 

     15 

Downstream from mines 170-330 <0.02-0.33 3.7-15 0.28-3.9 0.03-1.1*  
Mine-waste calcine 18,000-

31,000 
<0.02-1.4 28-660 0.13-3.2 --  

Mine-pit lake 120-940 1.7-3.1 6.9-400 2.0-21 --  

Wanshan Hg mine, 
China 

     16, 17 

Downstream from mines 15-9300 0.31-22 90-930 3.0-20 0.061-0.68       
Mine-waste calcines -- -- 5.7-400 0.17-1.1 --  
Soil -- -- 5.1-790 0.13-15 --   

 
Table 2.3−continued on next page 
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Table 2.3−continued 

  Comparative baselines distal from mines 

Lake Baikal, Russia 0.14-2.02 0.002-0.161 0.005-0.072 -- -- 18 
Lake San Antonio, Calif., USA 0.6-1.8 -- -- -- -- 19 
Baselines streams, SW Alaska, USA 0.1-1.4 0.04-0.2 0.02-0.78 0.1-0.3 -- 12 
Uncontaminated streams, Canada -- -- 0.01-0.7 -- -- 20 
Streams and lakes, Antarctica 0.27-1.9 0.02-0.33 -- -- -- 21 

 Comparative standards 

Probable effect concentration, sediment -- -- 1.06 -- -- 22 
US EPA, residential soil screening level -- -- 23 7.8 -- 23 
US EPA, industrial soil screening level -- -- 310 100 -- 23 
Italian industrial soil limit -- -- 5.0 -- -- 24 
Italian residential soil limit -- -- 1.0 -- -- 24 
Italian drinking water standard 1,000 -- -- -- -- 24 
International drinking water standard 6,000 -- -- -- -- 25 
US EPA drinking water standard 2,000 -- -- -- -- 26 
US EPA, acute aquatic life water 
standard 

2,400 -- -- -- -- 26 

US EPA, chronic aquatic life water 
standard 

770 -- -- -- -- 26 

US EPA, methyl-Hg standard fish 
muscle 

-- -- -- -- 0.3 26 

* marine fish            

Table 2.3. Comparative Hg and methyl-Hg data for Hg mines, baselines, and standards 
worldwide. References are: 1 This study, 2 (Gray et al., 2004), 3 (Berzas Nevado et al., 2003), 
4 (Higueras et al., 2003), 5 (Higueras et al., 2006), 6 (Hines et al., 2000), 7 (Gosar et al., 
1997), 8 (Horvat et al., 2004), 9 (Rytuba, 2000), 10 (Rytuba, 2003), 11 (Davis et al., 2008), 
12 (Gray et al., 2000), 13 (Bailey et al., 2002), 14 (Gray et al., 2002), 15 (Gray et al., 2003), 
16 (Qiu et al., 2005), 17 (Qiu et al., 2009), 18 (Leermakers et al., 1996), 19 (Gill and 
Bruland, 1990), 20 (Painter et al., 1994), 21 (Lyons et al., 1999), 22 (MacDonald et al., 
2000), 23 (US EPA, 2008), 24 (IME, 2006), 25 (WHO, 2005), and 26 (US EPA, 2009b). 

2.4.1 Calcine 

Concentrations of Hg in mine waste calcine samples collected in the Monte Amiata district 

range from 25 to 1500 μg/g, whereas methyl-Hg vary from 0.34 to 26 ng/g (Table 2.1). All 

concentrations of Hg found in ASSM calcine exceed the PEC for Hg (MacDonald et al., 

2000), but the PEC is established for sediment and is not directly applicable to mine waste 

calcine, thus, the industrial SSL is a more appropriate point of comparison for calcine. Only 

three ASSM calcine samples exceed the US EPA industrial Hg SSL of 310 μg/g (US EPA, 

2008) (Table 2.1; Fig. 2.2), whereas all ASSM calcine samples exceed the much lower 

industrial SSL for Hg of 5 μg/g used in Italy (IME, 2006) (Fig. 2.2). More important than the 

concentration of Hg is the concentration of methyl-Hg, which is highly toxic to all organisms 

(Eisler, 1987; US EPA, 1997). All concentrations of methyl-Hg in the ASSM calcine samples 
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are lower than the US EPA methyl-Hg industrial SSL of 100 μg/g (US EPA, 2008) (Table 

2.3). 

Concentrations of Hg in the ASSM calcine samples are elevated compared to sediment 

collected from local baseline sites in this study and worldwide Hg baselines (Table 2.3; Fig. 

2.2). Elevated Hg concentrations in mine-waste calcine worldwide are generally a result of the 

incomplete process of Hg ore retorting, thus, minor unconverted cinnabar is present in 

calcine.   

              
 Fig. 2.2. Concentrations of methyl-Hg versus Hg in calcine, sediment, and soil samples 
collected in the Monte Amiata area. The limit in Italy for industrial soil, the US EPA 
screening level for industrial soil, and the Probable Effect Concentration (PEC) are shown 
for reference. Local baseline data are also shown for reference (Table 2.1).  

In addition, Hg0 and other insoluble and soluble Hg compounds, formed during ore retorting, 

are also found in calcine (Kim et al., 2000, 2003; Esbrí et al., 2010; Gray et al., 2010). 

Concentrations of Hg and methyl-Hg in calcine from the ASSM are similar to those reported 

in calcine collected from other Hg mines worldwide (Table 2.3). Much higher concentrations 

of Hg have been reported for the Hg districts of Almadén, Spain, and Alaska and Nevada in 

the USA (Table 2.3). Furthermore, the ASSM calcine samples contain lower methyl-Hg 

concentrations than calcine at Almadén, and Hg mines in California and Nevada, USA (Table 

2.3). Methylation of Hg is generally enhanced in anaerobic, organic-rich environments 

(Compeau and Bartha, 1985; Ullrich et al., 2001). In the Monte Amiata area, calcines are low 
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in TOC and such low organic matter contents likely limit the ability of bacteria to methylate 

Hg. 

2.4.2 Stream and lake sediment 

Sediment samples were collected from the Paglia River and its tributaries and from lakes 

located along the Paglia River (Fig. 2.1) to evaluate Hg contamination and Hg methylation as 

result of past Hg mining and ore retorting. Local baselines were established by sampling sites 

distal from Hg mines in the region, although collection of uncontaminated baseline samples 

was difficult in this area as there are many Hg mines and potentially undiscovered Hg 

deposits (e.g., the region has high “geogenic” Hg). Stream sediment samples collected 

downstream from the ASSM range in Hg concentration from 0.26 to 14 μg/g (Table 2.2). The 

two lake sediment samples contain among the highest concentrations of Hg for sediment in 

this study (11 and 15 μg/g; Table 2.2), but similar Hg concentrations (10 to 14 μg/g, 

10MTA10-12; Table 2.2) are found for Paglia River sediment samples collected from sites 3 

to 5.5 km downstream from the ASSM (Fig. 2.3). The two lake sediment samples contain 

highly elevated Hg compared to the sediment sample collected upstream (10MTA06, 1.8 

μg/g, Table 2.2), but the lakes are located downstream, and receive runoff, from calcine piles 

containing high Hg concentrations, whereas site 10MTA06 is upstream from these calcines 

(Fig. 2.1b). In addition, sediment collected at a site 20 km downstream from the ASSM 

contains a Hg concentration of 10 μg/g, but this site clearly receives sediment runoff from 

additional Hg mines of the Monte Amiata district located at the headwaters of other tributaries 

of the Paglia River (Fig. 2.1). Sediment collected upstream from the ASSM and from regional 

baseline sites contains significantly lower Hg concentrations (0.023-0.27 μg/g), but is 

generally higher than the range of concentrations of Hg of 0.0123 to 0.056 μg/g reported for 

upper continental crust (Rudnick and Gao, 2003). Not all samples collected upstream from the 

ASSM are uncontaminated with respect to Hg, for example, mineralized rocks are observed in 

bed load sediment at site 10MTA01 and this sample contains a Hg concentration of 0.27 μg/g, 

which is higher than the baseline sites (Table 2.2; Fig. 2.3). This site likely receives runoff 

from undiscovered Hg-bearing mineralized rock, which is to be expected in an area with 

abundant mines and Hg-rich mineral deposits. Higher baseline concentrations of Hg are 

common in areas of past Hg mining worldwide as there are many Hg deposits, rocks, and 

minerals in these areas that contain elevated Hg (Berzas Nevado et al., 2003; Gray et al., 

2004).  
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Fig. 2.3. Concentration of methyl-Hg and Hg in sediment versus distance from the ASSM. The 
Probable Effect concentration (PEC) is shown for reference (MacDonald et al., 2000). 
Positive distances shown are downstream from the ASSM, negative distances are upstream 
from the ASSM. 

High concentrations of Hg found in stream sediment samples collected downstream from the 

ASSM are mainly the result of runoff from deposits of ASSM calcines, which were discarded 

on site and continue to erode into local streams. Although minor calcine is observed in 

streams proximal to the ASSM, Hg concentrations in stream sediment samples are generally 

lower than those found in ASSM calcine (Tables 2.1 and 2.2; Fig. 2.2). Concentrations of Hg 

in sediment samples collected from the Paglia River remain high and relatively constant for 

about 6 km (Fig. 2.3), followed by a sharp decrease, and an increase at site 10MTA20 about 

20 km downstream from the ASSM (as previously noted, site 10MTA20 receives runoff from 

other Hg mines of the Monte Amiata district). The sharp decrease in the sediment Hg 

concentration at about 6 km downstream (0.79 µg/g, 10MTA13) is a result of increased 

dilution as several tributaries flow into the Paglia River from the east and north upstream 

from this site and the river at this site is larger with higher discharge than the sites upstream. 

Concentrations of Hg in stream sediment samples collected in this study are similar to, but 

generally lower than, those reported in streams and rivers near other Hg districts worldwide 

(Table 2.3). More than 50% of stream and lake sediment samples collected downstream from 

the ASSM (Fig. 2.2) exceeds the PEC for Hg of 1.06 µg/g (MacDonald et al., 2000).  

Stream and lake sediment samples collected downstream from the ASSM contain methyl-Hg 

concentrations that range from 0.20 to 8.7 ng/g (Table 2.2). Concentrations of methyl-Hg in 

sediment show a similar trend to that in Hg (Fig. 2.3). Concentrations of methyl-Hg in 

sediment show a significant correlation with TOC (r2 =0.52, p= 0.001; Fig. 2.4), a finding 
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which has been observed in other studies (Olson and Cooper, 1976; Gray and Hines, 2009). 

Data for stream sediment samples also indicate a strong correlation between concentrations of 

Hg and methyl-Hg (r2 = 0.73, p << 0.01, Fig. 2.5). These correlations indicate significant 

methylation of Hg and potential bioavailability of Hg in sediment of the Paglia River 

downstream from the ASSM, especially at sites with higher TOC. 

 

Fig. 2 4. Concentration of methyl-Hg versus TOC for sediment and soil samples. 

                                     

Fig. 2.5. Concentration of methyl-Hg versus Hg in sediment samples.       

2.4.3 Soil 

Soil was sampled inside the abandoned ASSM next to retort stacks in order to evaluate the 
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collected from sites located more distal from the mine north and south of the town (Fig. 2.1), 

where there has not been any retorting activity. Concentrations of Hg in soil range from 0.64 

to 400 μg/g (Table 2.1) and are highly elevated in samples collected proximal to the retort 

stack (150 to 400 μg/g). High concentrations of Hg in soil around other Hg mines worldwide 

are common (Table 2.3). For example, Hg concentrations were found to be as high as 8,889 

μg/g in soil near the Almadén retort, Spain and were as high as 790 μg/g in soil in the 

Wanshan district, China (Table 2.3). Soil collected near the abandoned ASSM retort are 

enriched in Hg by several orders of magnitude when compared to the 0.01 to 0.50 μg/g range 

of Hg concentration reported for uncontaminated soil worldwide (Senesi et al., 1999). In 

addition, concentrations of Hg in soil collected north and east of the ASSM decrease 

consistently with increasing distance from the retort, decreasing from 14 to 0.64 μg/g at 

distances of 1 to 3 km. Such high Hg concentrations in soil are the result of local Hg 

deposition from emission of Hg via retort stacks during cinnabar ore retorting. Previous 

research has estimated that more than 10,000 t of Hg0 escaped during the century-long activity 

at the ASSM (Ferrara et al., 1998). 

Soil samples collected distal from the ASSM contain Hg concentrations less than the US EPA 

residential and industrial SSL’s (US EPA, 2008) (Table 2.3). Conversely, concentrations of 

Hg in all soil samples collected proximal to the ASSM retort stack exceed the 23 µg/g US 

EPA residential SSL, but only one soil sample (10MTA40) exceeds the 310 µg/g US EPA 

industrial SSL for Hg (Tables 2.1 and 2.3). In addition, concentrations of Hg in all soil 

samples collected near the ASSM retort exceed the 5 µg/g Italian SSL for Hg for industrial 

use (Tables 2.1 and 2.3). Soil samples collected distal from the ASSM contain Hg 

concentrations that exceed the Italian residential SSL of 1 µg/g, with the exception of 

10MTA38 that contains a Hg concentration of 0.64 µg/g (Table 2.1). 

Methyl-Hg concentrations in soil in this study range from 0.95 to 45 ng/g (Table 2.1) and are 

higher than those reported in soil in Wanshan, China, and Southwestern Alaska, USA (Table 

2.3). Methyl-Hg in soil collected near the ASSM is generally higher than that found in the 

stream sediment and calcine samples in this study, which is likely due to the generally higher 

TOC in these samples (Table 2.1). There is a significant correlation between methyl-Hg and 

TOC (r2 = 0.73, p = 0.002; Fig. 2.4) in the collected soil samples that is consistent with the 

strong affinity of methyl-Hg for organic matter (Ullrich et al., 2001). Despite these high 

methyl-Hg concentrations, all soil samples in this study are considerably below the US EPA 
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methyl-Hg SSL of 100 (Table 2.3) for industrial soil, but 60% of the soil samples exceeds the 

and 7.8 μg/g residential SSL (US EPA, 2008).  

2.4.4 Water 

Water was collected from streams, lakes, springs, local baselines, mine adits, and from a town 

drinking water supply in and around the ASSM area (Fig. 2.1, Table 2.2). Water collected 

from streams draining the ASSM is elevated in Hg and methyl-Hg and ranges from 3.7 to 

1400 ng/L and 0.10 to 3.0 ng/L, respectively (Table 2.2). Water with highly elevated Hg and 

methyl-Hg concentrations is collected at site 10MTA10 (Fig. 2.1) − this site was 300 m 

downstream from the point at which a drainage tunnel discharges water from underground 

workings of the ASSM (Fig. 2.1). However, the sample (10MTA11) with the highest Hg 

(1400 ng/L) and methyl-Hg concentration (3.0 ng/L) was located about 1.5 km downstream 

from the ASSM discharge tunnel, and in addition, this site was located near the point where 

sewage water from the town of Abbadia San Salvatore is discharged into the Paglia River.  

               

Fig. 2.6. Concentration of Hg versus methyl-Hg in water samples collected in this study. 

Such sewage potentially influences Hg in water at this site. Stream water at site 10MTA11 

was also unusually turbid, with abundant suspended particulates visible in the stream, and was 

likely affected by Hg attached to particulates derived from sewage discharge or by runoff 

from calcines in and around in the town of Abbadia San Salvatore, or both. Additional water 

samples collected from sites downstream from 10MTA11 on the Paglia River generally 
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contain decreased concentrations of Hg and methyl-Hg with increasing distance (data not 

shown). 

Water collected from two lakes and three mine adits is also elevated in Hg and methyl-Hg and 

varies from 55 to 390 ng/L and 0.15 to 1.7 ng/L, respectively (Table 2.2; Fig. 2.6). Spring 

water (Hg = 2.6 ng/L, methyl-Hg ≤ 0.02 ng/L) and water used as a source of drinking water 

(Hg = 2.8 ng/L, methyl-Hg ≤ 0.02 ng/L) for the town of Abbadia San Salvatore were also 

collected and these samples contain Hg and methyl-Hg similar to the local baseline water 

samples (Table 2.2; Fig. 2.6). Concentrations of Hg in all water samples collected in this 

study are below established drinking water standards for Hg including (1) the 2000 ng/L 

drinking water standard used in the USA (US EPA, 2009b) and (2) the 6000 ng/L 

international drinking water standard (WHO, 2005) (Table 2.3). Only one sample (10MTA11) 

exceeds the Hg concentration of 770 ng/L (Fig. 2.6), the standard recommended to protect 

against chronic effects to aquatic wildlife in the USA (US EPA, 2009b) and this sample also 

exceeds the 1000 ng/L Hg concentration used as the drinking water standard of Italy (IME, 

2006) − all other water samples contain Hg below these two standards (Table 2.3). There is no 

recommended standard for methyl-Hg in water. Concentrations of Hg and methyl-Hg in water 

collected from adits, lakes, and streams in and around the ASSM are elevated when compared 

to local baselines (Fig. 2.6) and these water data indicate significant runoff of Hg from the 

ASSM and transference of methyl-Hg from the sediment column to water in the area. 

2.4.5 Fish 

Concentrations of Hg are elevated in fish muscle collected in this study and range from 0.16 

to1.2 µg/g (wet weight), and average 0.84 µg/g (Fig. 2.7). Of the fish muscle samples, 96% 

(66 of 70 samples) exceeds the 0.3 µg/g (methyl-Hg, wet weight) US EPA fish muscle 

standard recommended to protect human health (US EPA, 2009b). A subset of 17 fish muscle 

samples was analyzed for methyl-Hg and these data confirm that ≥90% of the Hg in these fish 

is methyl-Hg (Fig. 2.8), which is consistent with the conclusion of other studies indicating 

that 90 to 100% of Hg in freshwater fish is methyl-Hg (Fitzgerald and Clarkson, 1991). Thus, 

Hg concentrations in fish muscle analyzed in this study are directly comparable to the 0.3 

µg/g methyl-Hg US EPA standard.  
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Fig. 2 7. Concentration of Hg in fish muscle collected in the study area. 

 

         

Fig. 2 8. Concentration of Hg versus methyl-Hg in fish muscle samples collected in this study. 

Concentrations of Hg found in the fish muscle samples collected in this study are among the 

highest found downstream from areas mined for Hg (Table 2.3). The fish muscle Hg results 

found in the ASSM area are surprising considering that the fish collected are small and that 

they are bottom feeding, herbivorous fish. Generally, bottom feeding fish are low in the fish 

order and generally have lower Hg concentrations compared to higher order, carnivorous fish 
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(US EPA, 1997). No correlation was found for Hg in fish versus fish wet weight or Hg in fish 

versus fish length (data not shown). 

Elevated Hg concentrations in freshwater fish collected from areas downstream from Hg 

mines is not unusual (Table 2.3), e.g., fish collected downstream from Hg mines in California, 

USA, are reported to contain Hg concentrations as high as 2.1 µg/g (muscle, wet weight) 

(Davis et al., 2008). In addition, elevated concentrations of Hg in fish were reported from the 

ASSM area as early as 1973, when Hg in fish muscle was reported to be as high as 8.0 µg/g in 

fish collected from the Paglia River (Bacci and Renzoni, 1973). The Bacci and Renzoni 

(1973) study was carried out during the time of active Hg mining and Hg retorting at the 

ASSM and these fish muscle data suggest that there was much higher Hg bioavailability at 

that time. Presently, in the ASSM area, exposure of Hg to humans consuming fish caught 

from Pagliola Creek and Paglia River is potentially high, although fish collected from this 

area are small and unlikely to be typically used for food sources. In the United States, water 

bodies with average fish muscle Hg concentrations exceeding 0.3 µg/g are posted with an 

advisory recommending against human consumption of fish caught this water body (US EPA, 

1997). There is presently no human health advisory posted recommending against 

consumption of fish contaminated with Hg for either Pagliola Creek or the Paglia River. 

2.5 Conclusions 

Downstream transport of Hg from the ASSM is the dominant source of Hg to the Paglia River 

ecosystem. Concentrations of Hg and methyl-Hg are elevated in sediment and water in the 

Paglia River downstream from the ASSM, which is a result of runoff from mine-waste calcine 

and active methylation of Hg in this ecosystem. More than 50% of the stream sediment 

samples collected downstream from the ASSM in this study exceeds the PEC for Hg of 1.06 

µg/g. Correlation of methyl-Hg concentrations with TOC in sediment indicates active methyl-

Hg formation at sites with abundant organic matter. Concentrations of Hg in soil range from 

0.64 to 400 μg/g and are highly elevated in samples collected proximal to the retort stack (150 

to 400 μg/g). All soil samples collected near the ASSM retort exceed the 5.0 μg/g Italian SSL 

for Hg for industrial soil use, whereas most soil collected distal from the ASSM contains Hg 

below this industrial limit. Water collected from streams draining the ASSM is elevated in Hg 

and methyl-Hg and vary from 3.7 to 1400 ng/L and 0.10 to 3.0 ng/L, respectively, whereas 

the local baseline stream water sites varies in Hg and methyl-Hg from 1.5 to 1.9 ng/L and 

0.045 to 0.19 ng/L, respectively. Of the freshwater fish collected, 96% of the fish muscle 
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samples exceeds the 0.3 µg/g (methyl-Hg, wet weight) US EPA fish muscle standard. Data 

show a progressive increase in the ratio of methyl-Hg/Hg in calcine (0.001-0.022%), stream 

sediment and soil (0.01-5.3%), water (0.04-10 %), and fish muscle (90-100%) (Fig. 2.9). 

Concentrations of Hg and methyl-Hg in fish indicate significant bioavailability and 

transference of Hg to fish in the Paglia River ecosystem downstream from the ASSM. 

  

Fig. 2.9. Ratio of methyl-Hg/Hg for calcine, sediment, soil, water, and fish of the Monte 
Amiata Hg district. 
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CHAPTER 3 

PART II - MASS LOADS OF DISSOLVED AND PARTICULATE HG (AND AS 

AND SB) IN THE MT. AMIATA MINING DISTRICT, SOUTHERN TUSCANY 

(ITALY) 

Abstract 

Total dissolved and particulate mercury mass balances are estimated in different hydrological 

seasons (March and September 2011 and March 2012) in the Paglia River Basin (PRB) 

(Central Italy). Paglia River drains one of the largest Hg-rich region worldwide: the Mt. 

Amiata ore district. Quantification of Hg mass loads in this Hg mine district can allow to: (1) 

identify the contamination sources, (2) evaluate the effect of Hg on the environment, and (3) 

determine those processes able to affect Hg transport. Our data indicate that up to 34 g d-1 of 

Hg is transported during the rainy season as a result of direct drainage of the former Abbadia 

San Salvatore Mine (ASSM), which mainly contributes to the Hg concentrations measured in 

the Paglia River. Specifically, up to 99% of Hg is transported as particulate Hg. The observed 

Hg fluxes in the PRB are up to 100 times higher than those that would derive only by natural 

denudation processes of rocks and soils. Spatial distribution of Hg loads indicate that 

particulate Hg is deposited along the river course, forming a natural sink from where it is later 

re-suspended, possibly with partitioning to the dissolved phase. In low flow conditions, Hg 

deriving from this sink results in fluxes in the PRB that are directly comparable to those 

provided by rainfall. However, extraordinary hydrologic conditions (prolonged absence of 

rainfall) can severely reduce the amount of Hg transported in the basin, as evidenced in March 

2012, when Hg loads are 20-fold lower than in March and September 2011. The mechanism 

of Hg transport in the basin appears however similar in all sampling seasons, suggesting that 

the water flow controls only the quantities of Hg mobilized rather than the way it is 

transported. Preliminary estimation of yearly Hg flux shows that up to 11 kg of Hg can 

directly be related to downstream transport by ASSM during baseline conditions.  

Keywords: mercury, mass loading, particulate matter, Mt. Amiata 
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3.1 Introduction  

Mercury (Hg) is a heavy metal of environmental concern due to its elevated toxicity to 

humans and living organisms (WHO, 1976). Differently from other metals, Hg has no known 

biological functions (Eisler, 1987). In natural environments, the key reaction is the conversion 

of Hg to methyl−Hg, which bioaccumulates and biomagnifies in the aquatic organisms, as 

fish (US EPA, 1997). Seafood consumption thus is the major route of methyl-Hg to humans 

(e.g. Holmes, 2009). The Mediterranean basin is characterized by a wide Hg geochemical 

anomaly, mainly represented by the large cinnabar deposits of Almadén (Spain), Idrija 

(Slovenia), Izmir and Kenya (Turkey), Medjerda (Tunisia), and Mt. Amiata (Italy) (Cossa and 

Coquery, 2005). Approximately 65% of the world’s Hg resources are located in the 

Mediterranean region (Ferrara et al., 1997), which occupies only 1% of the total Earth’s 

surface area (Renzoni et al., 1998). This mercuriferous belt is claimed to be partly responsible 

of the high concentrations of MMHg in seafood (Ferrara et al., 1991), that are twice those of 

the same species living in the Atlantic Ocean (Horvat et al., 2003; Cossa and Coquery, 2005), 

thus representing a risk for people living in this area and consuming large amount of local 

seafood (Renzoni et al., 1998). Other authors suggest that the elevated water temperatures of 

the Mediterranean Sea (about 10 °C warmer than those of Atlantic Ocean for the same depth) 

are responsible for the particularly elevated methyl-Hg rates in this ecosystem (Bacci, 1989; 

Cossa et al., 1997; Horvat et al., 2003), and consequently accumulation in local fish. Studies 

of Hg geochemistry in the Mediterranean Sea started in the early 1970s with the 

Mediterranean Action Plan of the UNEP's Regional Seas Programme, in order to delineate the 

cycle, the distribution, and particularly to identify the principal Hg sources to the basin. 

Besides atmospheric inputs and direct discharges of wastewater effluents, rivers resulted to be 

important contributors of Hg to the sea, carrying Hg mainly as a result of runoff from 

contaminated wastes (UNEP/WHO, 1996). First attempts to estimate Hg delivered by rivers 

reported up to 130 t yr-1 (UNEP/ECE/UNIDO/FAO/UNESCO/WHO/IAEA, 1984), which are 

now considered largely overestimated (Bacci, 1989). Following more recent studies (Cossa 

and Coquery, 2005; Rajar et al., 2007), between 8 and 14 t yr-1 are presently discharging by 

European rivers to the Mediterranean Sea. While rivers with considerable annual Suspended 

Particulate Matter (SPM) discharges were considered in these calculation, as Po (Italy), 

Isonzo (Slovenia-Italy), Rhone (France), Ebro (Spain) and Nilo (Egypt), rivers draining the 

most important Hg mining districts were generally overlooked, with the exception of the 

Isonzo River. Only indirect estimates about Hg loads of Tiber River have been provided 
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(Cossa and Coquery, 2005), notwithstanding it receives waters from the Paglia River, which 

drains the Mt. Amiata Hg district (Southern Tuscany, Italy), that is considered the 4th 

worldwide largest Hg producing district. However, high Hg in particulate matter carried on 

for decades after the end of mining (Gray et al., 2000; Faganeli et al., 2003; Covelli et al., 

2007) suggests that detailed estimates of Mediterranean Hg budget cannot disregard Hg 

delivered by streams draining Hg districts. For example, Hg loads are estimated as high as 

1,500 kg yr-1 for the Isonzo River (Idrija Hg mine, Slovenia; Širka et al., 1999), 4−30 kg yr-1 

for the Guadalupe River (New Idrija Hg mine, USA; Thomas et al., 2002), and up to 470 kg 

yr-1 for the Sacramento River (California Coast Ranges mines, USA; Choe et al., 2003; David 

et al., 2009). However, the derivation of mass loads on a yearly time scale faces with the 

impossibility of performing continuous monitoring of hydrological parameters, as SPM, 

whose fate is strictly related to that of Hg although its temporal variability is enormous, and 

difficult to be predicted (Horowitz et al., 2001). Therefore, approximations are made in most 

of the studies, e.g.  SPM annual fluxes are estimated from discrete measured values (Širca et 

al., 1999; Ganguli et al., 2000; Choe et al., 2003), derived from log-log regressions relating 

SPM to discharge or Hg water contents to SPM (Wall et al., 2005; David et al., 2009), or 

derived by indirectly analysis of topography, rainfall and land use (Thomas et al., 2002). 

At a local scale, quantification of metal loadings to streams in a mining district is particularly 

important, because it offers the opportunity to identify contaminant sources, and to assist in 

decisions about remediation of contaminated areas. The main requirement for a reliable load 

estimation is the accurate measurement of the flow discharge as it mainly influences the final 

calculation. In mountain streams, where mines are generally located, flow discharge 

measurements by flow meters are particularly complicated by the presence of cobbles of river 

bottom, pools and riffles (Kimball, 1997). Moreover, flow meters do not account for the 

hyporheic flux, resulting in an underestimation of the flow discharge (Bencala et al., 1990). In 

these conditions, tracer-dilution techniques provide an accurate estimate of flow discharge, 

and they are applied since many years to detail metal loadings from mine drainage (Kimball et 

al., 2001; 2009; 2010). Recently, this method was applied in Southern Tuscany to the Merse 

River (Kimball et al., 2007), as the whole region is affected by centuries of mining activities 

(Tanelli, 1983). To the best of our knowledge, this is the only published case where this 

technique was used in the field of the Italian environmental geosciences.  

In this study, tracer-dilution methods are applied to the Paglia River, as common to other Hg 

districts worldwide, mining of Hg has extensively affected the Mt. Amiata area and this 

watershed; high concentrations of Hg in sediments and waters of Paglia River and active 
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formation of methyl−Hg were recently documented by Rimondi et al. (2012). Therefore, the 

aims of this study are to (1) quantify the mass load of Hg in the Paglia River, and (2) evaluate 

the downstream transport of Hg and potential contamination of river sediment.  

3.2 Study site 

The Paglia River Basin (PRB) covers an area of about 1,330 km2 between three Italian 

regions, Tuscany, Umbria and Latium, and is the major tributary of the Tiber River, the third 

river for length of Italy, which flows directly to the Mediterranean Sea (Fig. 3.1a). The upper 

sector of PRB is part of the NW−SE trending Radicofani basin tectonic depression, derived 

by the Pliocene and Pleistocene development of Northern Apennines orogenesis (e.g. 

Pascucci et al., 2006), and filled up with marine sediments of the Early Pliocene (River Paglia 

Unit; e.g. Castaldi and Chiocchini, 2012). Olistostromes of the Late Cretaceous-Eocene 

allochtonous formations of Santa Fiora Flysh (Ligurian Units) are recognized in the upper 

sector of the basin (Castaldi and Chiocchini, 2012), together with the Quaternay volcanic 

rocks related to the magmatic activity of Mt. Amiata volcano, the shoshonite and ultra-

potassium latite lavas of the Radicofani neck (e.g. D' Orazio et al., 1994), and the potassic 

lavas of the Roman Magmatic Province (e.g. Peccerillo, 2002). The latter occur in the 

southern sector of the watershed. The Ligurian Units (Oligocene−Late Cretaceous), composed 

by ophiolites and associated pelagic sequence  and calcareous turbidites, border the RB and 

generally overly the Tuscan Nappe, consisting of a metamorphic basement (Carboniferous-

Lower Triassic), a Mesozoic carbonate-evaporite sequence and Oligocene-Middle Miocene 

sandstones (Macigno formation). 

The head of the Paglia River is located at Mt. Amiata (1,048 m s.l.), where it starts as Pagliola 

Creek. After ~5 km it forms the Paglia River as it is fed by the Cacarello Creek (Fig. 3.1b). 

The Paglia River represents the most important water collector of the eastern side of 

volcanic−geothermal area of Mt. Amiata. Mercury ore bodies in Mt. Amiata consist 

essentially of cinnabar, while common non-economic minerals are As-sulphides (realgar and 

orpiment), and stibnite (Arisi Rota et al., 1971; Morteani et al., 2011). For about 1/3 of its 

length, Paglia River is fed by creeks draining the Hg mines: Pagliola (Abbadia San Salvatore 

mine), Minestrone (Cerro del Tasca mine), Senna (Senna mine) Siele (Siele mine), and 

Stridolone (Cornacchino and Poggiali mines) (Fig. 3.1a). The Paglia River system has a 

torrential character (mean slope of 8%), particularly in the tract of Pagliola Creek, while 

downstream the river shows a larger waterbed with a mean slope of 1%. This area is 

characterized by a Mediterranean (temperate) climate (hot and dry summer; cold and rainy 
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winter). Data from the thermo−pluviometric station of Abbadia San Salvatore (825 m a.s.l.) 

indicate that the mean annual temperature (1953−2000 period) is 10.5 °C with a mean annual 

precipitation of 1,480 mm (1925−2000 period) in 105 rainy days (Ciccacci et al., 2009). 

About 2/3 of annual total precipitation is concentrated in the semester autumn−winter 

(Ciccacci et al., 1988). The concomitance of multiple rainy days after the dry summer periods, 

scarce vegetation cover and erodible underlying lithologies induces severe denudation 

processes in this area and leads to the formation of peculiar landform morphologies, called 

biancane and calanchi (Ciccacci et al., 2009).   

 

Fig. 3.1 a,b. Schematic map of the Tiber River and Paglia River basins (A), the Mt. Amiata Hg 
district, Abbadia San Salvatore mine (ASSM), and sites of river discharge measurements, PM, 
PV, PC, PA (see text for explanation of labels) located 5, 6 and 35 km downstream from ASSM, 
respectively. Panel B shows a detail of the rectangular inset in (A). 
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This study focuses on the upper part of PRB, which is directly impacted by the past mine 

activity of ASSM, and represents the most outstanding Hg mine of the whole basin. In the 

first kms of its course, Pagliola Creek is fed by waters of the Galleria Italia. This water 

discharge represents the drainage system of the ASSM as it collects all waters from the 

underground working tunnels. A second drainage system, located at the base of Abbadia San 

Salvatore, named Galleria Ribasso, is presently dry. A tunnel draining the mining area and 

associated waste calcine piles, and the sewage system of the town are additionally discharging 

their waters to the Pagliola Creeks (Fig. 3.1b). Due to the torrential regime of the upper part 

of the Paglia River (Moretti et al., 1988), hydrological periods are difficult to be defined. In 

particular, in association with powerful rainy events floods, flash floods and associated sliding 

like mud- and debris-flows are described (Di Tria et al., 1999). Such events, coupled with the 

severe denudation processes that characterize this area, lead to elevated transport of 

suspended material to the Paglia River. Up to the conjunction with Cacarello Creek, water 

discharges are relatively constant throughout the year because waters from the Galleria Italia 

and the sewage system are the main water suppliers to the Paglia River. Downstream, 

discharges are affected by rainfall, the lowest and highest water levels being recorded at the 

end of summer time (September-October) and in winter and spring (November-March), 

respectively. 

3.3 Materials and methods 

3.3.1 Sampling sites and procedures 

Surface water samples were collected to study the spatial and temporal changes in 

concentrations, partitioning and load of Hg and other trace metals, such as As and Sb. All 

samples were referred to the distance from the ASSM, which likely represents the main local 

punctual source of Hg to the river course of Paglia. Water samples were collected in four sites 

along the Paglia River (Fig. 3.1a, b): (1) one site upstream ASSM that can be referred to a 

“background” site for the Amiata region (Pagliola Monte, PM); (2) two sites located just 

downstream ASSM, in order to quantify the mass loads of runoff from the ASSM (Pagliola 

Valle, PV, Paglia Casetta, PC), and (3) one site at the end of the Hg district (Paglia Allerona, 

PA), which was collected to account for all Hg runoff from the southeastern part of the Mt. 

Amiata district (Fig. 3.1a, b). As no stations for continuous monitoring of flow discharge were 

available in this area, sampling campaigns were carried out in order to sample the most 

different water flow conditions, i.e. March 2011, after abundant rainfall occurred during 

winter and spring times, and at the beginning of September 2011, after almost three months of 
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drought. The 2011 samplings represent therefore the baseline conditions for Paglia River. The 

2012 spring was characterized by a striking hydrological deficit for the Tuscany watersheds, 

due to the scarce precipitations occurred in the autumn- spring seasons. As a consequence, the 

last campaign was performed in March 2012 and aimed to define how mass loads varied as 

result of the prolonged absence of rainy events. Therefore, the data obtained for the latter 

campaign are representative of extraordinary flow conditions for the Paglia River.  

Ancillary parameters were collected at each sampling station. Temperature, pH and electrical 

conductivity were measured in the field. For each sampling site three aliquots of water were 

filtered in the field with 0.45 μm membrane filters, as follows: (1) 50 mL to determine the 

main cations and NH4
+, acidified with 0.5 % concentrated Suprapur HCl; (2) 50 mL to 

determine dissolved As, acidified in the field with 0.5 % concentrated Ultrapure HCl; (3) 50 

mL to determine all the dissolved trace elements but As (Li, B, Al, Cr, Mn, Fe, Co, Ni, Cu, 

Zn, Mo, Ag, Cd, Ba, Te, Tl, Pb, Bi, U), acidified in the field with 1% concentrated Ultrapure 

HNO3. Four additional aliquots of unfiltered waters were then sampled: (1) 125 mL to 

determine the main anions, F− and Br−; (2) 50 mL to determine total As, acidified in the field 

with 0.5 % concentrated Ultrapure HCl and 1% concentrated Ultrapure HNO3; 
 (3) 50 mL to 

determine all the total trace elements but As (Li, B, Al, Cr, Mn, Fe, Co, Ni, Cu, Zn, Mo, Ag, 

Cd, Ba, Te, Tl, Pb, Bi, U), acidified in the field with 1% concentrated Ultrapure  HNO3; (4) 

2L to determine SPM. Waters for trace elements were collected in acid pre-cleaned high-

density PE bottles, while samples for SPM were transported from the sampling sites on ice, 

and preserved at 4 °C until analysis. As explained before, in this study we refer to dissolved 

constituent concentration as the accepted fraction passing the 0.45 µm-filter (Stordal et al., 

1996). It should be pointed out that this cutoff may result in an overestimation of the truly 

dissolved concentrations (Stordal et al., 1996), due to the presence of colloids passing this 

filter pore size (Cidu and Frau, 2009). 

All mercury sampling and analysis were performed following the appropriate “clean 

hands−dirty hands” procedures (US EPA, 1996). Waters for total Hg (HgT) and dissolved Hg 

(HgD) were collected in US EPA certified pre−cleaned bottles double packed in zip−lock 

bags. Water filtration was made in the field by means of 0.45 µm sterilized cellulose 

membrane filters. Samples for Hg analysis were then stored at 4 °C, and later acidified within 

8 h of collection with Baker Instra-Analyzed HCl, using a final acid concentration of 0.5% 

v/v. Particulate Hg fraction  (HgP) was obtained by the difference between total Hg 
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(particulate + dissolved) and total dissolved Hg. The concentration of Hg on SPM particles 

[HgSPM], in units of µg/g, was then determined as  . 

3.3.2 Analytical methods 

Major cations (Ca2+, Mg2+, Na+, K+), NH4
+, anions (SO4

2−, Cl−, NO3
−), Br− , and F− were 

determined by ion chromatography (Methom 861 and 761, respectively), and HCO3
− by 

automatic titration with 0.01 M HCl (Metrohm basic Titrino 794). Analytical errors calculated 

as the difference between the sum of cations plus that of anions (Appelo and Postma, 1993), 

expressed in meq/L (TZ+, TZ−), were below the accepted limit of 5%. Concentration of Hg in 

water samples was determined using cold−vapor atomic fluorescence spectrometry (CVAFS) 

following EPA method 1631e (US EPA, 2002). Both the unfiltered and filtered water samples 

were digested for total mercury by subjecting them to bromine monochloride oxidation for a 

minimum 24 hours. Mercuric ions in the oxidized sample were reduced to Hg0 with SnCl2, 

and then purged onto gold−coated sand traps as a means of preconcentration and interference 

removal. Mercury vapor was thermally desorbed to a second "analytical" gold trap, and from 

that into a fluorescence cell (Bloom, 1989). Recoveries for Hg on blank spikes were 96–113% 

and 98−109% on matrix spike. The relative percent difference in water sample replicates was 

less than 5%. The SRM NIST 1641d was analyzed with the samples, and Hg recovery was 

97–105% of the certified value. Method blanks were below the lower limit of determination 

of 0.1 ng/L for Hg.  

SPM, expressed in mg/L, were calculated by two independent laboratories, Battelle Marine 

Science (Washington, USA) and Dipartimento di Scienze della Terra of Firenze (Italy) in 

order to check for consistency. Battelle lab followed the Standard Methods for the Analysis of 

Water and Wastewater Method 2540D (Eaton et al., 1999). A known volume of water was 

siphoned onto a pre−weighed 0.45 µm glass fiber filter. Then the filters were dried at 105°C 

for 24 hours and weighed to determine the mass of the suspended solids. Slight modifications 

to the method were made by the Dipartimento di Scienze della Terra, which employed 0.45 

µm acetate cellulose filters, that were dried at 60°C up to reach a constant weight. Results 

between these two labs were well consistent, as differences between analytical values were 

<10%. Acetate filters were then directly analyzed for trace elements by a complete dissolution 

with aqua regia (HCl/HNO3 3:1 v/v) for 3h. Concentrations of trace elements metals on SPM 

were then calculated by subtracting the average metal concentrations of blank filters. 
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Concentrations of trace elements in waters and particulate water (Li, B, Al, Cr, Mn, Fe, Co, 

Ni, Cu, Zn, Mo, Ag, Cd, Ba, Te, Tl, Pb, Bi, U) were determined by ICP−MS and hydride 

generation ICP–MS (As). Concentrations of Fe were determined by both ICP-MS and ICP-

OES to avoid instrumental interferences at low concentrations. The detection limits varying 

according to the instrument performances, and the values obtained for each analytical 

sequence are reported in tables and calculated as 10 times the standard deviation of the blank 

solutions. Both precision and accuracy were evaluated using the standard reference solutions 

NIST1643e and E-S-2 (SP Science). Estimated analytical errors were less than 10%. Field 

blank solutions were prepared for each campaign, and analyzed to check contamination 

during sampling.  

3.3.3 Discharge measurements and mass flux calculations 

In this study different methods were applied to sites PM, PV, PC and PA in order to 

accurately determine flow discharges. In order to prevent underestimation of the real water 

flows by flow meters, both flow meters and tracer dilution method were applied at sites PM, 

PV and PC, located in the mountain part of the Paglia River. At PA the discharge was 

measured by the Istituto Idrografico Regionale of Umbria using a magnetic flow meter, as the 

great width of the river prevented the use of the tracer dilution technique at this site. Due to 

the extremely low flow at site PM during the dry season, the flow was in this case estimated 

by measuring the time employed for water to fill up a bucket of 5 L. 

Dilution measurements were made through injection of a specific tracer (NaCl) as a slug 

injection (Hudson and Fraser, 2005). In this approach the tracer is added in the stream as a 

near−instantaneous slug or gulp. Ordinary NaCl salt was chosen as a tracer because of i) its 

low cost; ii) the easiness of detection at small concentrations by common conductivity meters 

(Wood and Dykes, 2002), and iii) the low concentrations of Na and Cl that characterized these 

waters. In each of the five measurements, between 3 and 7 kg of salt were dissolved in 

approximately 30 L of stream water in order to have a net increase of conductivity with 

respect to baseline. After the solution was careful homogenized to allow complete salt 

dissolution, it was injected in the stream. The electrical conductivity was measured about 

100−150 m downstream from the salt injection point, a distance that allowed a lateral and 

longitudinal thorough mixing of tracer solution (Hudson and Fraser, 2002), at 10s time 

interval starting from the time the salt was added to the stream. Conductivity curves were 

reconstructed in the field with two electrical conductivity meters for each sample site in order 

to account for any inhomogeneous distribution of the salt wave (Kilpatrick et al., 1989; 
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Kilpatrick, 1993). During the experiment, water samples were collected to reconstruct specific 

calibration constants for each site and conductivity meter, through the analysis of chloride by 

ion chromatography in laboratory. The following equation, based on the mass balance 

principle, was then applied to compute the stream discharge (Q) (Kilpatrick and Cobb, 1985; 

Kite, 1993):  

   

   
  (1) 

where M is the mass of salt added to the stream expressed as Cl− mass, ECT is the 

conductivity at time t during the passage of salt wave, EC0 is the baseline conductivity, and K 

is the calibration factor to convert EC to Cl− concentrations. This denominator particularly 

defines the area of the salt wave curve reported as an example in Fig. 3.2. The discharge 

values reported in this study were expressed as the average of results obtained by the two salt 

curves.  

 

Fig. 3.2.  Electrical conductivity and related extrapolated Cl− curves obtained for site PC 
during March 2012. The shadow area is the quantity that must be calculated in equation 1. 

Daily loadings of Hg and other trace elements were calculated assuming that the measured 

values for discharges, trace elements concentrations in water and in particulate matter were 

constant for 24h. Dissolved and particulate loads were then calculated by the following 

equations: 

   (2) 

   (3) 
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where [MeD] corresponds to the concentrations of metal in the dissolved form, Q to the water 

discharge for 24h, [MeSPM] to the concentration of selected element on suspended matter, and 

QSPM to the daily discharge of SPM. The sum of (2) and (3) represented the total load of that 

particular element in the stream. 

3.4 Results and discussion 

3.4.1 Major chemistry and hydrology 

Sampling dates, distance from the ASSM, temperature, pH, conductivity, Total Dissolved 

Solids (TDS), main cations and anions, NH4+, Br− and F− are reported in Table 3.1. Values of 

pH vary between 7.9 and 8.8, indicating an alkaline environment, which is typical of 

worldwide freshwater systems draining carbonate formations (Drever, 1997). Cations are 

mostly represented by Ca2+ (~ 67% of TZ+), followed by Mg2+ (~ 18%), Na+ (~ 13%), and K+ 

(~ 3%), whereas anions mainly consist of HCO3
− (~ 51% of TZ–), SO4

2− (~ 42%), and Cl− (~ 

7%). Accordingly, the Langelier-Ludwig diagram (Langelier and Ludwig, 1942) indicates that 

most of the waters are (Ca2+ + Mg2+)– HCO3
− in composition (Fig. 3.3), suggesting their 

circulation in the Mesozoic carbonatic formations of the Tuscan sequence (Frondini et al., 

2009). The waters of PC and PV sites collected during the dry seasons (September 2011 and 

March 2012) are however shifted to the quadrant of sulphate-rich waters, pointing toward the 

Ca-SO4 end-member, represented by the Galleria Italia waters (Fig. 3.3). This observation 

highly indicates mixing of river waters with those coming from the drainage system of the 

Abbadia mine, whose composition is likely affected by the circulation in the carbonate-

evaporite formations of the Tuscan sequence. Main changes in water geochemistry are in 

particular observed during the low water discharge seasons when the Galleria Italia input is 

not diluted by the Paglia River Ca-HCO3 waters. The highest concentrations of nitrogen 

species, as NO3
− and NH4

+, are similarly observed during the dry season of Paglia River, and 

particularly for sites PV and PC. Due to the location of these sites, ~ 5 km downstream the 

point where sewage water from the town of Abbadia is discharged into the Pagliola Creek 

River, such observations suggests important geochemical modification of waste waters to the 

upper part of PRB.  
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A Refers to the distance from ASSM; all elements concentrations are in mg/L. 
 

Table 3.1. Conductivity, pH, T and major chemistry of Paglia River waters during the three different field campaigns.  

Sample  Distance A 
(km) 

T (°C) Conductivity 
(µS/cm) pH HCO3

− SO4
2− Cl− NO3

− Br− F− Ca2+ Mg2+ K+ Na+ NH4
+ TDS 

March 2011 
PM −1 11.0 487 7.9 259  50 10  0.50 0.04   0.11    70 12 1.9      15 0.10  418  

PV + 4.5 10.5 535 8.0 223 115 10  2.33 0.01 0.24    86 14 4.2 15 0.59  469 

PC + 5.5 10.7 501 8.2 244   94 11  1.85 0.03 0.22    82 14 3.9 18 0.48 470 

PA + 35 11.0 648 8.0 305  75 11  5.11 0.04 0.32    92 18 6.5 24 0.19 539 

September 2011 

PM −1 19.3 807 8.0 275 161 34   0.02 < d.l. 0.14   102 20 3.9 39 0.43 635 

PV + 4.5 18.4 843 8.1 116 309 15 19 < d.l. 0.68   136 16 9.6 15 1.68 637 

PC + 5.5 17.0 846 8.3 113 314 14 11 < d.l. 0.72   135 16 8.8 16 0.32 628 

PA + 35 25.2 609 8.3 218 110 22   4.20 < d.l. 0.82     67 16 12 27 0.33 477 

March 2012 

PM −1 9.9 611 8.8 281 109 23  1.01 0.02 0.18     88 16 2.5 26 < d.l. 546 

PV + 4.5 13.4 750 8.7 220 229 18  4.84 0.02 0.53   118 16 19 9.3 2.21 636 

PC + 5.5 10.7 749 8.7 207 230 18  5.70 0.03 0.51   118 16 7.2 20 0.61 623 

PA + 35 11.8 601 8.2 250 110 26  4.90 0.03 0.71     72 17 11 29 < d.l. 520 
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Water discharges calculated from the tracer dilution are commonly higher than those obtained 

by flow meters (Kimball, 1997). In this study, differences between these techniques ranged 

from 12 to 39% with a mean of 25 ± 11%, which is in agreement with that reported by 

Kimball (1997). As the results obtained by tracer dilution were considered more reliable in the 

conditions of this study, we referred to these values for data discussion and mass load 

calculations.  

 
Fig. 3.3. Langelier-Ludwig diagram for the Paglia River waters. Square-contoured samples 
refers to PV and PC sites for September 2011 and March 2012 sampling periods.  
 

Flow discharges range between < 5 L/min and 9,570 L/s, while SPM is between 1.3 and 85.7 

mg/L (Table 3.2). As expected, the highest discharges are measured in March 2011, which 

corresponds to the flood regime for Paglia River, while the flow values are one order of 

magnitude lower during September 2011 (Table 3.2). Flow discharges range between 

<5L/min and 410 L/s and between 20 and 820 L/s for September 2011 and March 2012, 

respectively, highlighting the dramatic hydrological deficit of the Paglia River during the 

spring 2012. Highest SPM concentrations are generally reported during March 2011 (8.6-

85.7; Table 3.2); with the exception of PA, the transport of SPM is 10 times lower during 

March 2012 than in 2011, suggesting that the singularity of the hydrological conditions in this 

season has severely reduced the transport of SPM in the PRB. A clear relation between Q and 

SPM is not evident (Fig. 3.4a); SPM values indeed increase independently from the discharge 

rate, as outlined by the highest values reported for sites PV and PC, coupled with their 

relatively low water flows (Table 3.2). The spatial trends for both Q and SPM are however 
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similar during the three sampling periods (Fig. 3.4b): (1) Q increases with the distance from 

the mine; (2) SPM shows a peak at site PV during the low flow periods, and at PC during high 

flow; 3) SPM decreases at PA (Fig. 3.4b). The peculiar evolution of SPM, coupled with the 

peak of 78.7 mg/L SPM recorded at PV during the dry period (higher than the 44.8 SPM 

value reported for the same station in wet season; Table 3.2), suggest that SPM is introduced 

to PRB by: 1) a seasonally-dependent source, i.e. surface runoff, which generally determines 

higher SPM during the rainy season, and 2) a seasonally-independent source, which supplies 

the river with SPM even during low water flow periods, resulting in extremely elevated SPM 

at sites PV during September 2011. It is to note that the sewage system of Abbadia has been 

considered to potentially highly affect SPM in waters, causing anomalously high turbidity to 

the Pagliola Creek downstream water locations (Rimondi et al., 2012), i.e. at PV and PC. The 

decrease in SPM registered after PV may indicate deposition of SPM after this site during dry 

seasons. On the contrary, PA dilutes the amount of SPM introduced in the basin, as suggested 

by the lowest measured SPM obtained at this site for all the sampling seasons (Fig. 3.4a; 

square-contoured symbols).  

 
 

 

Table 3.2. SPM, HgT, HgD, HgP, HgSPM concentrations and partition coefficients (log KD) for 
sites PM, PV, PC and PA along the Paglia River. 
 
 

 Q 
(L/s) 

SPM 
(mg/L) 

HgT 
(ng/L) 

HgD 
(ng/L) 

HgP  
(ng/L) 

HgSPM 
(µg/g) 

log KD 

March 2011        
PM 420 10.4     17.3 2.4 15.0 1.4 5.8 

PV 1380 44.8     286 13.6  272 6.1 5.7 
PC 1820 85.7     113 7.6  105 1.2 5.2 

PA 9570 8.6    14.4 4.7   9.6 1.1 5.4 

September 2011        

PM < 5 L/min 9.4      2.4 1.6  0.80     0.09 4.7 

PV 170 78.7    1512 10.7 1501   19.1 6.3 

PC 170 58.7      228 7.0   221 3.8 5.7 

PA 410 1.5     13.9 2.8  11.1 7.6 6.4 

March 2012        

PM 20 1.3       2.9 1.8   1.1 0.9 5.7 
PV 190 27.4     77.7 10.4 67.3 2.5 5.4 
PC 220 14.2     47.3 7.9 39.4 2.8 5.6 
PA 820 9.9     15.2 3.2 12.0 1.2 5.6 
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Fig. 3.4 a,b. (a) Relationships between discharge and SPM; (b) spatial evolution of discharge 
and SPM in relation to the distance from ASSM. For both figures, black, white and gray 
symbols refer to March 2011, September 2011 and March 2012, respectively. Square-
contoured symbols refer to site PA. 
 

3.4.2 Trace elements in water and in particulate matter 

Concentrations of HgT, HgD are reported in Table 3.2. They are in agreement with the results 

reported for the same area by Rimondi et al. (2012). Concentrations of HgT are below the 

2,000 ng/L US EPA established limits for Hg in drinking waters, and generally < 770 ng/L, 

i.e. below the limit to protect aquatic wildlife in the USA against chronic effects (US EPA, 

2009). Only one water sample at PV in September 2011 had a value of 1,512 ng/L Hg (Table 

3.2), exceeding both the environmental quality standard limits for superficial waters defined 

by the Italian legislation (1,000 ng/L; GURI, 2006a) and US EPA (770 ng/L; US EPA, 2009). 

Notwithstanding Hg in waters generally well correlates to SPM (Balogh et al., 1997; Coquery 

et al., 1997; Choe et al., 2003), in this study only a weak correlation between these variables, 

although statistically significantly is observed (R2 = 0.34; p < 0.05; Fig. 3.5a). However, a 

strong influence by the two extremes of the variables, i.e. 1512 HgT and 85.7 SPM, is evident 

(Fig. 3.5a). If these values are removed from the dataset, the improved HgT vs SPM 

correlation (R2 = 0.85; P << 0.01), suggests that the distribution of Hg in water can be at least 

partially explained by SPM.  

Concentrations of HgSPM range from 0.09 to 19.1 µg/g (Table 3.2). Such concentrations are 

particularly elevated if compared to those usually reported for continental crust (UCC) (~ 

0.012 − 0.06 µg/g) (Taylor and McLennan, 1995; Wedepohl, 1995; Rudnik and Gao, 2003), 

which are commonly applied to SPM (Schäfer et al., 2006). These values are even higher than 

those shown by some catchments impacted by human activities (Balogh et al., 1997; 
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Paraquetti et al., 2004; Schäfer et al., 2006), and mining (Thomas et al., 2002; Choe et al., 

2003), and generally higher than 0.15 µg/g, the limit established by US EPA to avoid negative 

effects on aquatic wildlife (Schäfer et al., 2006). In this study HgSPM is not correlated to 

seasonal variation of discharge, and the highest Hg in SPM is reported during the dry seasons 

(Table 3.2). Such finding is quite common in medium watersheds (Coynel et al., 2007), as 

high water flows promote strong erosion of less contaminated sediments, dilution by soil 

erosion, and/or higher percentages of relatively coarse material (Coynel et al., 2007). 

However, for all seasons, all Hg species in both water and particulate report a clear trend with 

respect to their distance from ASSM (Fig. 3.6a). The highest Hg concentrations are always 

measured at PV (PC), indicating that the ASSM is likely the main point source of particulate 

Hg for PRB. The lowest particulate Hg is generally reported at sites PM (0.09-1.4 µg/g), 

which is located upstream from the influence of ASSM, and notably at PA (1.1-7.6 µg/g), 

located at the furthest distance from ASSM. Despite the highest discharges have been 

measured at this site, the lowest HgSPM is here observed (Fig. 3.6b), suggesting that PA is able 

to dilute the amount of Hg entering the basin, or that Hg is deposited between PC and PA. In 

addition, HgSPM is not clearly correlated to SPM (Fig. 3.5b); in particular, these variables have 

a better correlation in March 2012, when the runoff of the basin was completely reset by the 

prolonged absence of rainfall, while the correlation is lacking for the other seasons, when high 

(March 2011) or minor (September 2011) runoffs occurred in the basin (Fig. 3.5b). These 

observations confirm, as already outlined for SPM, that the introduction of particulate Hg in 

the Paglia River can be mainly related to a point source(s), which is independent from the 

river discharge (see later paragraphs for further details). The increase of the water flows, 

which triggers additional mobilization of particulate by surface runoff (i.e. increase of SPM), 

acts as a dilution factor for the Hg contents in particulate by addition of non-contaminated or 

less contaminated particulate matter.  

Concentrations of other trace elements in water and SPM are listed in Tables 3.3, 3.4 and 3.5. 

The main dissolved contaminants in water have contents below the most common national 

and international limits (Table 3.3), particularly for As, Cd, Cr, Ni and Cu, which are the 

selected elements to be analyzed for quality standards of water by the Italian legislation 

(GURI, 2006a) (Table 3.3). However, particularly elevated concentrations of Al and Fe in 

unfiltered waters are reported for all the analyzed stations, and particularly for PV (up to 

9,900 and 8,900 µg/L for Fe and Al, respectively) (Table 3.4). Elevated Fe is mainly due to 

the Galleria Italia waters, which occasionally have caused the change in color of the Pagliola 

Creek that turned to be red−brown due to the high amount of Fe- colloidals during overflow 
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episodes. Similarly, the high amount of Al in river waters can be related to leaching of Al 

silicates under acidic conditions (Drever, 1997). 
 

 

Fig. 3.5 a,b. (a) Binary diagrams of SPM versus HgT, and (b) SPM versus HgSPM. Black, 
white and gray symbols refer to March 2011, September 2011 and March 2012, respectively. 
Green symbols referred to data that were excluded from the calculation of linear regression 
for R2 = 0.85 (see text for explanation).  

 

Fig. 3.6 a,b. a) Spatial distribution of HgT, HgD and HgSPM in relation to the distance to the 
Hg mine of Abbadia San Salvatore (ASSM); b) distribution of  HgSPM with respect to flow 
discharges. Black, white and gray symbols refer to March 2011, September 2011 and March 
2012, respectively. Refer to the text for labels PM, PV, PC, and PA. 
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(A) Maximum contamination level (Clean Water Act, EPA, 2009); 
(B) Italian maximum permissible limits in surface waters (GURI, 2006a). 
 

Table 3.3. Concentrations of trace elements in filtered waters of Paglia River. Limits for the most common heavy metals are reported for the 
Italian, and USA limits. n.e. stands for not established. Values above (A), (B) are reported in bold. Te, Bi, Ag were always < d.l. 

 
 

 
  Li B Al Cr Mn Fe Co Ni Cu Zn Rb Sr Mo Cd Ba Tl Pb U Sb As 

March 2011                   

PM 6.7 42 42 <1 3.1 <30 0.27 0.9 1.6 <6 2.3 540 0.3 <0.05 16 <0.05 <0.2 0.4 0.24 <0.5 

PV 13 59 53 <1 42 <30 0.9 4.3 1.7 <6 13 550 0.4 <0.05 16 <0.05 <0.2 0.5 0.34 4.3 

PC 13 66 33 <1 23 <30 0.6 2.9 2.2 <6 9.1 520 0.4 <0.05 18 <0.05 <0.2 0.6 0.28 0.9 

PA 10 97 10 <1 3.1 <30 0.17 0.8 2.2 <6 7.3 650 0.7 <0.05 31 <0.05 <0.2 2.2 0.23 <0.5 

September 2011                  

PM 11 120 23 <1 46 <15 0.19 0.9 1.8 <6 4.7 870 0.8 <0.24 27 <0.1 <0.7 0.8 0.3 <0.2 

PV 41 74 56 <1 121 23 2.2 14 <1.2 <6 57 480 0.7 <0.24 15 <0.1 <0.7 0.49 <0.03 2.1 

PC 40 78 52 <1 56 26 1.2 11 1.4 6.8 49 470 0.6 <0.24 14 <0.1 <0.7 0.42 0.1 1.6 

PA 16 160 3 <1 14 <15 0.21 0.8 2 <6 25 680 1.4 <0.24 35 <0.1 <0.7 3.2 0.3 1.2 

March 2012                   

PM 8.1 55 n.d. <0.6 2.5 <30 0.18 1.5 <1.3 <3 3.6 650 0.5 <0.03 21 0.01 <0.2 0.7 0.3 <0.1 

PV 28 80 49 <0.6 100 <30 1.1 6.3 <1.3 <3 42 500 0.6 <0.03 15 0.03 <0.2 0.7 0.2 1.8 

PC 28 80 39 <0.6 79 <30 0.86 5.4 <1.3 <3 34 520 0.6 <0.03 14 0.01 <0.2 0.6 0.2 1.4 

PA 14.8 130 7 <0.6 13 <30 0.22 1.1 <1.3 <3 21 610 0.9 0.2 32 0.02 <0.2 3.0 0.3 1.7 

(A) n.e. n.e. 500− 
2,000 

100 50  300 n.e. 100 1,300 5,000 n.e. n.e. n.e. 5 n.e. 0.5    15 30 6 50 

(B) n.e. n.e. n.e. 50 50 200 50 20 1,000 3,000 n.e. n.e. n.e.         5 n.e. n.e.   10 n.e. 5  10 
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All elements concentrations are in μg/L 

 

Table 3.4. Concentrations of trace elements in unfiltered waters of Paglia River water. Te, Bi and Ag were always < d.l. 
 
 
 
 
 
 
 

 

 Li B Al Cr Mn Fe Co Ni Cu Zn Rb Sr Mo Cd Ba Tl Pb U Sb As 

March 2011                    
PM 6.7 42 690 < 1 10 300 0.47 1.5 2.0 <6 2.4 540 0.3 <0.05 17 <0.05 0.2 0.5 0.2 <0.5 

PV 13 61 5,100 3.4 106 4,800 3.4 11 7.6 28 23 590 0.4 0.06 35 0.1 2.5 0.9 0.5 6.9 

PC 13 70 5,200 7.0 90 4,700   2.3 7.8 5.4 21 15 540 0.4 <0.05 30 <0.05 1.5 0.8 0.3 1.1 

PA 10 95 340 1.0 15 460 0.36 1.3 2.6 <6 7.9 670 0.7 <0.05 32 <0.05 0.3 2.3 0.2 0.5 

September 2011                   

PM 11  120     38 <1 52 30 0.2 1.1 1.8 <6 4.9 810 0.8 <0.24 30 <0.1 <0.7 0.9 0.3 <0.2 

PV 41    99 8,900 1.7 244 9,900 4.7 16 2.7 61 57 440 0.7 <0.24 24 <0.1 1.0 0.8 0.5 7.6 

PLC 40    97 7,800 1.0 133 7,900 3.1 12 1.8 55 50 440 0.6 <0.24 21 <0.1 <0.7 0.7 0.2 6.1 

PA 17 170    370 <1 36 380 0.4 0.9 2.2 <6 25 610 1.3 <0.24 39 <0.1 <0.7 3.1 0.3 1.4 

March 2012                    

PM 8.1   56      39 <0.6 1.3 <30 0.17 1.5 <1.3 <3 3.6 660 0.5 2.4 20 0.01 <0.2 0.7 0.3 <0.1 

PV 28   81 3,000 <0.6 130 3,500 1.8 5.6 1.4 23 44 520 0.6 <0.03 17 0.03 0.26 0.8 0.2 3.6 

PLC 28   81 1,550 <0.6 95 1,800 1.2 5.2 <1.3 13 35 530 0.6 <0.03 18 0.02 0.2 0.7 0.2 2.1 

PA 15 130    220 <0.6 23 <30 0.34 0.7 1.4 <3 21 620 0.9 <0.03 33 0.03 0.27 3.0 0.3 1.8 
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All elements concentrations are in μg/g. 

(A) Italian maximum permissible limits in soil designated to public green, private and residential uses (GURI, 2006b). 

  
Li B Al Cr Mn Fe Co Ni Cu Zn Ga Rb Sr Mo Ag Cd Ba Pb U Sb As 

March 2011                      

PM 34 50 62,310 <d.l. 732 32,803 21 50 60 1,038 6 24 123 2 1 3 78 20 3 <d.l. 7 

PV 24 14 112,660 18 1,260 70,950 33 65 48 435 13 22 159 1 <d.l. 2 94 15 2 <d.l. 25 

PC 33 21 60,290 30 930 51,100 21 45 43 333 14 27 154 1 <d.l. 1 65 15 1 <d.l. 11 

PA 35 14 38,280 29 945 34,090 16 43 53 257 10 46 228 1 <d.l. 1 125 24 1 1 7 

September 2011                     

PM n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. 

PV 12 <d.l. 112,380 45 1,818 86,780 41 58 41 744 6 20 157 1.2 0.25 <d.l. 120 26 3 7 62 

PC 6 <d.l. 131,990 45 1,696 98,210 35 37 36 982 5 10 156 <d.l. 0.36 <d.l. 112 11 3 3 71 

PA 27 <d.l. 25,000 80 1,745 31,130 17 42 66 241 7 44 231 2.4 0.28 <d.l. 137 24 1 7 14 

March 2012                      

PM n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. <d.l. n.d. n.d. n.d. n.d. n.d. n.d. n.d. 

PV 8 <d.l. 113,030 16 3,696 135,610 36 n.d. 28 976 7 20 258 <d.l. 0.26 2 200 11 4 < d.l. 81 

PLC 24 13 122,490 37 6,991 149,250 48 35 n.d. 1,197 14 40 358 <d.l. 0.09 1 353 20 4 < d.l. 77 

PA 66 <40 31,430 26 2,651 42,210 22 n.d. 70 205 14 66 342 <d.l. n.d. 2 327 51 2 < d.l. 26 

(A) n.e. n.e. n.e. 150 n.e. n.e. 20 120 120 150 n.e. n.e. n.e. n.e. n.e. 2 n.e. 100 n.e. 10 20 

Table 3.5. Concentrations of major trace elements and heavy metals in SPM of Paglia River. < d.l. stands for under detection limit; n.d. for 
not determined. Values above (A) are reported in bold. Bi and Tl were always < d.l.
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3.4.3 Partition coefficient 

The behavior of Hg in aquatic system is primarily dependent on its distribution between 

dissolved and particulate forms (Hissler and Probst, 2006). Although they are not related to 

thermodynamic factors, partition coefficients (Kd), calculated as  
 

 
), are 

widely used  to describe processes affecting Hg (Balogh et al., 1997; Hissler and Probst 2006; 

Kocman et al., 2010). 

Log-transformed distribution coefficients [log(KD)] for the Paglia River range from 4.7 to 6.4 

(Table 3.2), in the upper range of typical values commonly reported for Hg from other rivers 

(Leermakers et al., 1995; Paraquetti et al., 2004; Hissler and Probst, 2006), particularly for 

those impacted by mining activity (Ganguli et al., 2000; Thomas et al., 2002; Kocman et al., 

2010). Such elevated log(KD) values evidence that most Hg is associated with the particulate 

phase.  

In this study, log(KD) values are found to be quite similar in the different hydrological 

periods, suggesting that water discharges have minor influence in determining the partitioning 

of Hg between particulate and dissolved species (Hurley et al., 1995). However, contrarily to 

what is often observed (Hissler and Probst, 2006), log(KD) values do not depend on common 

variables such as SPM, pH and inorganic ligands (Cl−) (data not shown). Moreover, the 

decrease of log(KD) with SPM, the so-called “particle concentration effect” commonly 

observed for Hg and other particle-bound constituents (Choe et al., 2003; Flanders et al., 

2010; Kocman et al., 2010) and attributed to increase amount of filter-passing elements (i.e. 

colloidal fraction) with increasing SPM, was not observed in this work. This finding suggests 

that Hg colloidal complexation and transport in the Paglia River can have minor importance. 

The longitudinal profiles of log(KD) between PM and PA are quite different during the two 

main hydrological periods (Fig. 3.7): March and September 2011. During high flow period, 

log(KD) values progressively decrease from upstream to downstream locations (PM−PC; Fig. 

3.7), whereas low flow conditions (September 2011) show a steep increase in log (KD) at PV 

site (Fig. 3.7). In both seasons, however, log(KD) strongly drops down between PV and PC. In 

particular, at PC we observed a strong reduction of the hydrological gradient of Paglia River, 

corresponding to the transition from the mountain part of the river course (Pagliola Creek) to 

the flood plain (Paglia River). The abrupt decrease of log(KD) after PV can then possibly 

relate to depositional processes (Hissler and Probst, 2006; Flanders et al., 2010), occurring in 

that part of the river where the water flow flows down.  
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During low flow conditions, the increase in log (KD) at PV indicates the introduction of 

particle bound Hg to the river, suggesting the mine as a source of further Hg to the Pagliola 

Creek, accordingly a similar increase in HgSPM is recorded at this site (Fig. 3.6a). As 

explained later on, the particulate Hg deposited at PV could be re-suspended during low water 

periods, causing the increase in log (KD). Variations in log(KD) at PA are presumably not 

strictly related to ASSM, due to the relatively large distance between these sites (~ 35 km). At 

PA the log (KD) increase during the dry season is therefore associated with additional 

particulate Hg entering the basin from the Hg mines located in the southern sector of Mt. 

Amiata (Fig. 3.1a). The addition of particulate Hg at PV and PA is apparently masked during 

the high flow regime, when the highest SPM in the basin dilutes the contribution of Hg-

contaminated SPM, resulting in log(KD) decrease between PM and PC, and comparable 

log(KD) values at PC and PA (Fig. 3.7).  

In March 2012, with the exception of PM, log(KD) values are quite similar in all the locations 

(Fig. 3.7), and no decrease of log(KD) between PV and PC is observed. Therefore, data 

suggest that the exceptional hydrological conditions of March 2012, resulting in a lower 

content of SPM (Table 3.2), have prevented the sedimentation of particulate Hg along the 

Paglia River course, which was then further transported downstream along the PRB. 

Similarly, in those conditions the contribution of Hg particulate from Hg mines south of 

Abbadia was remarkably absent, or minor. 

Fig. 3.7. Spatial and seasonal evolution of Hg distribution coefficient (log KD) between 
particulate (µg/g) and dissolved (ng/L) phases. Black, white and gray symbols refer to March 
2011, September 2011 and March 2012, respectively. Refer to the text for labels PM, PV, PC, 
and PA. 
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3.4.4 Normalization and enrichment factor 

To determine Hg contamination in the particulate matter, i.e. concentrations exceeding natural 

backgrounds, it is necessary to determine the natural component of the observed 

concentration. Since grain size and provenance are the two most important parameters that 

control the concentrations of trace metals in sediments (Loring, 1990), normalizing their 

content to a proper conservative element can help, in principle, to discriminate the natural 

versus anthropogenic input of Hg in the particulate matter of PRB. The main requirement for 

a suitable normalizing element is its natural origin, then its presence in sediments should not 

be a consequence of external contamination, i.e. industrial activities or mining (Kocman et al., 

2010), but it should result only from natural weathering of continental crust. Generally 

speaking, the most suitable elements to be used as normalizing factors are Al and Fe (Martin 

and Meybeck, 1979; Szefer, 1990; Loring and Rantala, 1992; Lin et al., 2012), because of 

their i) high natural concentrations in stream sediments and SPM, ii) minimal input by 

anthropogenic sources, and iii) presence in primary and secondary aluminosilicates 

(Daskalakis and O’Connor, 1995). Nevertheless, Zr, Sc and Li can also be used as reference 

elements. Loring (1990) showed that Li correlates with trace metals in fine−grained sediments 

equally or even more strongly than Al. In addition, Martin and Meybeck (1979) pointed out 

that, besides Al and Fe, any element for which the river dissolved transport is negligible, i.e. 

<10%, can be used for normalization, suggesting that Ga may also be used for this purpose. 

Owing to the fact that Fe is added to Paglia River by mine waters, its use in this study was 

avoided. Similarly, Al was excluded due to its probable “non lithogenic” contribution to SPM. 

As a consequence, SPM concentrations were normalized to Li and Ga. Both elements 

produced similar results, and here only those data related to Li normalization are presented 

and discussed.  

In Fig. 3.8 trace elements concentrations normalized to Li are plotted against the same ratio in 

the Upper Continental Crust (UCC), whose values were derived by Taylor and McLennan 

(1995) and Rudnick and Gao (2003). Trace elements and heavy metals but Hg, As and Sb, 

generally plot on the 1:1 line, suggesting that no particular contamination of these elements 

affects the SPM of Paglia River. However, strong deviations from the continental ratio are 

observed for Hg, As, Sb and Zn (Ag). Besides the expected enrichment in Hg, As/LiSPM and 

Sb/LiSPM enrichments are observed, likely due to the presence of As and Sb minerals (e.g. 

realgar, orpiment and stibnite) often found in association with cinnabar mineralization (Arisi 

Rota et al., 1971; Morteani et al., 2011). Similarly, the widespread diffusion of 
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Cu−Pb−Zn(Ag) polymetallic sulphide deposits  in Southern Tuscany (Tanelli, 1983) may 

result in high natural background of these base metals, and Ag with respect to the continental 

crust. Enrichments in Fe, Al and Mn are moreover observed, suggesting that significant 

amounts of these metals are mobilized by mine runoff. 

 
Fig. 3.8. Trace element [Me]/Li ratios for the Paglia River versus the same ratios in the 
average Earth’s crust (Taylor and McLennan, 1995) plotted independently from sampling 
periods. The solid black line represents the 1:1 ratio; trace metal located above (below) the 
1:1 line are enriched (depleted) with respect to the Earth crust. 

Quantitatively, in this study we evaluated the enrichments for Hg, Sb and As by means of the 

Enrichment Factor (EF) and Index of Geoaccumulation (Igeo) (Müller, 1981), calculated as 

follows: 

 
 ⁄

⁄  
 

 

  
.

 

 where [Me]/[Li]sample and [Me]/[Li]background are the ratios of trace metal to reference element 

in the sample and in background sediment, [Me]sample is the concentration of trace metal in the 

sample divided by its concentration in background material. Igeo values are commonly applied 

to assess the contamination level in natural matrices as the presence of the constant 1.5 in the 

denominator of the mathematical expression allows to predict natural fluctuations of the metal 

in the environment and small anthropogenic influences (Loska et al., 2004). Earth’s crust 

values are generally employed as background concentrations (Lin et al., 2012), basing on the 
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concept that if continental rocks are weathered and there is no anthropogenic contribution to 

the system, the composition of trace metal in sediment (or particulate matter) is supposed to 

be the same as in the crust. However, concentrations of metals in rocks and soils from which 

particulate matter is derived may significantly be higher than those in the crust due to the 

natural geochemical anomalies (e.g. ore deposits). For this reason, more meaningful EFs and 

Igeo values are obtained when they are referred to local background levels (Feng et al., 2004; 

Reimann and De Claritat, 2005; Yiğiterhan and Murray, 2008; Song et al., 2011). Background 

values for Hg, As and Sb in Southern Tuscany are estimated to 0.3, 7, and 0.4 µg/g 

respectively (Benvegnù et al., 1993; Protano et al., 1998), and were calculated taking into 

account the mineralizations of this region. As these values significantly differ from those 

reported for the continental crust (0.056 µg/g Hg, 1.5 µg/g As and 0.2 µg/g Sb; Taylor and 

McLennan, 1995), we referred to these local concentrations to calculate EFs and Igeo. 

EFLi for Hg, As and Sb are between 1−106, 1−29, 1−29 respectively while Igeo have values of 

1−5; <0−4 <0−3, respectively (Table 3.6), highlighting a large variability of contamination 

conditions. According to the contamination categories of Sutherland (2000), SPM is between 

minimal and highly enriched in As (Sb) and between significant and very high for Hg (Table 

3.6). Moreover, following Müller, (1981), in September 2011, SPM sampled at PV results to 

be between heavy and extremely contaminated by Hg, and heavily contaminated by As and 

Sb (Table 3.6). This enrichment sequence is generally respected:  >  > , 

showing that Hg is by far the most enriched metal in SPM, followed by Sb and then by As. 

The spatial variability of EFs with increasing distance from ASSM is similar among the 

different seasons, with the highest values reported at site PV, and a generally decrease 

thereafter (Fig. 3.9). The EFs values are higher during low flow condition (September 2011). 

It is to note that   of March 2012 resembles those observed during March 2011 (Fig. 

3.9), ranging 1-21 and 2-17, respectively (Table 3.6).  

Similar EFs’ spatial trends suggest that, despite the degree of metal enrichment in SPM is 

different among seasons, the mechanism of Hg(As, Sb) transport in the Paglia River is similar 

in different hydrological seasons, and is not affected by water flows. Notwithstanding the 

dramatic hydrological deficit of March 2012 with the consequent strong decrease of SPM, 

SPM enrichment in Hg equaled that of March 2011, and this metal was similarly transported 

downstream ASSM. According to the similar evolution of HgSPM along the river course, EFs 

suggest that most contaminated particulate is supplied to the basin at site PV, which is 

spatially and directly influenced by ASSM, while lower EFs are observed for those sites 
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located further downstream, possibly resulting from: 1) deposition of polluted particulate 

(decrease of SPM and log(KD) after PV), and/or 2) dilution effect of downstream sites 

(addition of relatively unpolluted SPM during March and September 2011). The most 

elevated EFs referred to the dry seasons show, as outlined in the previous section, that a point 

source of metals (and SPM) exists in the basin, which constantly mobilizes metals 

independently from the hydrological seasons. Particularly, the addition of contaminated SPM 

may derive either from the Galleria Italia mine adit either by resuspension of previously 

deposited particulate Hg. This contribution is however masked during high water flows by the 

increase amount of SPM entering the basin.  

 

       

March 2011    

PM  3 n.d.  1 2 n.d. <0 

PV 17 n.d.  3 4 n.d. 1 
PC  2 n.d.  1 1 n.d. 0.1 

PA  2   1  1 1 <0 <0 
September 2011    
PM n.d. n.d. n.d. <0 n.d. n.d. 
PV 106 29 15 5 3 4 
PC  17 10 13 3 3 2 
PA  18 12   2 4 0.4 3 
March 2012    
PM n.d. n.d. n.d. 1 n.d. n.d. 
PV 21 n.d. 29 2 n.d. 3 
PC  8 n.d.   9 3 n.d. 3 
PA  1 n.d.   1 1 n.d. 1 

 

Table 3.6. Calculated enrichment factors (EF) and Index of Geoaccumulation (Igeo) for 
selected elements (Hg, As and Sb )in the SPM of Paglia River. 
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Fig. 3.9. Spatial evolution of EFs for Hg, As and Sb from the Abbadia San Salvatore Hg mine. 
Black and white symbols refer to the high (March 2011), and low (September 2011) water 
flows, respectively. Gray symbols are for March 2012. 

3.4.5 Mercury, arsenic and antimony mass loads 

Total, particulate and dissolved fluxes were calculated for Hg, As and Sb (Table 3.7). Arsenic 

and Sb were considered because of both their elevated contents in SPM and their 

environmental significance. The highest total Hg mass flux is recorded in March 2011, when 

up to 34 g d-1 Hg are transported at PV. Similar, though lower loads, are found at PC (18 g d-

1) and PA (12 g d-1), while at PM Hg flux is two orders of magnitude lower than those 

calculated at the other sites (0.6 g d-1; Table 3.7). During the 2011 measurements, downstream 

from PV, transported loads of total and particulate Hg decrease with increasing distance from 

the mine (Fig. 3.10). Specifically, a considerable decrease in Hg load is reported after PV, 

while it shows a more gradual decrease between PC and PA (Fig. 3.10). In spite of minor 

variations, in March 2012 loads are similar among sampling sites, i.e. ~ 1 g d-1  (Fig. 3.10). 

Mercury fluxes are highly variable between rainy (March 2011) and dry (September 2011) 

seasons with the exception of PV, whose Hg load in September 2011 is comparable (24 g d-1) 

to that of March 2011 (34 g d-1) (Table 3.7). On the contrary, one order of magnitude lower 

loads are observed in March 2012 (Table 3.7). Dissolved Hg loads account between 1 and 

33% of the total Hg flux, suggesting that total loads can almost entirely ascribed to the 

variations of particulate Hg. As previously reported for other mining districts worldwide 

(Faganeli et al., 2003; Hissler and Probst, 2006; Schäfer et al., 2006), the transport of Hg in 

the Paglia River is then dominantly occurring as suspended particles.  
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Table 3.7. Loads of selected elements, Hg, As and Sb reported as total (F−MeT), dissolved 
(F−MeD) and particulate (F−MeP) loads. 

 

 

Fig. 3.10. Spatial relation of Hg fluxes determined for each station in different hydrological 
periods. 

  F−HgT F−HgD F−HgP F−AsT F−AsD F−AsP F−SbT F−SbD F−SbP

March 2011 
PM      0.6 0.09       0.5 3 n.d. 3 9* 9 n.d.
PV  34            2    33   193 60 134 41* 41 n.d.
PC  18      1    17  149* n.d. 149 44* 44 n.d.
PA  12      4      8 50 * n.d. 50 190* 190 n.d.
September 2011 
PM   n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
PV  24 0.17     24 113 34 79 9 0   9 
PC     3.4 0.10        3.3 85 24 62 4 1   3 
PA     0.5 0.10        0.4 43 43 1 11 11  0.36
March 2012 
PM    0.005 0.003 0.002 n.d. n.d. n.d. 1* 1 n.d.
PV     1.3 0.17         1.1 119 30 89 5* 5 n.d.
PC     0.9 0.15         0.7 84 27 58 4* 4 n.d.
PA     1.1 0.22         0.9 139 120 18 21* 21 n.d.

* Total fluxes are intended as the sum of dissolved flux F-(Hg, As, Sb)D plus particulate F-(Hg, As, Sb)P; when 
one of these two terms is not determined (n.d.), the total flux equals either dissolved or particulate flux. 
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The Abbadia San Salvatore Hg mine represents a point source of pollution for Hg, supplying 

~ 100% of the total Hg budget to the PRB, as suggested by the highest mass loads reported for 

sites located 5 km downstream from ASSM. The decrease of particulate loads between sites 

PV and PC recorded in 2011 is likely due to the deposition of particulate Hg along this 

section of the river, which is largely influenced by the reduced water flow, resulting from the 

decreased hydrological gradient between these two sites, and significantly reducing the 

particulate loads of Hg downstream from PV. The generally positive correlation between Hg 

loads and seasonal discharge, i.e. loads are higher during the wet season (March 2011), 

suggests the importance of runoff associated with heavy winter rains as an important factor 

promoting the mobilization of metals in the PRB. However, the similar Hg loads reported at 

PV during both wet and dry seasons in 2011 support the hypothesis that a water flow-

independent source of Hg exists in the basin, which supplies a constant amount of Hg 

independently from the discharge. Such a source may be represented by the Hg deposited 

along the river reaches, a sort of transient sink, from which Hg is re-suspended in low flow 

regimes. Studies on the dynamics of Paglia River bed have evidenced that human 

interventions have severely altered its morphology, resulting in bed narrowing (Cencetti et al., 

2004) and channel incision (Ciccacci et al., 1988; Cencetti et al., 2004). This would indeed 

prevent a definitive stacking of Hg as river bed bottom deposit, promoting on the contrary Hg 

mobilization and transport downstream the Paglia River. Thanks to this effective 

mobilization, important quantities of Hg might theoretically be directly discharged into the 

Tiber River, provoking a contamination of its ecosystem. 

The Hg loads measured in March 2012, contrarily to those of 2011, should be regarded as 

representative of an extraordinary event for the Paglia River. The prolonged absence of 

rainfall in the basin results indeed in Hg loads are 30-fold lower than those observed during 

the previous year. The constancy of Hg loads among the studied sites, ~ 1 g d-1, suggests that 

these hydrological conditions were able to prevent a marked deposition of Hg along the river 

course, which was then further transported downstream. This season could therefore depict 

the condition of a steady-state flow, which occurs when Hg introduced in the river exactly 

balances the quantity that can be transported in such hydrological conditions by the flow. 

However, as outlined by the EFs, the mechanism of Hg transport in the basin is unaffected by 

the particular conditions of this season, suggesting therefore that the hydrologic conditions of 

the Paglia River control the absolute quantities of Hg mobilized in the basin rather than the 

mechanism of its diffusion.  
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Similarly to Hg, maximum loads for As and Sb are reported in March 2011, when up to 190 g 

d-1 As and 193 g d-1 Sb are mobilized at PV and PA, respectively (Table 3.7). Although 

particulate load for Sb is available only for the September field campaign, data show a similar 

behavior for both elements, whose loads drop down after PV (from 9 to 3 g d-1; Fig. 3.11). 

However, differently from As and Hg, maximum loads for Sb are always reported for site PA 

(Fig. 3.11), showing spatially diffused sources of this contaminant to the watershed, possibly 

due to the contribution of other mines located south of ASSM. Common to Hg, As transport is 

generally occurring as particulate phase, ranging between 51 to 100%, although some 

exceptions are observed, since dissolved loads up to 43 and 126 g d-1 are transported at PA in 

September 2011 and March 2012, respectively, accounting for about 98 and 95% of total As 

load. Due to its preferential association to the dissolved phase (Martin and Meybeck, 1979), 

major loads for Sb are recognized to be partitioned in this fraction (~ 100%). However, 

commonly to all three metals, dissolved loads increase at site PA (Fig. 3.10 and 3.11, Table 3. 

6), suggesting that re-suspension of particulate Hg(As, Sb) accumulated in the local sink may 

in turn transiently affect the partitioning of Hg between particulate and dissolved forms 

(Wayne et al., 1996), determining an increase of Hg in dissolved species in some sector of the 

Paglia River. This effect is particularly evident for As and Sb, whose loads are mainly 

determined by dissolved fractions at PA. As the dissolved Hg species are the more promptly 

available to methylation reactions (Ullrich et al., 2001), possible conversion of Hg to methyl-

Hg would be expected in the PRB. Nevertheless, increase of methyl-Hg bioavailability with 

increasing distance from the ASSM was not reported in sites located near to Allerona 

(Rimondi et al., 2012), suggesting that methyl-Hg formation is probably not enhanced by the 

increase of dissolved Hg species.  
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Fig. 3.11. Spatial relation of As and Sb fluxes determined for each station in different 
hydrological periods Open symbols refers to Sb, full colored symbols to As. 

3.4.6 Anthropogenic contribution to Hg fluxes 

In order to determine how much of the observed Hg, As and Sb transport (i.e. load) was 

originated from natural processes, i.e. how continental erosion processes contributed to the 

river flux, we calculated the theoretical flux for each sampling site. Theoretical flux (FT), 

related only to natural denudation of Earth’s crust, was calculated as follows (Szefer, 1990): 

FT  Me AM  FSPM  LiSPM LiUCC⁄  

where [Me]AM is the Southern Tuscany natural background for Hg, As and Sb (cf. § 3.4.4), 

FSPM is the daily SPM flux, and LiSPM LiUCC⁄  is the ratio of Li content in particulate matter 

to that of the superficial Earth’s crust. Metal sources to the Paglia River were then identified 

by defining the ratio, FR  FOBS FT⁄ , between observed flux and theoretical flux. When FR is 

comprised between 0.5 and 1.5, natural erosion of continental crust is mainly responsible for 

the observed flux, while for FR >1.5 anthropogenic sources contribute to the mass transport 

(Szefer, 1990). FR values are significant only when the analyzed element is transported 
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principally as particulate phase. On the contrary, if the element partitions mainly as the 

dissolved form, the obtained FR are artificially elevated. In order to minimize such high FR 

values, especially for Sb, the ratios in this study were then calculated referring only to the 

observed particulate fluxes. The percentage ratio between the FT and FOBS (FT/FOBS (%)) was 

calculated in order to quantify how much of the observed flux was due to natural denudation 

phenomena. 

Background fluxes for Hg, As and Sb, FR values and FT/FOBS (%) are reported in Table 3.8. 

Maximum background fluxes are observed during the rainy season, when up to 7, 156 and 9 g 

d-1 are mobilized for Hg, As and Sb, respectively. These data are considered as baseline 

fluxes, i.e. related only to the natural erosion of continental rocks, i.e. without any 

anthropogenic source. The regional elevated concentrations of these metals in soils and 

sediments of the Mt. Amiata area (Protano et al., 1998), as a result of widespread diffusion of 

these elements in Tuscany mineral deposits, are mainly responsible for elevated background 

fluxes in Paglia River. Moreover, this phenomenon is accentuated by the highly erosional rate 

characterizing the PRB (5-6 cm y-1) (Della Seta et al., 2007), which promotes mobilization of 

naturally metal-enriched sediments in the basin, particularly by the action of heavy winter 

rains.  

Values of FR are between 1 and 108, ~1−72 and 10−29 for Hg, As and Sb, respectively and 

contrary to background fluxes, are higher during dry seasons (September 2011−March 2012), 

increasing from one to two orders of magnitude with respect to rainy season (Table 3.8). 

Higher FR are referred to PV for Hg and As, while at PA for Sb (Table 3.8). Percentage 

contributions of background flux to the observed (particulate) one (FT/FOBS %) range between 

1 to 82 % for Hg, from to 1 to >100 % for As and from 3 to 10 % for Sb, and are higher 

during the wet season (Table 3.8). Data suggest that a significant proportion of Hg is 

mobilized as result of anthropogenic activity, i.e. Hg mining activity at ASSM, as FR values 

are significantly higher than 1, particularly at PV. However, in summertime the absence of 

rainy events steeply decreases the amount of Hg deriving by denudation phenomena, 

increasing the percentage of Hg flux related to anthropogenic activity, i.e. discharge from the 

Galleria Italia becomes the predominant fraction of the observed Hg flux. Similar conclusions 

can be drawn for As, whose mass transport during March 2011 was almost completely 

associated to natural denudation phenomena (FR ~ 1). As data for Sb particulate fluxes were 

available only for September 2011, it was not possible to observe any FR seasonal variations 

as noted for Hg and As. However a small increase of FR between PC and PA (10 and 13, 

respectively) and associated decrease of FT/FOBS (from 10 to 8), confirm that ASSM does not 
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represent the only punctual source of Sb to the basin, the contributions to Sb fluxes mainly 

deriving from those mines located in the southern Mt. Amiata district. 

 

 Hg As Sb 
  FT 

(g d-1) 
FR 

FT/FOBS 

(%) 
FT 

(g d-1) 
FR 

FT/FOBS 

(%) 
FT 

(g d-1) 
FR 

FT/FOBS 
(%) 

March 2011 

PM 0.2 3 35     4    0.6 >100    0.3    n.d. n.d.
PV 2 17 6   44 3 33 3    n.d. n.d.
PC 7 2 40 156 1 100 9    n.d. n.d.
PA 4 2 47   88    0.6 >100 5    n.d. n.d.
September 2011 

PM n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
PV 0.2 108 1    5  15 7   0.3      29     3  
PC 0.2 17 6    5  13 7   0.3      10   10
PA 0.02 18 5      0.5    2     68     0.03    13    8
March 2012   
PM n.d. n.d. n.d.  n.d. n.d. n.d.   n.d.    n.d. n.d.
PV 0.05 21 5    1  72 1   0.1    n.d. n.d.
PC 0.1 8 13       2  25 4   0.1    n.d. n.d.
PA 0.7 1        82  16    1 90   0.9    n.d.    n.d.

Table 3.8. Theoretical fluxes (FT), flux ratio (FR) and percent ratio between theoretical and 
observed fluxes (FT/FOBS) of Hg, As and Sb at selected sites PM, PV, PC and PA. 

3.4.7 Mercury loads: comparison with other mining districts and annual estimate 

The maximum calculated daily loads in the Paglia River (site PV) are generally in the range 

or higher than those reported for Hg mining impacted basins with similar drainage area, such  

as those draining the most important Hg mines of the Californian Coast Ranges (Table 3.9). 

Higher loads were however reported for the Isonzo River (Idrija mine), which has a drainage 

basin (1,533 km2) much larger than that considered for Paglia River in this study (cf. § 3.2). 

For similar reasons, much higher Hg loads were measured at the outlet of the Sacramento 

River, that together with the Cache Creek drain 154,000 km2, being the 96th river in the world 

on the base of its water discharge (David et al., 2009). 

Although the data presented above suggest the importance of Hg transport in the Paglia River, 

they do not provide a representative estimate of Hg transport by the river on an annual time 

scale. However, as Hg is essentially transported bound to the particulate fraction, reasonable 

estimate of Hg fluxes are generally obtained from the mean annual concentration of HgSPM 

and established SPM fluxes in the basin, neglecting the contribute of HgD (Balogh et al., 
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1997; Thomas et al., 2002; Schäfer et al., 2006; Leicht et al., 2007). Nevertheless, 

computations of SPM fluxes are time-consuming, as much of SPM in river basin is 

transported in few days of the year (Horowitz et al., 2001; Moatar et al., 2006), then requiring 

an accurate choice of sampling frequency. Thus, reliable annual estimates of Hg loads are 

difficult, particularly in those basins where SPM fluxes are extremely variable, i.e. where 

different erosive factors occur together: elevated runoff during storm events, high acclivity, 

erodible formations, as it is the case for the Paglia River (Della Seta et al., 2007). 

Accordingly, the importance of episodic transport of Hg following storm events is stressed in 

different mining districts (Table 3.9). In these conditions, enormous quantities of SPM are 

indeed mobilized as a result of higher runoff, increased capacity for the stream to erode 

contaminated bank, and transport sediments (White and Kirchner, 2000), resulting in up to 

80-fold increase of Hg transport (White and Kirchner, 2000). Particularly, 8 days of flood 

event in the Isonzo River (Idrija mine) were enough to mobilize up to three times the amount 

of Hg transported in a whole year (Širca et al., 1999). Although in this study was not possible 

to continuously monitor SPM, estimate of yearly Hg load was performed at PV considering 

the mean of the daily loads measured in March and September 2011 (~ 30 g d-1), as 

representative of the whole year. This simplification is consistent with the finding that Hg 

loads at PV are pretty much unaffected by flow discharge. In this condition annual Hg load 

accounts to ~ 11 kg yr-1, being comparable to Hg loads observed elsewhere, and particularly 

being 10 times higher than those determined at the New Idrija Hg mine (Table 3.9), one of the 

most important Hg mine in North America. It should however be emphasized that this 

estimated annual flux has to be considered as a conservative estimate, being derived during 

flow baseline conditions for the Paglia River. In these calculations is indeed neglected the 

potentially high input of Hg during rainfall events, which may possible increase the estimate 

up to one order of magnitude (Ganguli et al., 2000). Particularly, flash flood events are well 

documented in the Paglia River. They are able to rapidly mobilize high volumes of suspended 

material during heavy winter rainfall (Di Tria et al., 1999), likely resulting in an additional 

increase of Hg budget for the basin. 

 

 

 

 

 

 



Chapter 3. Part II 

~ 93 ~ 

 Hg loads 

Hg mine districts and locations 
daily loads (g d-1)* 

annual 
loads 

baseline episodic flux (kg yr-1) 

Abbadia San Salvatore mine (Mt. Amiata, Italy)a 30 -- 11

Idrija mine (Slovenia)b 4,000 4,700 kg (8 d) 1,500

New Almadén mine (CCR1, California) c 30 22 (2 d) 4-30

New Idrija (CCR1, California)d 7 -- 1.5

Gambonini mine (CCR1, California)e 1.7 30 kg (2 d) --

Cache Creek mines (CCR1, California)f -- 134-2,400 (3 d) 4.5-12.5

CCR1 mines (California)g,h < d.l.-57 kg d-1 -- 61-470

athis study; bSirka et al. (1999); cThomas et al. (2002); dGanguli et al. (2000); eWhite and Kirchner (2000); 
fDomalgaski et al. (2004); gChoe et al. (2003); hDavid et al. (2009); 1California Coast Ranges 

Table 3.9. Reported total Hg loads calculated for creeks and rivers draining worldwide Hg 
mines. *Daily fluxes (storm events) are in g d-1, although otherwise specified; numbers in 
parenthesis indicate the duration of the event. 

3.5 Conclusions 

Mercury geochemistry is studied in different hydrologic conditions in the Paglia River 

watershed, which is heavily polluted by anthropogenic activity, mainly due to the past mining 

activity of Mt. Amiata. After more than 30 years from the end of the mining activity, this 

study shows that a Hg persistent contamination affects both waters and particulate matter of 

the Paglia River. Calculated EFLi
Hg and Igeo suggest that river suspended matter is enriched in 

Hg up to 100 times with respect to the natural background levels. Minor, but still significant, 

contamination of suspended matter in As and Sb is reported. Using tracer injection and water 

sampling, loads of Hg, As and Sb along the Paglia River are quantified. Particulate loads and 

partition coefficients show that Hg transport mainly occurs as Hg bound to particulate; Hg 

fluxes are 1 to 2 orders of magnitude higher than dissolved ones. Mercury partitioning in the 

Paglia River is mainly the result hydrological conditions and mine runoff. High loads of Hg 

(As) are the result of runoff from ASSM, the most important Hg producing mine in the Mt. 

Amiata district, as Hg (As) loads substantially decrease downstream from the mine area. 

Sharp change of the hydrological gradient along the river course causes the deposition of 

particulate Hg, which forms a sink, from which it is later mobilized during periods of low 

flows, representing a constant source of Hg to the basin. This mechanism of Hg transport in 
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the PRB is unaffected by the hydrological conditions of the river, while rainfall and the 

associated river discharge determine the quantities of Hg (i.e. load) released from the basin.  

The yearly Hg flux of 11 kg yr-1 represents the first reliable estimate of Hg transported by the 

Paglia River from the Mt. Amiata district during base flow conditions. However, such a value 

may highly underestimate the real amount of Hg transported in this area, as huge amount of 

SPM could be mobilized in the Paglia River as a consequence of multiple rainy days and/or 

storm events. Future studies are therefore needed in order to have additional information 

about temporal SPM fluctuations in the Paglia River, and to quantitatively determine the 

importance of flood events to mobilize particulate Hg. Particularly, due to the human-altered 

river morphodynamic, which favours downstream transport of Hg accumulated on the bottom 

of the river bed, data of this study highlight that elevated quantities of Hg could directly be 

delivered to the Tiber River, thus representing an hazard for its ecosystem. Additional 

investigations should be carried out in the Tiber River Basin to determine the impact of Hg 

discharged by the Paglia River, and to quantify the loads of Hg that are consequently 

discharged to the Mediterranean Sea. 
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CHAPTER 4 

PART III - MERCURY SPECIATION IN THE MINING DISTRICT OF MT. 

AMIATA (SOUTHERN TUSCANY, ITALY) 

Abstract 

A fundamental step in order to evaluate the biogeochemical and, in particular, the eco–

toxicological significance of Hg diffusion in the environment is to determine, rather than its 

absolute content, its speciation and reactivity in solid matrices. Various independent 

techniques, such as SEM–EDS, sequential extractions (SCE), and X–Ray Absorption 

Spectroscopy (XAS), are applied in this study in order to unravel the Hg speciation in samples 

coming from the Hg mining district of Mt. Amiata, located in Southern Tuscany (Italy). 

Different geological materials, like waste calcines, soils, sediments, and water particulate 

matter were analyzed. Due to the complex mineralogy of the samples, the results obtained by 

the different techniques are sometimes ambiguous, or conflicting. Results show that the 

samples are mainly composed by insoluble sulphide minerals (cinnabar and metacinnabar), 

together with a significant proportion of soluble Hg compounds. Their formation is 

presumably the result of ore-roasting process, post-depositional weathering reactions, and 

waste calcine runoff. In addition, the wide distribution of elemental Hg (Hg0) in sediments 

draining the mining area at present or in the recent past, highlights the strong impact of 

anthropogenic activity in this area. Nowadays, the principal environmental concern in the Mt. 

Amiata district is represented by the diffusion downstream of the mine of soluble ionic Hg 

compounds, which could provide Hg(II) species for methylation reactions. In spite of some 

unresolved ambiguities, a multi-technique approach to study Hg speciation appears of 

fundamental importance to fully characterize complex matrices, particularly in order to 

overpass the inherent limitations that characterize each methodology. 

Keywords: mercury, speciation, X-Ray Absorption Spectroscopy, Sequential chemical 
extractions 

4.1 Introduction 

Mercury is a heavy metal of environmental concern, indicated by the U.S. Environmental 

Protection Agency (US EPA) as the most impacting to human health of all the pollutants 
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included in the Clean Air Act (US EPA, 1997). The greatest potential threat of Hg is its 

natural conversion to methyl–Hg, an organic compound that is at least one order of magnitude 

more mobile than inorganic Hg, 50-100 times more toxic, and more readily bioaccumulated 

especially in the aquatic food web (Compeau and Bartha, 1984; Bloom and Porcella, 1994; 

US EPA, 2001; Gabriel et Williamson, 2004).  

As for other metals, Hg speciation is fundamental because it controls its solubility, reactivity, 

bioavailability, and therefore its toxicity. The solubility of Hg compounds extends across both 

ends of the solubility range, from Hg sulfides, which are chemically unreactive and stable 

over geological times, to Hg-chloride/sulphates/oxides, which show a much higher solubility. 

Consequently, Hg sulfides, although representing the most abundant Hg compounds in 

mining sites, are by far the least toxic compounds. 

A significant risk associated to dismissed and active Hg mines worldwide is the natural 

erosion by local streams and rivers of roasted mine wastes (calcines), which are often 

improperly disposed. Due to the inefficiency of retorting processes, calcines still contain 

appreciable amount of Hg in the form of unconverted cinnabar and metacinnabar, but more 

importantly in the form of Hg0 and ionic Hg compounds formed during ore processing (Kim 

et al., 2000, 2003, 2004; Gray et al., 2006; Esbrí et al., 2010). These water soluble Hg 

compounds may adversely impact the environment because they release Hg(II) species, which 

are the main precursors to the formation of methyl-Hg (Compeau and Bartha, 1984; Ullrich et 

al., 2001). Therefore, environmental studies addressed to determine the speciation of Hg in 

areas impacted by mining are essential to establish effective cleanup strategies, and to protect 

humans and biota from exposure to highly toxic methyl-Hg. 

The speciation of dilute Hg levels in complex mixed inorganic and organic matrices, such as 

soils and sediments, can be determined by means of different techniques: sequential chemical 

extractions (SCE) (Neculita et al., 2005; Sanchéz et al., 2005), sequential thermal desorption 

(Biester et al., 1999, 2000; Teršič et al., 2011), microbeam analysis (SEM-EDS and TEM), 

and X–Ray Absorption Spectroscopy (XAS). Differently from the others, SCE do not yield 

indications about mineralogical phases in the samples, but define an operational speciation 

(fractionation), that is assumed to indicate the biogeochemical behaviour of the fractions 

present in the sample. SCE offer therefore a direct tool to evaluate the behaviour of Hg in 

natural conditions, and have been widely applied for speciation studies in mining districts 

(Martín-Doimeadios et al., 2000; Kocman et al., 2004; Lin et al., 2010). On the other hand, 

XAS has been shown to provide direct in situ information on Hg major phases in different 

matrices, and has been intensively applied to study Hg speciation in minerals (Behra et al., 
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2001), plants (Patty et al., 2009), fish (Kuwabara et al., 2007), and particularly to characterize 

high grade Hg geological materials such as waste calcine (Kim et al., 2000; 2003; 2004; 

Bernaus et al., 2006a; Esbrì et al., 2010) and contaminated soils (Bernaus et al., 2006b; 

Terzano et al., 2010). All these techniques suffer for some inherent limitations, which include 

a non fully specific removal of Hg phases over multiple extraction steps for SCE, and a high  

Hg concentration threshold (usually ~ 1-100 μg/g) for XAS, preventing the application of this 

spectroscopy to highly dilute (ppb) Hg compounds, which is the usual concentration of 

methyl-Hg found in contaminated areas. A further limitation of XAS is that the phases 

contained in low relative proportions (< ~10%) are usually difficult to detect because their 

signal is hindered by the species occurring in higher relative proportions; on the other hand, 

even small percentages can be quantified by SCE. Nevertheless, information deriving from 

these two techniques is complementary, therefore their combined application should provide a 

reliable picture of metal speciation in many environmentally relevant materials (Kim et al., 

2003; Terzano et al., 2010).  

Starting from this consideration, the present study combines routine microbeam analysis 

(SEM–EDS) with SCE and XAS in order to characterize Hg speciation in samples coming 

from the Mt. Amiata Hg district and particularly the Abbadia San Salvatore Hg mine 

(Southern Tuscany, Italy; Fig. 4.1). At a continental scale, this district belongs to the large 

circum–Mediterranean Hg belt, which hosts about 65% of world cinnabar deposits (Bargagli 

et al., 1986). Although mining activity in this area ceased in 1980s, abandoned and untreated 

mine wastes continue to release Hg in the environment, where it is actively methylated  

(Rimondi et al., 2012). Furthermore, the presence of elemental Hg is well visible in soils of 

the mining area. To our knowledge, only a previous speciation study was conducted in this 

area by application of SEC (Malferrari et al., 2011); however investigations coupling XAS 

and SCE were never conducted in this important Hg district. A comprehensive set of samples, 

ranging from 27–1,500 μg/g Hg, are analyzed in this work. They include: 1) waste calcines 

and soils of the mining area; 2) particulate dispersed in stream waters, and stream sediments 

collected from the watercourse receiving drainage from the Hg mines; 3) pre-industrial stream 

sediments. This dataset was chosen in order to delineate a complete picture of Hg speciation 

in different geological and mine samples, starting from the source of Hg to the environment 

(calcines and soils of the mining area) down to the targets of contamination (lake and stream 

sediments), while the present-day transport conditions are monitored by means of particulate 

matter in waters. The study of Hg speciation in sediments presumably deposited in pre-
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industrial times, and therefore not affected by anthropogenic activities, should provide an 

indication of the local natural background. 

4.2 Experimental Section 

4.2.1 Investigated site 

Southern Tuscany, located in central Italy, has been one of the most important mining districts 

in Italy, since the Pre-Roman Age. Mining activities for exploitation of cinnabar at the Mt. 

Amiata volcano–geothermal area started during the Etruscan period, although discontinuously 

and not extensively; after a prolonged period of inactivity, Hg mining went on without 

interruptions from 1870 to 1982, when the exploitation of Hg mines was definitely 

abandoned. The Mt. Amiata Hg mines produced a total of more than 102,000 t of Hg (3 

million flasks of Hg of 34.5 kg each) (Ferrara et al., 1998) in about one century of activity, 

making it the 4th largest Hg producing district worldwide. The Abbadia San Salvatore Hg 

mine, located few km east of Mt. Amiata (Fig. 4.1), was the most important mine of the entire 

district, and where the samples of this study were collected.  

 

 

Fig. 4.1. Localization of the study area and sampling sites, and schematic representation of 
main outcropping formations: 1) Alluvial deposits (Holocene); 2) Volcanic rocks 
(Pleistocene); 3) Neogene deposits (Pliocene); 4) Ligurian Domain (Oligocene−Late 
Cretaceous).  
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As it is common to the majority of Hg mines, Hg ore at the studied site is essentially cinnabar, 

while the presence of stibnite, piryte, realgar, and orpiment was also reported (Morteani et al., 

2011). The mineralization is located in flysch complexes belonging to the Ligurian Domain 

(Cretaceous-Oligocene), and partially in the volcanic rocks of Quaternary age related to the 

magmatism of Mt. Amiata volcano (Tanelli et al., 1983). Mercury, and associate Sb 

metallogeny in Tuscany is considered to be the result of shallow convective hydrothermal 

circulation triggered by the emplacement of granitoids in the mid-crust (Tanelli et al., 1983; 

Klemm and Neumann, 1984). 

4.2.2 Sample collection and preparation 

Samples were recovered from the dismissed plant of Abbadia San Salvatore, and its main 

drainage network, represented by the Pagliola Creek and thereafter Paglia River (Fig. 4.1). A 

list of the samples analyzed in this study, and a brief description is presented in Table 4.1.  

 
Table 4.1. Samples location in the mining district of Mt. Amiata. 

Particularly, based on field surveys, sedimentologic characterization and paleohydrographic 

reconstructions, different orders of terraced fluvial deposits located in the modern valley of 

Paglia River were recognized in this area. Thanks to this reconstruction, both sediments 

considered to pre-date industrial activity and sediments dated to the recent-past, i.e. the time 

of mining, were sampled. In the following we refer to these samples as fossil (PRO) and 

recent sediments (PRR), respectively. Lastly, active stream sediments of Pagliola Creek 

(PRS) were collected because they are considered to geochemically represent the catchment 

ID Sampling area Material 

PRR1-2 Paglia River, ~ 5 km downstream the 
mine 

Sediment from the Paglia River internal  
terrace; recent sediment 

PRO1-2 Paglia River, ~ 5 km downstream the 
mine 

Sediment from the Paglia River external  
terrace, fossil sediment 

PRS1-2 Pagliola Creek, ~ 5 km downstream the 
mine 

Stream sediment of the Pagliola Creek,  
present-day stream sediment 

PM1 Pagliola Creek, ~ 5 km downstream the 
mine 

Suspended particulate matter of Pagliola 
Creek 

SOIL1 Mine and metallurgical plant Forest soil from the mining area 

CAL1-2 Mine and metallurgical plant Calcination waste 

LAK1 La Gora lake, town centre Lake sediment receiving the runoff from the 
mine 
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area they are draining. Calcines, sediments and soils were sampled in polyethylene bags, air-

dried, sieved at 180 mm, and ground before analysis. Particulate matter was collected by 

filtering a known amount of water at 0.45 μm with sterilized cellulose filter, oven-dried at 60 

°C until a constant weight, and then scrap off from the filter.  

4.2.3 Mineralogical and chemical characterization 

Samples of calcine, soil, sediment and suspended matter were analyzed for total Hg 

concentrations at the Dipartimento di Scienze della Terra, Università di Firenze, by digestion 

with aqua regia (3:1 HCl:HNO3), and analysis by cold vapor atomic absorption spectroscopy 

(CVAAS). The data were reported as an average of a duplicate analysis with a mean internal 

reproducibility of 19%. The analytical quality was checked by using international standards; 

differences with respect to the certified Hg values was <10%. 

For a mineralogical characterization of samples, XRD diffraction spectra were collected using 

a Philips PW 1050/37 diffractometer equipped with a Cu X–ray tube, using a step-scanning 

the range from 0 to 70° 2θ at angular increments of 0.05°. SEM observations coupled with 

EDX spectrometry were also performed on all samples, with a specific attention to the 

presence of Hg-bearing compounds. The SEM study was conducted on a ZEISS EVO MA15 

instrument, equipped with an  OXFORD INCA 250 EDX detector. 

4.2.4 X-Ray Absorption Spectroscopy 

XAS measurements were conducted at the European Synchrotron Facility (ESRF) in 

Grenoble (France) at the beamline BM25 (SPLINE) at the Hg LIII-edge (12,284 eV). The 

main optical elements included a pseudo channel-cut type monochromator with two fixed 

Si(111) crystals and Rh coated mirrors, placed upstream and downstream the monochromator, 

for collimation, vertical focusing, and rejection of higher harmonics. XANES spectra were 

collected at room temperature in fluorescence–yield mode using a 13-element solid state 

(Si(Li)) detector (e2v Scientific Instruments) optimized for the detection of dilute elements. 

Al–filters of suitable thickness were used in order to attenuate the strong fluorescence signal 

from the matrix (especially Fe). Depending on the concentration of Hg, two or three 

consecutive scans were acquired to improve statistic. Portions of the same samples used for 

chemical characterization were newly ground for synchrotron analysis in an agate mortar, 

then mixed and homogenized with cellulose, and finally pressed to a pellet. This procedure 

should ensure a homogenous distribution of Hg in the analyzed samples.    
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Several Hg reference compounds were chosen on the basis of the knowledge of the 

mineralogy of the studied area, and of the possible weathering and anthropogenic processes 

that could have occurred. Spectra for these compounds were acquired in transmission mode 

using ionization chambers. The set of reference compounds included natural and synthetic 

phases: Hg0, Hg2Cl2 (calomel), HgCl2, Hg2SO4, HgO, HgSred (cinnabar), HgSblack 

(metacinnabar), Hg2NCl0.5(SO4)0.3(MoO4)0.1(CO3)0.1  H2O (Hgmos; mosesite) and Hg3(SO4)O2 

(Hgsch; schuetteite). 

In addition, an Hg0 reference spectrum, prepared embedding a fine emulsion of elemental Hg 

in epoxy resin, was simultaneously acquired at each energy scan for accurate energy 

calibration using a third ionization chamber. Principal Component Analysis (PCA) and Least 

Combination Fitting (LCF) were applied to the XANES spectra to obtain quantitative 

information on the sample speciation. PCA allows determining the minimum number of 

components necessary to reconstruct an experimental spectrum, and to identify the best 

candidates among a set of reference compounds through a procedure called "target 

transformation". LCF consists in a weighted linear combination of the reference standards 

suggested by PCA able to reconstruct a given experimental spectrum. Therefore, provided 

that the set of reference compounds is sufficiently representative, LCF can reveal the relative 

amounts of the main phases present in the samples. PCA and LCF were performed using the 

SIXPACK and IFEFFIT packages, respectively (Ravel and Newville, 2005; Webb, 2005). 

4.2.5 Sequential Chemical Extractions  

In sequential extractions the sample is treated with a series of different reagents which are 

expected to selectively dissolve specific mineral phases. Besides the most common protocol 

(Tessier et al., 1979), more specific procedures have been formulated in these years for Hg 

analysis (see Issaro et al., 2009 for a complete review), because most procedures applied to 

other metals are not suitable for Hg. It has been demonstrated, for example, that Hg is rarely 

associated with the exchangeable fractions (Martín-Doimeadios et al., 2000), while on the 

contrary it is often bound to humic/fulvic phase, which deserves a specific extraction step (Di 

Giulio and Ryan, 1987). Finally, as Hg silicates are rare, a final residual step with 

hydrofluoric acid can be avoided, while an aqua regia step is fundamental in order to 

solubilize sulphide minerals, the most important carriers of Hg in the environment. Taking all 

the above into account, in this study the protocol of Bloom et al. (2003) was applied to 

samples analyzed by XAS spectroscopy. Furthermore, Bloom’s procedure included a specific 

extraction step for the determination of metallic Hg (Hg0), which is a highly probable phase in 
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our samples. The SCE consisted of five steps, including: (a) water soluble (F1); (b) “human 

acid stomach” soluble (F2); (c) organo-chelated (F3); (d) elemental Hg (F4); and (e) mercuric 

sulphide. It should be noted that as natural Hg carbonated are not known, a “carbonatic” step 

in order to recover Hg from this fraction is usually not present (Issaro et al., 2009). The 

sequential extraction steps, the reagents employed, and Hg phases that are typically removed 

at each step are reported in Table 4.2. Extractions were conducted by continuous agitation of 

0.4 g of solid for 18 ± 4h at room temperature at a solid/liquid ratio of 1:100. After each step, 

the supernatant was separated from the remained solid by centrifugation for 10 min at 10,000 

rpm. Dissolved Hg concentrations in the supernatants were determined by CV–AAS with a 

lower detection limit of 1 μg/l, corresponding to an Hg concentration in each step of 0.2 μg/g. 

Blanks were analyzed for each extraction steps. The accuracy of the analysis was assessed by 

comparing the sum of Hg extracted in the five extraction steps with Hg concentrations coming 

from a single extraction with aqua regia. Percentages of recovery ranged between 70 and 

104% (mean 91%), well within the error commonly accepted for SCE (Cuong and Obbard, 

2006). 

Table 4.2. Sequential extraction method developed by Bloom et al. (2003). 

Generally, one of the main drawbacks of SCE is the lack of a standard that certifies the 

percentage of recovery for each extraction step. However, the sequential extraction method 

developed by Bloom et al. (2003) makes use of the international standard, NIST–2710 (Soil, 

Montana), furnishing a term of comparison. Bloom’s SCE was therefore applied in our 

laboratories to NIST-2710, obtaining a Hg recovery for each step well comparable to that of 

Bloom et al. (2003) (Table 4.3), thus confirming the good accuracy of the analysis. An 

Step Extractant Description Compounds removed 

F1 milliQ water hydro-soluble Hg HgCl2 

F2 0.01M HCl/0.1M HOAc  "human stomach acid"  
 

HgO, HgSO4 

F3 1M KOH Hg in reducible forms Organo-complexed (i.e. 
Hg-
humic/fulvic),Hg2Cl2, 
CH3Hg 

F4 12M HNO3 strong complexed Hg  
and/or in oxidizable form 

Hg in mineral lattice, 
Hg2Cl2, Hg0 

F5 Aqua regia  mercuric sulphides HgS, m-HgS, HgSe 
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additional quality control consisted in replicates on samples CAL1 and PRO1 to check for 

reproducibility. 

Sample name  Hg (µg/g)  

  F1 F2 F3 F4 F5 sum % 

recovered 

NIST–2710 

this 

study 

< d.l. < d.l. 1 15   16    32 97 

Bloom 
et al. 
(2003) 

0.2 0.02 1.5 12.0 19.0 32.7 102 

  
Table 4.3. Comparison between the recoveries for the international standard NIST-2710 
obtained in this study and by Bloom et al. (2003). 

4.3 Results and discussion 

4.3.1 Chemical and mineralogical characterization 

 
Total Hg contents in the analyzed samples vary between 27 and 1,480 μg/g (Table 4.4). 

Higher concentrations are found in calcines of the mining area, as due to the inefficiency of 

ore roasting process considerable amounts of Hg are still present in roasted materials 

(Rimondi et al., 2012).  

Sample material Hg (μg/g) 

PRR1 river sediment 671 

PRR2 river sediment 368 

PRO1 river sediment 108 

PRO2 river sediment 516 

PRS1 stream sediment 665 

PRS2 stream sediment 154 

PM1 suspended matter 27 

SOIL1 soil 396 

CAL1 calcine 688 

CAL2 calcine 1480 

LAK1 lake sediment 348 
 
Table 4.4. Mercury contents in samples from the Mt. Amiata mining district. 
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The high Hg concentrations reported for soils, stream and lake sediments located downstream 

the mine (Table 4.4) suggest that the runoff from contaminated waste and/or of Hg-bearing 

rocks determines high availability of Hg in this ecosystem. Particularly, concentrations in 

stream sediments are much higher than those previously observed (Rimondi et al., 2012), 

suggesting an intensive local accumulation of Hg in the Paglia River sediments. Although 

particulate matter shows the lowest concentration of Hg (27 µg/g; Table 4.4), this Hg content 

indicates a still active transport of Hg from the mine even 30 years after the ending of mining 

operations. 

The results of XRD and SEM/EDS studies conducted on the same portion of samples 

analyzed by XAS are summarized in Table 4.5. XRD shows that the matrix of all samples but 

calcines is predominantly composed by plagioclase, micas (biotite or muscovite), pyroxene, 

k-feldspar, quartz, and clay minerals (clinochlore, illite). This mineralogy is consistent with 

the geology of Mt. Amiata, where the major outcropping formations are made of volcanics, 

shales, and carbonate rocks; clay minerals result from weathering of mafic minerals. Electron 

microscope studies reveal the presence of other minor mineral phases, associated to the 

silicatic matrix, particularly Fe, Ti and Fe-Ti (ilmenite) oxides, zircon, apatite, and REE (-Ce) 

silicates. Specifically, perrierite-(Ce) [(Ce,La,Ca)4(Fe2+,Mg)2(Ti,Fe3+)3Si4O22] and allanite- 

(Ce) [(Ce,Ca,Y)2(Al,Fe3+)3(SiO4)3(OH)], have been extensively reported as accessory phases, 

together with ilmenite, magnetite, apatite, and zircon in the volcanites of Mt. Amiata (Van 

Bergen, 1984; Tonarini et al., 2003; MacDonald et al., 2009). Barite is also observed in this 

study, probably as a product of hydrothermal alteration from the active circulation of 

hydrothermal fluids (Brogi et al., 2011). XRD and SEM/EDX of calcines show that they are 

mainly composed by calcite, gypsum, quartz, and minor phyllosilicates (muscovite). 

Accessory phases are represented by hematite, allanite-(Ce), and zircon. Quartz is an 

abundant mineral in the primary assemblage of the ore deposits, thus it should be considered 

as a residual phase of the roasting process, together with minor allanite and zircon. Calcite 

and gypsum are instead secondary minerals, formed as a result of the roasting process, which 

generally involved the addition of lime (calcination). Hematite and oxyhydroxides are 

common phases in calcines (Gray et al., 2006) and are responsible for the red-violet color that 

characterizes these materials.  

As expected, no Hg phases were detected by XRD because they represent a very minor 

proportion of the mineralogy of the samples (below 5%). On the contrary, numerous Hg-

bearing phases were identified by electron microscopy in all samples, with the exception of 

PRO1, PRS1, and PM1. SEM images reveal that Hg is present as discrete particles of 



Chapter 4. Part III 

~ 111 ~ 
 

diameters ranging from few up to tens or hundreds of μm (Fig. 4.2); the corresponding EDX 

analysis identifies these phases as HgS, Hg2Cl2 (calomel), and HgO (montroydite) as shown 

in Fig. 4.2. Additional particles containing Hg-S-Cl-O, probably corresponding to Hg 

hydroxyhalides such as kleinite [Hg2N(Cl,SO4)  n(H2O)], were identified by EDX, although 

the limitations of this technique prevents their certain identification.  

 

Table 4.5. Mineralogical characterization of the samples analyzed in this study by XRD and 
microbeam analysis (SEM/EDS). 

 

 XRD SEM-EDS Hg compounds 

SOIL1 quartz, orthopyroxene, 
 K-feldspar, biotite 

ilmenite, ox Fe HgS (8), Hg-S-Cl 
(1), Hg2Cl2 (1), 
HgO (1) 

PRO1 quartz, calcite, clay minerals 
(clinochlore, illite) 

ilmenite, barite / 

PRO2 quartz, calcite, plagioclase, 
clay minerals (clinochlore) 

barite, sphalerite, 
aluminocerite-(Ce), 
allanite, apatite 

HgS (4) 

PRS1 quartz, calcite, albite, 
phyllosilicates 

Barite, biotite, pyrite, ox 
Fe 

/ 

PRS2 quartz, calcite, muscovite, clay 
minerals (clinochlore) 

barite, ilmenite, ox Fe, 
clorite, biotite,  
aluminocerite-(Ce) 

HgS (3), HgO (1) 

LAK1 quartz, K-feldspar, plagioclase, 
biotite 

ilmenite, Au, ox Fe, 
perrierite, zircone, ox Ti 

HgS (6), Hg-S-Cl 
(1) 

PRR1 quartz, calcite, muscovite, clay 
minerals (clinochlore) 

apatite, ox Fe, 
aluminocerite-(Ce) 

HgS (1) 

PRR2 quartz, calcite, muscovite, clay 
minerals (clinochlore) 

Barite HgS (7) 

CAL-1 calcite, gypsum, quartz ox Fe, qz, barite, zircone HgS (4) 

CAL-2 calcite, gypsum, quartz biotite, gypsum, allanite, 
ox Fe, ox Fe (pseud py) 

HgS (7), HgO (1) 

PV1 quartz,  muscovite, clay 
minerals (clinochlore), 
plagioclase 

ox Fe / 

() number of grains identified for each phase 



Chapter 4. Part III 

~ 112 ~ 
 

 

Fig. 4.2. SEM backscattered electron images of Hg-bearing grains identified as HgS (A), 
HgO (B) and Hg2Cl2 (C) phases. The insets show the corresponding EDX spectra.  

4.3.2 XAS  

The normalized near edge absorption spectra (XANES) of the samples and reference 

compounds are reported respectively in the left and right panels of Fig. 4.3, together with the 

best linear combination fitting curve (in left panel) and the Target Transform (TT) curves 

(right panel). The XANES of the standards compounds show the distinctive spectral features, 

supporting the validity of the PCA and LCF analysis presented in the following. PCA was 

applied to the XANES spectra, suggesting that one single component is mainly responsible 

for the variation of the spectra, while TT applied on the set of reference compounds showed 

that the statistical indicators (2 and R) underwent to a steep increase after the six standard 

compounds:  HgSred, Hg0, HgSblack, Hg2Cl2, HgCl2, and Hgmos. The results of TT using six 

components are reported in Table 4.6 and the TT curves are plotted in the right panel of Fig. 

4.3 superimposed with the corresponding target spectrums. LCF, performed using these six 

standards, led to excellent matches with the samples’ spectra. The results of the LCF are 

reported in Table 4.6 and the fitted curves are plotted in the left panel of Fig. 4.3, 

superimposed to the corresponding samples spectra. All possible two to six components fits 

were optimized by minimizing the reduced 2. Starting from the best two components fit, the 
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best fit with n + 1 components was considered to be significantly better than the best n-

component one, if its 2 was at least 15% lower than that of the best n-component fit. The 

precision of the fractions obtained from LCF was previously estimated to be between 10 and 

20% of the total Hg (Isaure et al., 2002; Panfili et al, 2005; Bardelli et al., 2011), but it 

strongly depends on the signal to noise ratio and on the errors in the normalization procedure. 

Fractions occurring in amounts <10% were found to improve the fits negligibly and were 

therefore ignored. The sum of the fractions is 100% for all samples (Table 4.6), supporting the 

correctness of the fitting procedure. Results from LCF analysis generally quantify Hg 

sulphides for much more than 50% of the total Hg compounds and confirm the extremely 

heterogeneous nature of the samples, as already pointed out by SEM-EDS analysis. Metallic 

Hg (Hg0) is found as one of the main phases in both recent stream sediments (PRS), and 

industrialized sediments (PRR), where it accounts for remarkable fractions, ranging from 22 

up to 40% (Table 4.6). The other relevant mineral species is mosesite 

(Hg2NCl0.5(SO4)0.3(MoO4)0.1(CO3)0.1H2O, theoretical formula), which occurs in almost half 

of the samples.  

         

Fig. 4.3. Left panel: XANES spectra of the samples (points) with linear combination fit curves 
superimposed (solid lines). The vertical dashed lines serve to highlight some of the main 
spectral features. Right panel: XANES spectra of the Hg reference compounds (thinner lines) 
with Target Transforms curves superimposed (thicker lines). 
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Table 4.6. Hg fractions derived from LCF. The sum of the fractions (Σ), which is 100% for all 

samples, and the value of the reduced  square (v
2), both indicate good matches with the 

experimental spectra. *The higher value of the v
2 for PM1 is due to the low signal to noise 

ratio of this spectrum. 

The phases identified by XAS are generally comprised in those reported by the EDS analysis, 

with the exception of montroydite (HgO), that was not detected by XAS. However, it should 

note that bulk XAS analysis, as such performed in this work, gives information on the average 

composition of the samples, while EDS, being a microprobe technique, gives punctual 

analysis. Therefore, the differences between EDS and XAS techniques are due to the high 

heterogeneity of the samples. Moreover, minor Hg phases, occurring in fractions <10%, can 

be present but were ignored considering the large error associated with XAS procedure (10 - 

20%). 

4.3.3 SCE 

The results of SCE expressed as cumulative percentage and absolute contents of extracted Hg 

are reported in Fig. 4.4 and Table 4.7, respectively. Mercury is extensively recovered in all 

samples during F5 and F4 steps, which account for Hg bound to sulphide fraction, strong 

complexed plus Hg0, respectively. Particularly, the sulphide fraction generally extracts more 

than 80% of Hg (Fig. 4.4), corresponding to Hg range of 72-1,016 µg/g (Table 4.7). The only 

exception is for samples CAL1 and PM1, where F4 extraction accounts for more than 50% of 

the total Hg budget. Lesser extent of Hg is mobilized by F1-F3, which cumulative percentages 

are <15% (Fig. 4.4). Particularly, steps F1-F2 indicate the presence of low proportions of 

 HgS(red) HgS(black) Hg2Cl2 HgCl2 Hgmos Hg0 Σ 2  

CAL1 40 60 -- -- -- -- 100 0.00017 

CAL2 21 37 -- -- 42 -- 100 0.00014 

SOIL1 -- 100 -- -- -- -- 100 - 

PRR1 60 -- -- -- -- 40 100 0.00076 

PRR2 67 -- -- -- -- 32 100 0.00095 

PRS1 63 -- -- -- -- 37 100 0.00079 

PRS2 20 -- -- 22 36 22  100 0.00075 

PRO2 100 -- -- -- -- -- 100 - 

PRO1 61 -- 39 -- -- -- 100 0.00090 

LAK1 76 24 -- -- -- -- 100 0.00051 

PM1 60 20 -- -- 20 -- 100 0.0030* 
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soluble Hg compounds, which are generally ascribed as the “bioaccessible” Hg (Bloom et al., 

2003). Although representing only the 12% of total Hg budget, the absolute content of this 

fraction is particularly elevated in sample CAL2, when up to 144 µg/g Hg are extracted 

during F1-F2. 

 

Fig. 4.4. Percent of Hg extracted in each fraction of SCE for the samples analyzed in this 
study. 

 

 Sample F1 F2 F3 F4 F5

CAL1 2 1 1 368 360

CAL2 4 136 6 36 1,016

PRR1 u.d.l. u.d.l. u.d.l. 14 540

PRR2 u.d.l. u.d.l. u.d.l. 48 297

PRO2 u.d.l. u.d.l. u.d.l. 17 459

PRO1 u.d.l. u.d.l. u.d.l. 3 72

LAK1 u.d.l. u.d.l. u.d.l. 16 278

SOIL1 u.d.l. 1 5 50 296

PRS1 u.d.l. u.d.l. u.d.l. 4 610

PRS2 u.d.l. u.d.l. 1 16 144

PM1 u.d.l. u.d.l. 3 18 6

 
Table 4.7. Hg concentrations (µg/g) resulting from the five steps extraction procedure applied 
in this study. (u.d.l. stays for under detection limit). 
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Comparison of the replicated SEC steps to samples CAL1 and PRO1 shows good agreement 

for high concentrations of Hg, i.e. for steps F4 and F5 when much of Hg is extracted (Table 

4.8). In this case, the differences are less than 15%. However, lower reproducibility is 

reported for the F1-F3 steps when the amount of recovered Hg is generally low (< 10 µg/g), 

and differences between replicated steps may reach 80% (CAL1). As outlined by SEM 

analysis, despite grinding, Hg compounds are widespread as isolated grains of considerable 

dimensions in the matrix, reflecting their inhomogeneous distribution in the samples. This 

observation is common for Hg, that thanks to physical resistance of its compounds, is 

common to nugget effect, resulting in scarce reproducibility also for total digestion 

procedures (Kocman et al., 2006). As a consequence, a scarce reproducibility of SCE was 

achieved in this study for those compounds which are present in lower concentrations, and  

may or may not be present in the portions of samples being digested.  

Sample name  Hg (μg/g) 
  F1 F2 F3 F4 F5 Σ step % recovered 

CAL1-I  0.3 < d.l. 0.6 326 347 674 98 

CAL1–II  0.6 0.2 0.5 348 313 663 96 

CAL1–III  1.6 1.2 0.9 368 360 732 106 

PRO1–I  < d.l. < d.l. < d.l. 3 72 75 70 

PRO1–II  < d.l. < d.l. < d.l. 3 72 75 70 

  
Table 4.8. Replicated SCE procedures for samples CAL1 and PRO1. 

4.3.4 Mercury speciation 

The qualitative results deriving from the two independent speciation methods, SCE and XAS, 

are generally similar, although some discrepancies are evident for specific samples. Both 

techniques indicate Hg sulphides as the principal Hg-bearing phase in most of the samples 

analyzed, in agreement with the fact that cinnabar (HgSred) is the primary ore mineral in Hg 

deposits. The inefficiency of roasting process, designed to extract metallic Hg from ores, 

results in significant amount of unconverted cinnabar in waste calcine deposits worldwide 

(Kim et al., 2000, 2004; Esbrí et al., 2010). Although cinnabar represents the 

thermodynamically stable form of HgS at low temperatures and reducing conditions (Dickson 

and Tunell, 1959), metacinnabar (HgSblack), the metastable polymorph of HgS, is widely 

diffused both in waste calcines and soils of the Mt. Amiata area. The occurrence of 

matacinnabar is common in slag materials and derived soils whenever the high temperatures 
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(~ 600 °C) of mineral processing trigger the structural conversion of cinnabar to metacinnabar 

(Kim et al., 2003; 2004; Bernaus et al., 2005). The transition between the two polymorphs 

occurs at 345 °C (Kullerud, 1965) and, once formed, metacinnabar is stabilized by the 

presence of impurities such as Zn, Se, and Fe. These elements then prevent the reversion of  

metacinnabar to the original red form by lowering the phase transition temperature and 

retarding the conversion kinetic (Dickson and Tunell, 1959). Both polymorphs of HgS are 

extremely insoluble mineralogical phases (Kps are in the range of 10-36; Schwarzenbach and 

Widmer, 1963), and are kinetically resistant to oxidation; therefore, once formed in anoxic 

conditions, they are stable even in oxidizing environments (Barnett et al., 2001). Physical 

weathering and erosion of cinnabar-bearing rocks and waste calcines of mining area result 

then in cinnabar/metacinnabar mobilization by water and consequent transport in the form of 

particulate to the lake and streams of Mt. Amiata, where it accumulates in sediments.  

The prevalence of chloride-bearing phases (calomel, mosesite and HgCl2) in calcines, stream 

and fossil sediments shown by XAS, is typical of Hg deposits located in hot spring areas 

(Kim et al., 2000, 2004; Bernaus et al., 2005), as it is the case of the Mt. Amiata Hg district 

(Rytuba, 2003), where the local salinity levels in geothermal fluids may favor the formation 

of Hg chloride minerals (Kim et al., 2003, 2004). Higher proportions of mosesite in calcines 

particularly implies that this phase is primarily formed during secondary processes, either 

during ore roasting, or, at a later time, during chemical weathering reactions. The high 

proportion of residual Hg in roasted materials has probably reacted with free Cl–, which 

became available for vaporization of residual water, or decomposition of hydrothermal 

minerals, such as clays (Kim et al., 2004). Mosesite is moreover found in present-day stream 

sediments draining the Mt. Amiata (PRS2), where it may be present as: a) secondary mineral 

accumulated as a result of its chemical/physical transport from calcines, or b) secondary in 

situ product of supergene alteration of cinnabar. Although active transport of mosesite from 

calcines is documented by the recovering of this phase in water particulate matter, free Hg 

available for formation of Hg-chlorides may have produced even in the fluvial system of 

Paglia River by dissolution of primary cinnabar. In spite of its resistance to chemical 

alteration, cinnabar solubility can be enhanced by particular environmental conditions, such as 

in presence of elemental sulfur, chloride-rich waters, organic matter, and Fe3+ during mine 

drainage (Burkstaller et al., 1975; Paquette et al., 1997, Ravichandran et al., 1999a,b). 

Furthermore, oxidative dissolution of cinnabar has been documented in fluvial environments 

(Holley et al., 2007). Moreover, since the interaction of calomel with ammonia-rich waters is 

reported as the dominant mechanism for the formation of mosesite (Switzer et al., 1953), the 
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high contents of NH4+ reported for the thermal waters (Duchi and Prati, 1985) and geothermal 

fluids of Mt. Amiata (Bertini et al., 1995) can validate the hypothesis that mosesite 

additionally formed as a secondary product of calomel alteration. In addition, the discharge of 

NH4+-rich waters from the sewage system of Abbadia (Rimondi et al., 2012) may further 

promote the formation of mosesite along the river course. Besides mosesite, Hg(II)-chloride 

(HgCl2) is observed in present-day stream sediments, suggesting a current leaching of this 

phase from calcines, where it is commonly formed as a consequence of roasting and/or later 

processes (Kim et al., 2000; Esbrí et al., 2010), although XAS does not indicate its presence 

in roasted materials. However, the presumably small percentages of HgCl2 in calcines 

possibly prevent its identification by XAS, where mineral phases less than 20% were 

generally omitted in this study. Moreover, the heterogeneous distribution of soluble Hg-

species in the samples matrices, as outlined by SEC, may result in lacking of this phase in the 

sample analyzed by XAS. However, small amounts of compounds like HgCl2 and HgO in 

calcines and soil of the mining area are confirmed by SCE and SEM/EDX. Although 

representing just 0.3-12% of the total Hg budget (SCE analysis), these phases may release to 

the environment enormous quantities of Hg, being much more soluble than the Hg sulfides. 

Particularly, the amounts of such phases now observed in calcines possible underestimate 

their initial quantities, as much of them underwent chemical leaching and transport in 

downstream environment. 

XAS indicates that fossil sediments of Paglia River may locally host, beside major amounts of 

cinnabar, considerable proportions of Hg-chlorides phases, in the form of the Hg(I)-chloride 

(calomel). Hg-chlorides are notably absent of in the primary mineral assemblage of the Mt. 

Amiata ores (Arisi Rota et al., 1971; Dini et al., 2003; Morteani et al., 2011), however 

calomel could represent a secondary mineral, formed as a consequence of post-depositional 

alteration of primary cinnabar as documented elsewhere (Roberts et al., 2003).  

Results from SCE and XAS generally mismatch to identify Hg-halides species in the analyzed 

samples. Lacking of a specific selective extraction step for this phase, SCE was not able to 

quantify mosesite in PRS2, PM, and CAL2. Particularly, due to its insolubility in water, acetic 

acid, and HNO3, mosesite is decomposed by concentrated HCl (Switzer et al., 1953), probably 

solubilizing during the F5 step. The presence of mosesite was then masked by the 

simultaneous dissolution of sulphides; as a consequence, the % of sulphides determined by 

SCE is generally higher than those obtained by XAS. Similarly, SCE did not succeed to 

identify calomel and HgCl2 in those samples where they were indicated in remarkable 

amounts (> 20%) by XAS, i.e. PRO1 and PRS2, respectively. It should however be 
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considered that one of the main drawbacks of SCE methods is the overlapping of extraction 

steps, resulting in lacking of minerals complete solubilization in one defined step and/or re-

adsorption reaction phenomena (Issaro et al., 2009). Particularly, it is observed that for 

Bloom’s protocol the results from F1-F3 are unambiguous only when the total concentration 

of Hg in the samples is high (1000 – 10,000 µg/g) (Issaro et al., 2009), while discrepancies 

appear evident for lower contents. Specifically, al lower concentrations soluble species 

leached between F1-F3, as HgCl or HgCl2, are re-adsorbed on clay surfaces (Bloom et al., 

2003; Malferrari et al., 2011), therefore overlapping to mineral species solubilized in later 

steps.  

Results from XAS report metallic Hg in the present and recent sediments of Paglia River,  

suggesting that extensive runoff of Hg0 from the mining area of Abbadia San Salvatore goes 

on even after 30 years from the end of industrial activity. Notably, Hg0 was not detected in 

pre-industrialized (fossil) deposits, supporting the fact that abiotic and biotic reduction of 

Hg(II) to the metallic form (Ullrich et al., 2001) could not be invoked for the high percentages 

of free Hg0 found in present-day stream sediments. High proportions of Hg0 are however 

surprising in sediments, because Hg0 due to its high volatility readily partitions to the gas 

phase, suggesting sorption reactions with sediments could have concurred to delay the 

migration of Hg0 (Schlüter, 2000). The accurate determination of Hg0 by SCE is particularly 

complicated because other compounds as Hg(I), Hg-Au amalgams, crystalline Fe/Mn oxides, 

and amorphous organo-sulfur can be extracted by cold 12 M HNO3 (75% v/v) beside Hg0 

(Bloom et al., 2003). The F4 step of Bloom’s protocol is therefore not completely selective 

for Hg0, resulting in an uncertain quantification of this phase (Bloom et al., 2003; Covelli et 

al., 2009). Moreover, possible problems could arise when 75% HNO3 extraction is applied to 

finely ground samples, which leads to an increased solubility of sulphides, resulting in their 

extraction during the penultimate step (F4), with successive underestimate of the following  

(Kim et al., 2003; Hall et al., 2005). Such finding can possibly explain the observations 

coming from SCE for samples CAL1 and PM1, where their fine grained nature, coupled with 

the abundant presence of Fe oxides, could have given rise to a particle size effect with 

increased solubility of HgS, and solubilization of Hg-bearing Fe oxides, overestimating Hg 

extracted in F4. Particularly, in the case of CAL1, Hg removed by 12 M HNO3 (50%; Fig. 

4.4) almost corresponds to the amount of metacinnabar determined by XAS (60%; Table 4.6), 

confirming, as already observed by Kim et al. (2003), the possible higher solubility of this 

phase in natural samples than the one modeled by Bloom’s extraction procedure. Then, 

because Hg0 reaches saturation in water at 50 μg/l, only values near this level in F1 confirm 
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that the sample contains free metallic Hg, that can be consequently estimated by F4 (Bloom et 

al., 2003).  

Contrary to XAS, data from SCE suggest that metallic Hg is present only in calcines samples, 

although in small percentages, ~ 10% for CAL1, and 3% for CAL2. As previously explained, 

because the great part of Hg recovered in F4 for CAL1 is believed to be the result of 

metacinnabar and Hg-bearing Fe oxides solubilization, Hg0 can be grossly estimated by the 

difference between Hg recovered in F4 and the percentage of metacinnabar obtained by XAS. 

The occurrence of metallic Hg is well explainable in these type of deposits, where Hg0 is a 

residue, due to the recovery inefficiency during roasting (Biester et al., 1999; Gray et al., 

2004, 2006).  

Results for elemental Hg by XAS and SCE are generally in disagreement pointing out the 

inherent limitations of these techniques. Small percentages of Hg0 (<15%) were indeed 

commonly overlooked by XAS, due to the common elevated errors associated with this 

analysis. Similarly, the non-identification of Hg0 in sediments by SCE was mainly due to its 

heterogeneous distribution in the materials. Despite this mismatching, the data of this study 

demonstrate that Hg0 is still eroded and transported from the Abbadia San Salvatore mine 

contaminated site, where it accumulates in sediment, and it could remain for many years 

thanks to its chemical stability under mildly oxidizing or reducing conditions (Ullrich et al., 

2001). The presence of Hg0 in the environment should be carefully monitored as this species 

may undergo oxidation to Hg(II) (Yamamoto et al., 1996), supplying ionic Hg for 

methylation. 

4.4 Conclusions  

Speciation results obtained by the application of XAS and SCE generally show Hg sulphides 

as the dominant mineral phases in most of the analyzed samples, although secondary chemical 

reaction and mine downstream leaching complicate the mineral assemblage of the analyzed 

samples. Anthropogenic processes such as ore roasting have considerable effects on the 

speciation of the waste calcines, mainly resulting in: a) residual minor amount of Hg0; b) 

conversion of cinnabar to metacinnabar; c) secondary formation of moderately soluble Hg(I)-

chlorides and Hg-N-Cl-compounds; d) formation of extremely soluble Hg species such as 

HgCl2, HgO and HgSO4. In particular, mercuric chloride, oxide and sulphates, although do 

not represent more than ~ 10% of global Hg species, may result in mobilization of 

environmentally significant amounts of Hg (up to 136 μg/g; Table 4.7).   
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Due to their improper disposal, waste calcines are highly impacting for the environment, as 

they undergo physical and chemical weathering, resulting in cinnabar transport as particulate 

by water, and chemical leaching of Hg ionic compounds. Such ionic compounds found in the 

sediments of the Paglia River represent the main environmental concern of this area because, 

differently from cinnabar, can solubilize and release free Hg2+, which may be readily 

available for methylation reactions. Thus, the overall dominant effect of mining activity, and 

particularly of roasting process, is the increase of Hg toxicity, by enhancing its mobility in the 

environment. The speciation results coming from this study, and particularly the presence of 

remarkable percentages of soluble Hg-bearing minerals in sediments, can possibly correlate 

with the significant bioavailability of methyl-Hg previously documented for the Mt. Amiata 

district (Rimondi et al., 2012).  

The presence of elemental Hg in the present-day and recent stream sediments of Paglia River 

further highlights the huge impact of mining activity in this area. Even if mining ceased more 

than three decades ago, Hg0 is transported downstream the Abbadia San Salvatore mine, and 

possible contribute to methyl-Hg formation by oxidation to Hg(II). 

The use of multiple analytical methods allows to define a complete picture of Hg speciation in 

the Hg district of Mt. Amiata, and helps to improve the predictions of Hg mobility and 

bioavailability in the environment. The phases detected by SEM/EDS are generally comprised 

in the compounds resulting from XAS spectroscopy, although the additional presence of 

soluble compounds as HgO is reported. Nevertheless it should be pointed out that microscope 

techniques, differently from XAS, give punctual information about mineralogical phases, thus 

extensive searching and fortuitous cases may lead to identification of mineral phases which 

are present in very minor amounts in the matrix, and are not statistically significant for the 

description of Hg mineralogy. Differences in speciation between SCE and XAS mainly arose 

when trying to quantify the non-sulfide fractions of the samples, and particularly Hg0. In this 

case, the inherent limitation of each technique appear evident. Particularly, lacking of 

modeled extractions for specific phases, lack of selectivity, and matrix effects are the main 

problems encountered in application of SCE techniques. On the other hand, the high detection 

limits associated with XAS may prevent identification of the Hg compounds present in low 

amounts, nonetheless significant to predict Hg bioavailability in the environment. Results 

from this study therefore confirm the importance of a multidisciplinary approach in order to 

study Hg speciation in natural systems. 
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CHAPTER 5 

PART IV – A GEOCHEMICAL SURVEY FOR HG AND AS 

CONCENTRATIONS IN SEDIMENTS OF THE MT. AMIATA REGION (SOUTHERN 

TUSCANY, ITALY) 

Abstract 

The Mt. Amiata area (Southern Tuscany, Italy) hosts one of the most important Hg district in 

the world, determining a widespread Hg (and associated As) geochemical anomaly. The Hg 

ores have been exploited for Hg production up to the last century, resulting in an extensive Hg 

contamination of the Pagliola Creek ecosystem, draining the important mine of Abbadia San 

Salvatore (ASSM). Presently, a remediation project is carrying on at this mine site. The 

principal aim of this study is to characterize Hg(As) diffusion in different sediments of this 

area in relation to the past mining activity. Sediments of different age were then sampled 

along the Pagliola Creek in order to reconstruct the history of Hg(As) diffusion in this region, 

from pre-industrial to present-day times. Pre-mining sediments were in particular sampled in 

order to try to establish a reliable regional background for Hg and As, which can help to 

define the remediation strategy for the ASSM. Furthermore, a paleo-hydrographic 

reconstruction of the Pagliola Creek was attempted. A preliminary Hg regional background of 

2-6 µg/g is defined for the Mt. Amiata area, which largely exceeds the Hg established 

contamination level of Italy. As a result of this study, a new reliable regulation for Hg should 

be defined for this area, taking into account the high natural occurring Hg levels in the 

environment. 

Keywords: mercury, Mt. Amiata, geochemical background, multivariate analysis 

5.1. Introduction 

The term geochemical background originates from geochemical exploration and refers to the 

“normal abundance of an element in a determined barren earth material” (Hawkes and Webb, 

1962). The concept was introduced to localize geochemical anomalies, i.e. ore deposits, 

defined as the deviations of one of more elements with respect to normal values (Reimann and 

Garrett, 2005). In the last few decades, the concept of geochemical background has become 

increasingly important in environmental sciences, and many international projects were 
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dedicated to geochemical mapping (http://www.globalgeochemicalbaselines.eu/) for a 

complete review of the papers and reports produced within this framework). In environmental 

sciences, the concept of geochemical background differs from the traditional sense used in 

exploratory geochemistry (Gałuska et al., 2007; Gałuska and Migaszewski, 2011). In this 

context, the background is then referred to the concentration of an element without the 

influence of human activity (Vidal et al., 2004; Gałuska, 2007; Gałuska and Migaszewski, 

2011). The term baseline is sometimes employed as a synonym (Nieto et al., 2005), although 

it refers to the present concentration of a substance in a contemporary environmental sample, 

which it might be subjected to variations in the future. However, some authors do not support 

the use of this term (Reimann and Garrett, 2005).  

Much of the geochemical research for background is focused on heavy metals because their 

concentrations in the environment negatively affect wildlife and humans (Salomons, 1995). 

Many works were then devoted to the distinction between natural (geogenic) and 

anthropogenic source of contamination at regional or sub-regional scale in the whole Europe 

(Macklin et al., 1994; Salminen and Tarvainen 1997; Albanese et al., 2007; Breward, 2007; 

Galàn et al., 2008; Reimann et al., 2009; Bini et al., 2011; Gosar and Žibret, 2011; Guillèn et 

al., 2011). This distinction represents a challenging task of modern research as the strong 

human civilization exacerbates the diffusion of contaminants in the environment, resulting in 

an overlapping of anthropogenic and natural imprints. The establishment of background trace 

metals in superficial environments is however important because it allows: 1) to distinct 

between contaminated and uncontaminated areas, and 2) to model the influence of metal 

distribution as a consequence of human influence. In mining areas, the levels of heavy metals 

in the environment can be raised naturally up by the weathering of mineralized rocks (Loredo 

et al., 1999), although the release of heavy metals by human activities occurs generally at 

higher rates than natural weathering processes. In these areas, however, the definition of a 

pre-mining background is extremely important to design realistic remediation strategies 

(Kelley and Taylor, 1997), as the remediation of mine sites should be conducted up to the 

pristine background concentrations disregarding the regulation limits that may be lower than 

the local geogenic element concentrations. 

Since the first regional geochemical background surveys conducted in the 1960s and 1970s, 

active stream sediments have been the most widely used medium (Garret et al., 2008) because 

they usually provide a solid, easy-to-sample and relatively cost-effective way to assess trace 

metals concentrations in upstream catchment basins. Nonetheless, their validity has been 

questioned in a number of works (Ottesen et al. 1989; De Vos et al. 1996; Swennen et al. 
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1998; Swennen and Van der Sluys 1998), which showed that the main drawbacks using the 

stream sediments as a proxy for the geochemical background estimation are: i) their 

heterogeneous sources and their temporal fluctuations; ii) the difficulty to distinct between the 

geogenic versus the anthropogenic sources in areas with long-time mining or industrial 

activity (Reimann and Garret, 2005); in these conditions, remobilization of contaminated 

bottom stream sediments and contaminated river banks may lead to wrong estimations of the 

geochemical background (Kocman et al., 2010). Quaternary sediments may then represent a 

good alternative to present-day and overbank sediments in mining areas with strong historical 

disturbance. A detailed geochemical characterization of sediments is moreover necessary in 

order to elucidate the geochemical processes determining the natural fluctuations of the 

analyzed element in a specific region. The background is indeed more realistic represented by 

a range of values, which takes into consideration the natural variability of the element, rather 

than by  a single value Reimann and Garrett, 2005).   

The Mt. Amiata region (Southern Tuscany, Italy) hosts a broad Hg geologic anomaly, due to 

the wide occurrence of cinnabar ore deposits (Arisi Rota et al., 1971; Tanelli, 1983). Ore 

bodies were extensively mined in the last century and determined the production of elevated 

amounts of mining wastes improperly disposed to the surface environment. This study 

focuses on the Pagliola Creek, which represents the first mountain tract of the Paglia River 

Basin (PRB). Here, the Abbadia San Salvatore Mine (ASSM), the largest in the Mt. Amiata 

district, is located (Fig. 5.1); a remediation strategy for this mine started in 2012. Previous 

studies on the Hg diffusion in the area are scarce, and a reliable Hg background has not yet 

been clearly established. Environmental studies on the stream sediments of Paglia River 

(Ferrara et al., 1991), suggested a Hg baseline of 9.4 μg/g. However, scarce information about 

field sampling methodology, number of samples for each medium, considered grain size and 

statistical elaboration of data, suggests that this value could hardly be taken as a reference. In 

addition, active transport of mine waste as sediment load is observed in the Paglia River 

(Rimondi et al., 2012), suggesting a possible overestimation of this value. 

The present paper attempts to finally assess the geogenic Hg background of the Mt. Amiata 

area, proposing Quaternary sediments as sample media. In particular, thanks to morphological 

and paleo-hydrological reconstruction of the Pagliola drainage course, fossil stream sediments 

referred to the ancient Pagliola were considered as pristine, and sampled. The dataset was 

then completed with present-day stream sediments and sediments from a recently formed 

fluvial terrace (i.e. coeval to the mining and smelting activities), which are expected to 

represent the modern and the historical ambient background, respectively. 
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5.2 Geological outline 

The study area is located in Southern Tuscany, centered on the Mt. Amiata region (Southern 

Tuscany, Italy) (Fig. 5.1). The Mt. Amiata is the central relief of the homonymous volcano-

geothermal area, which develops in the inner part of Northern Apennines. The building of the 

Apennines during the Tertiary as a thrust and fold chain and the related post-collisional events 

determined the modern setting of Southern Tuscany.  

From geophysical data, it is supposed that a magmatic body is presently emplaced beneath the 

Mt. Amiata at 6-7 km depth (Gianelli et al., 1988). The emplacement of this intrusion during 

the Early Pliocene (Jacobacci et al., 1967; Pasquarè et al., 1983) determined the surface uplift 

of this area (Acocella, 2000; Brogi, 2008), the volcanic eruptions of Mt. Amiata (300-180 ka; 

Bigazzi et al., 1981; Barberi et al., 1994; Cadoux and Pinti, 2009), and a still active 

hydrothermal circulation. To this convective flow is attributed the ore genesis of the 

epithermal cinnabar deposits of Mt. Amiata (Tanelli et al., 1983), to which minor quantities of 

As minerals are associated (Arisi Rota et al., 1971). Although Hg was produced already by 

the Etruscans, the industrialization of this area began in the 1860s and Hg production ended in 

1982 with the closure of the Abbadia San Salvatore Hg mine. 

In this study, we focus on the Paglia River, which drains the east side of the Mt. Amiata area 

(Fig. 5.1). This river flows in the Radicofani Basin (RB) (Fig. 5.1), a Neogene tectonic 

depression elongated NW-SE, bordered by the Mt. Centona ridge on the east and the Mt. 

Amiata−Castell’Azzara on the west (Bonini and Sani, 2002; Castaldi and Chiocchini, 2012). 

Traditionally, the RB has been interpreted as a graben and/or semi-graben (Brogi, 2004; 

2008) (Cetona and Radicofani Faults; Collettini et al., 2006) (Martini and Sagri, 1993; Liotta 

and Salvatorini, 1994; Liotta, 1996; Collettini et al., 2006; Pascucci 2006; Brogi, 2008), 

although different theories indicated the RB as a syn-tectonic thrust-top basin (Bonini and 

Sani, 2002). The RB is filled up with 2500 m thick marine Pliocene deposits (Barberi et al., 

1994), which extensively outcrop along the Paglia River (Fig. 5.1). Pliocene sediments, 

overlaying the Miocene deposits, are documented only by the deep wells of Paglia 1 and 

Radicofani 1 (Fig. 5.1) (Bonini and Sani, 2002), and unconformably rest on the pre-Neogene 

Units (Bonini and Sani, 2002; Brogi and Liotta, 2008). In the Neogene deposits, four principal 

angular unconformities-bounded stratigraphic units (UBSU) (Salvador, 1987) were recently  

recognized (Bonini and Sani, 2002). The Sedimentary Unit 3, composed by upper early 

middle Pliocene (G. margaritae to G. puncticulata zone) marine clays, sandy-clays and 

conglomerates (Liotta, 1996), is the main formation cropping out in the RB. Along the Paglia 
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River, this unit is represented by gray-blue clays interbedded with sandy layers or 

conglomerates (Bonini and Sani, 2002; Ghinassi and Lazzarotto, 2005; Pascucci et al., 2006), 

the so-called “Argille di Fabro” (Girotti and Mancini, 2003). Due to the evolution of RB 

during the Neogene (Pasquaré et al., 1983; Barberi et al., 1994 Pascucci et al., 2006), no 

younger sedimentary record are present in this area.  

 

 

Fig. 5.1. Location of the study area, inactive Hg mines, and schematic geological map of the 
Mt. Amiata region. Numbers refer to the main geological formations outcropping in the area: 
1) alluvial deposits (Holocene); fluvial-lacustrine sediments (Holocene-Pleistocene); 3) 
volcanic rocks (middle-late Pleistocene); 4) marine deposits (early-late Pliocene); 5) 
Ligurian Units (late Cretaceous- Oligocene); 6) Tuscan Nappe (Triassic-Oligocene) 
(modified after Castaldi et al., 2012). The study area is enlarged in Fig. 5.2. 

5.3 Methods 

5.3.1 Sampling sites and procedures 

The Pagliola Creek is the first mountain tract of Paglia River, which is formed by the union of 

the Pagliola, Vascio and Cacarello Creeks (Fig. 5.2). The present-day Pagliola Creek flows in 
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a narrow valley, with a torrential character, and a river bed morphology made by steps and 

pools (Photo 5.1). Along the Pagliola Creek, it is possible to identify scarps of about 1-2m 

high (Photo 5.2a), mainly composed by clasts ranging from pebble to cobble in a silty-clay 

matrix, alternated to sandy-silt beds, that in the 1:10,000 geological map of Italy (section 

321090) have been interpreted as Holocene deposits, terraced and not terraced (Fig. 5.2). In 

this study these deposits are interpreted as fluvial terraces of an old Pagliola Creek, thereafter 

called as paleo-Pagliola, and they are indicative of a complex drainage reorganization during 

the Quaternary, with alternating episodes of deposition and incision. Like the modern 

Pagliola, the paleo-Pagliola flowed SE from Mt. Amiata, and the sedimentologic 

characteristics of the fluvial terraces indicate a river bed made by step and pool bed even for 

that paleo-creek. Moreover, morphological reconstructions of this area suggests that the 

paleo-Pagliola has deposited a fluvial conoid in the last part of its river course (the shadow 

area in Fig. 5.2). This observation is more convincing if we consider the strong variation in 

hydrological gradients that marks the transition between the Pagliola Creek and the Paglia 

River (Fig. 5.2), which results even today in a marked deposition of particulate matter in this 

river tract (§ part II).  

 

 
Fig. 5.2. Enlarged geological map of the study area reported in Fig. 5.1 (section 321090). 
The position of two excavations, indicated as logA and logB, is indicated by the green stars, 
whereas the yellow symbols 1 and 2 refer to the sampling sites for the fluvial terraces and 
stream sediments. The position of the paleo-Pagliola conoid is indicated by the blue oval. 
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Photo 5.1. Steps and pools riverbed morphology for the present-day Pagliola Creek.  

 

Photo. 5.2a,b. Scarps of 1-2 m encountered along the Pagliola Creek and interpreted as 
fluvial terraces. A) External fluvial terrace formed before the mining activity; the black lines 
delimited the steps and pools of the ancient morphology; the samples collected in this terrace, 
whose position is reported in the photo, belong to the PS group; B) Internal fluvial terrace 
formed by the current Pagliola Creek and considered coeval to mining activity; the samples 
collected in this terrace, whose position is reported in the photo, belong to the BR group. 

Despite the lack of an exact chronological constraints on this conoid and associated fluvial 

terraces, the presence in this area of the buried roman village of Callemala found in 876 A.D 

(Callis Malus; Francovich, 1999) represents an indirect way to date these deposits. This 

village was an important stop of the so-called Via Francigena, an old itinerary that connected 

Canterbury to Rome starting from the X century A.D., testifying with its position that the 
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present-day morphology of Pagliola Valley was already defined when the village was funded. 

The formation of the paleo-Pagliola conoid and the related paleo-hydrography reconstruction 

then largely precedes the large-scale mining activity for Hg in this region, which started at the 

end 1800. Therefore, sediments belonging to the paleo-Pagliola hydrography are considered 

pristine and have been employed in this study to reconstruct the background for Hg. Two 

excavations of 2-4 m depth were then made in this area (logA and logB; Fig. 5.2) in order to: 

i) investigate about the paleo-hydrographic evolution of the Pagliola Creek; and ii) sample the 

stream sediments related to the ancient paleo-Pagliola. Sediment samples were in addition 

recovered from: a) an external fluvial terrace recognized on the left side of the present-day 

Pagliola Creek (locations 1 and 2 in Fig. 5.2) referred to the paleo-Pagliola course, which 

could be additionally employed to reconstruct the background (Photo 5.2a); ii) an internal 

fluvial terrace (location 1 in Fig. 5.2; Photo 5.2b), which is an example of the very recent 

morphodynamic development of the present-day Pagliola Creek, and is then possible 

considered coeval with the industrial exploitation of Hg mines; these deposits were then 

sampled to delineate the historical Hg contamination related to the peak of Hg production; 

and iii) the present-day Pagliola Creek stream sediments in order to evaluate the recent impact 

of the past mining activity in this area. A total of 74 sediment samples (2-5 kg) were 

recovered in the main sampling area and summarized in Table 5.1.  

All samples were air dried, dry sieved to < 160 μm and finally powdered. The 160 μm grain 

size as representative of the fine fraction was used in order to compare the results with those 

of a recent survey in the region (Rimondi et al. 2012). Thereafter, we refer to the groups with 

the acronyms reported in Table 5.1.  

 

Group Number of 
samples 

Sampling location Description 

PS 24 1&2 Pre-mining stream sediment; external 
fluvial terrace of paleo-Pagliola 

BR 13 1&2 Recent stream sediment, coeval with 
mining; internal fluvial terrace 

SS 15 1 Present-day stream sediments of 
Pagliola Creek  

TR 22 logA&logB Pre-mining stream sediment from the 
boreholes 

Table 5.1. Description of the different group of sediments collected in this study, and 
acronyms of groups that are used in the text. Sampling location is referred to Fig. 5.2.  



Chapter 5. Part IV 

~ 135 ~ 
 

5.3.2 Chemical characterization 

Quantitative chemical analyses of major elements (Na, Mg, Al, Si, P, K, Ca, Ti, Mn, and Fe) 

were performed by X-ray fluorescence (XRF) using a Philips PW1480/10 X-ray spectrometer 

The analytical quality was controlled by using international standards, and the relative 

differences between our result and certified values are less than 5%. Loss of ignition (L.O.I.) 

was carried out at 950 °C. Analytical solutions for Hg and As were obtained through aqua 

regia digestion of powdered samples. The concentrations of As was determined by a Perkin 

Elmer FIAS 100 Hydride Generator Perkin Elmer AAnalist100 spectrophotometer (AAS). 

Mercury was analyzed by the same spectrophotometer coupled with cold vapor (CV) 

technique. For random samples replicates were performed to provide a measure of the 

analytical precision. Accuracy was checked against international standards (2710, 2711, DS-

1). The relative percent error was <10% for Hg and <5% for As.  

5.4 Results and discussion 

5.4.1 Paleohydrographic reconstruction of the Pagliola Valley 

The stratigraphy succession of the two boreholes is reported in Fig. 5.3. From the bottom 

three main units are recognized (see Table 5.2 for detailed description of each lithotypes), 

based on the lithological and sedimentological characteristics of the deposits: 

 S1 (150 cm), encountered only in the logB, it mainly consists of massive plastic grayish 

clays, or sandy clays of 10-30 cm thick, with subordinate10-20 cm thick fine to coarse 

sandy beds. In the upper portion of the unit, two levels of silty or silty/sandy matrix-

supported pebbles and cobbles (15-20 cm thick) are observed. Between these lithologies, 

20-30 cm of gray clay and silt with sporadic pebbles are interposed (Fig. 5.3). An 

erosional surface separates this Unit from the upper one. 

 S2 (80-90 cm), mainly constituted by pebble, cobble, and occasional boulder-sized 

conglomerates, with a minor percentage of sandstone. The deposit is massif, poorly 

sorted, and without an internal stratification. Clasts are mainly carbonatic, probably 

resulting from the dismantling of Ligurian Units. This unit approximates 90 cm in logA, 

while it is observable its pitch-out in logB. 

 S3 (140-150 cm), mainly represented by clast-supported clay-sandy silt, with outsized 

reddish-violet clasts derived from the Mt. Amiata vulcanites. A normal gradation is 

observed, with angular carbonatic clasts of the Ligurian Units located in the lower part of 

the unit, and a silt-clay lithotype which prevails in the last 50 cm.  
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Fig. 5.3. Correlations between logs A and B (refer to Fig. 5.2 for their locations), showing the 
different lithologies and units recognized. Grain size codes in logs - c: clay; s: sand; gr: 
gravel. The acronyms on the left and right of the stratigraphic profiles (a1-a6; b1-b12) refer 
to the lithotypes described in detail in Table 5.2. The names and the positions of the collected 
samples along the profiles are reported (1A-10A and 1C-10C). 

On the base of the different Units recognized in the boreholes, the paleo-hydrograpic 

evolution of the Pagliola Creek articulates in four main stages, explained graphically by Fig. 

5.4. During the first stage, documented by S1 at the bottom of the log B, a paleo-Pagliola 

filled a NW-SE large paleo-valley, and similarly to present condition, flowed NE from the Mt. 

Amiata, discharging in the paleo-Paglia River. The coarser deposits observed in the profiles 

(b6 and b8 lithotypes of Table 5.2) are related to the deposition that occurred in the fluvial 

channels of the paleo-course, while finer lithologies identify the deposition in more peripheral 

areas, such as in the floodplain. During the second stage (S2), this valley was sharply 

deactivated, as suggested by the erosional surface delimiting the S1 at its top, and an alluvial 

fan started to form. This depositional stage suggests that a major change affected the paleo-

Pagliola river system during that time, and the sediments that in the previous stage had been 

transported up to the paleo-Paglia River, were in this phase deposited in the alluvial fan. 

Uplift and subsidence of the paleo-Pagliola bed, possible triggered by main tectonic events 

such as Mt. Amiata eruptions, controlled the beginning of fan deposition. In the third stage 

(S3), the paleo-Pagliola started to incise its fluvial conoid, and a new deposition of sediments 

started in a more recent paleo-valley. The nowadays first order of fluvial terrace deposits, 

belonging to the PS group in this study, represents the remnants of sediments that filled the 

valley at that time along the main river channel, while the sediments of S3 testify the 
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occasional overflow of those deposits in the floodplain (Fig. 5.4). The extensive finding of the 

Mt. Amiata trachytes starting from the S3 unit collocates the formation of the new Pagliola 

Valley and its deposits (sediment PS) after the emplacement of the Mt. Amiata vulcanites 

(200-300 ka). On the contrary, the minor finding of vulcanites in the paleo-Pagliola conoid 

may suggest: i) the absence of vulcanites in the paleo-Pagliola drainage basin, and/or ii) the 

low availability of these rocks at the time this basin was formed, suggesting a possible 

formation of these deposits before the emplacement of the vulcanite rocks. During the last 

stage of the Pagliola evolution (S4), the alternation of sedimentation and erosion processes 

resulted in the formation of different order of fluvial terraces, and to the narrowing of the 

Pagliola Valley to its present-day position. To the recent morphodynamic evolution of 

Pagliola Creek is particularly attributed the formation of the internal terrace, considered 

potentially coeval with the mining activity (Fig. 5.4).  

In this reconstruction, the sediments belonging to S3 and to the first fluvial terrace (PS) are 

coeval, representing only the deposition in different areas of the Pagliola Valley (Fig. 5.4.). In 

the perspective of this study, these sediments may be considered as pristine and may be 

therefore employed to establish the Mt. Amiata Hg regional background. 

 

 

log A log B 
a1: gravel with maximum Φ = 50 cm b1: massive, sandy matrix-supported pebbles 

and cobbles  
a2: massive, medium- to coarse-grained sand b2: massive plastic grayish clay 
a3: massive pebble and cobble in mud 
matrix 

b3: massive low-grained sand 

a4: matrix-supported clasts ranging from 
pebbles to boulders  

b4: massive medium-grained sand 

a5: normally graded clay-sandy mud with 
root traces, with cm-mm clasts and outsized 
volcanic cobbles  

b5: silty clay, with lenses of sand 

a6: massive clay with mm/cm angular clasts b6: matrix-supported sandy-gravel 
 b7: silty clay, often with scattered 

granules and pebbles 
 b8: silty supported-matrix pebbles and 

cobbles 
 b9: silty sands with scattered clasts 
 b10: massive, matrix-supported cobbles and 

pebbles 
 b11: sandy clay silt with clasts  

 
Table 5.2. Main characteristics of the lithologies encountered in logA and logB. 
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Fig. 5.4. Schematic representation of the paleo-hydrographic evolution of the Pagliola 
Valley, following the four stage described in detail in the text. S1, S2 and S3 refer to the 
stratigraphic units reported in Fig. 5.3. Stage 1-4 refers to the four stages in which is 
articulated the paleohydrographic reconstruction of the Pagliola Creek (refer to the text for 
any detail). The position of the two boreholes made in this study (logA and logB) is shown.  
 
5.4.2 Major chemistry 

The chemical composition of the analyzed samples, expressed as oxides (%), is reported in 

Table 5.3. Sediment composition is described by the four compounds, SiO2, Al2O3, Fe2O3 and 

CaO, which represent the 65% of oxides, reflecting the silico-clastic nature of these deposits. 

In order to investigate the relationships between the groups identified by the stratigraphy, 

multivariate statistical analysis was applied to the database of this study. The main objective 

of this analysis was to observe if the operational subdivisions of sediments was supported by 

remarkable differences in main geochemistry.  

As the relationship among major oxides obeys a numerical constrain that it is not free to vary 

from  ∞  and + ∞ but it is closed to 100%, this kind of data are known as compositional 

data (Aitchision, 1986). The constant sum constraint implies the application of a special 

geometry, the Aitchison geometry to the simplex (Filzmoser et al., 2009). In this space, the 

Euclidian  descriptive statistics is not informative (Pawlowsky-Glahn et al., 2007) and the 

data should be properly transformed. The most common way to transform the data is 

considering the log-ratios between variables rather than their absolute values (Aitchison, 

1986; Pawlowsky-Glahn and Egozcue, 2006). The application of these techniques to different 

field of geological sciences is well documented (Buccianti and Esposito, 2004; Buccianti and 

Pawlowsky-Glahn, 2005; Borgheresi et al., 2012). 
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Group Sample H2O Na2O MgO Al2O3 SiO2 P2O5 K2O CaO TiO2 MnO Fe2O3 

PS PLA1 9.48 0.60 2.77 17.08 54.02 0.09 2.64 4.49 0.77 0.08 7.48 
PLA2 9.86 0.59 2.96 18.94 48.53 0.08 3.13 5.69 0.73 0.69 8.38 
PLB2 9.97 0.64 2.97 18.45 52.58 0.09 2.89 4.08 0.76 0.08 7.16 
PLB6 8.26 0.66 2.66 18.27 52.61 0.09 3.13 4.70 0.79 0.11 8.33 
PLA3 8.67 0.54 2.63 17.14 45.99 0.08 2.66 4.03 0.69 0.35 16.72 
PLA4 8.30 0.57 2.80 18.27 51.09 0.08 3.02 4.73 0.79 0.16 9.80 
PLB3 9.80 0.59 2.89 18.95 51.28 0.09 3.19 4.54 0.79 0.11 7.45 
PLA5 9.59 0.53 2.72 17.61 47.81 0.09 2.77 4.47 0.72 0.19 13.04 
PLA6 11.09 0.57 2.81 16.58 48.39 0.08 2.75 7.95 0.68 0.15 8.66 
PLB5 9.79 0.57 2.80 18.70 49.89 0.09 3.05 5.00 0.79 0.27 8.68 
PLB7 10.31 0.59 2.79 17.23 48.97 0.08 2.93 5.40 0.90 0.11 10.29 
PLA7 8.49 0.61 2.82 18.15 50.76 0.08 2.90 3.84 0.76 0.17 10.99 
PLA8 10.64 0.56 2.79 16.86 47.62 0.09 2.81 6.18 0.80 0.12 11.14 
PLA9 10.17 0.52 2.79 16.81 46.44 0.08 2.76 6.22 0.70 0.23 12.76 
PLA10 9.61 0.57 2.76 17.14 49.56 0.09 2.83 5.47 0.76 0.15 10.74 
PLA11 9.67 0.52 2.88 18.79 49.39 0.09 3.12 4.60 0.76 0.16 9.63 
PLA12 9.58 0.47 2.90 17.99 47.49 0.10 2.97 4.52 0.75 0.13 12.65 
PLB8 9.42 0.54 2.84 18.27 49.99 0.09 3.11 4.67 0.78 0.11 9.83 
PLB9 8.86 0.50 2.78 17.60 47.33 0.09 2.81 3.59 0.73 0.15 14.92 
PLB1 9.93 0.41 1.38 18.83 50.32 1.07 2.82 5.72 0.77 0.12 8.21 
PLB4 9.70 0.61 2.85 18.43 52.35 0.09 3.04 4.50 0.80 0.09 7.24 
PLB11 9.11 0.65 2.68 18.15 52.22 0.09 3.14 4.90 0.80 0.11 7.82 
PLB12 8.75 0.70 2.47 17.89 52.07 0.09 3.16 4.91 0.81 0.12 8.73 
PLB13 8.03 0.70 2.47 17.66 52.03 0.09 3.11 3.82 0.88 0.13 10.61 

BR PLB10 10.94 0.55 2.92 18.03 49.43 0.09 3.05 6.32 0.73 0.11 7.48 
PLA13 12.56 0.50 2.50 15.11 42.71 0.11 2.39 9.55 0.70 0.13 12.18 
PLA14 12.96 0.39 2.32 13.69 38.85 0.12 2.00 9.88 0.63 0.15 18.02 
PBR1 11.80 0.53 2.78 15.77 44.57 0.09 2.64 9.11 0.77 0.12 11.36 
PBR2 12.57 0.50 2.75 16.05 44.94 0.09 2.67 9.08 0.71 0.12 9.99 
PBR3 12.48 0.46 2.59 14.42 41.63 0.10 2.26 9.11 0.69 0.13 15.46 
PBR4 12.06 0.49 2.71 16.96 45.93 0.09 2.65 8.33 0.70 0.12 9.48 
PBR5 10.78 0.57 2.76 18.09 49.43 0.09 2.89 6.07 0.72 0.12 8.10 
PBR6 10.50 0.59 2.81 18.39 49.80 0.09 2.96 5.95 0.71 0.12 7.76 
PBR7 13.97 0.46 2.51 15.89 43.39 0.10 2.32 10.25 0.66 0.12 9.92 
PBR8 10.68 0.56 2.69 18.13 50.08 0.09 2.75 5.89 0.71 0.12 8.07 
PBR9 11.60 0.52 2.51 17.51 46.54 0.09 2.63 7.80 0.74 0.12 9.38 
PBR10 12.36 0.47 2.44 16.20 46.11 0.09 2.47 10.03 0.72 0.12 8.47 

SS PGA1 6.40 0.57 3.00 18.69 50.48 0.15 2.88 8.26 0.78 0.14 7.76 
PGA3 6.60 0.42 2.52 21.17 48.43 0.27 2.63 7.05 0.73 0.20 9.00 
PGA5 5.72 0.59 2.89 17.68 51.50 0.13 2.79 8.89 0.80 0.12 8.05 
PSS1 12.02 0.57 3.35 15.58 47.25 0.11 3.09 9.00 0.75 0.10 7.75 
PSS2 12.57 0.55 3.14 15.54 46.77 0.11 2.98 9.47 0.73 0.10 7.51 
PSS3 11.90 0.56 3.20 16.00 47.63 0.11 3.00 8.61 0.74 0.10 7.75 
PSS4 12.03 0.53 3.21 16.41 47.53 0.12 2.98 8.12 0.73 0.10 7.83 
PSS5 11.50 0.53 3.08 17.29 48.07 0.10 2.97 7.71 0.73 0.09 7.51 
PSS6 12.11 0.53 2.91 17.43 47.35 0.13 2.80 7.93 0.70 0.11 7.52 
PSS7 12.40 0.52 2.92 17.76 47.33 0.11 2.80 7.85 0.67 0.09 7.25 
PSS8 12.64 0.46 2.84 18.05 47.04 0.11 2.81 8.11 0.65 0.09 6.89 
PSS9 12.15 0.50 2.78 18.47 47.39 0.09 2.80 8.10 0.64 0.08 6.61 
PSS10 12.16 0.48 2.72 18.75 47.36 0.11 2.75 7.68 0.65 0.09 6.89 
PSS11 11.75 0.48 2.75 19.55 48.25 0.09 2.79 7.07 0.61 0.07 6.22 
PSS12 12.26 0.48 2.67 19.55 46.92 0.09 2.69 7.68 0.62 0.08 6.48 

TR 1A 7.98 0.62 2.68 18.82 54.14 0.09 3.09 3.82 0.79 0.13 7.84 
2A 7.97 0.60 2.78 19.49 53.56 0.09 3.26 3.47 0.81 0.13 7.85 
3A 7.92 0.61 2.70 18.98 54.11 0.10 3.14 3.3 0.80 0.15 8.20 
4A 8.47 0.57 2.83 19.34 53.08 0.10 3.29 3.34 0.81 0.15 8.02 

Table 5.3−Continued on next page
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Table 5.3−Continued 

5A 8.33 0.58 2.79 19.25 53.49 0.10 3.2 3.35 0.79 0.16 7.95 
6A 8.69 0.59 2.75 18.18 54.39 0.10 2.90 3.79 0.79 0.11 7.71 
7A 8.97 0.58 2.76 18.15 54.19 0.11 2.78 4.08 0.76 0.12 7.51 
8A 9.06 0.58 2.71 18.36 53.94 0.10 2.88 3.80 0.79 0.11 7.66 
9A 8.27 0.61 2.66 19.00 55.51 0.12 2.90 2.47 0.80 0.12 7.54 
10A 8.41 0.57 2.60 18.14 55.46 0.12 3.06 2.29 0.88 0.13 8.35 
1B 10.17 0.49 2.98 18.43 50.22 0.09 3.20 5.59 0.72 0.18 7.94 
2B 8.13 0.53 2.77 19.43 53.57 0.10 3.25 3.42 0.79 0.15 7.86 
1C 8.26 0.62 2.88 19.15 53.47 0.10 3.19 3.73 0.77 0.13 7.69 
2C 9.21 0.65 2.76 18.08 54.23 0.09 2.84 4.35 0.77 0.07 6.96 
3C 7.95 0.63 2.81 19.64 53.99 0.09 3.28 3.59 0.78 0.05 7.19 
4C 7.61 0.58 2.78 18.95 56.45 0.10 3.11 2.16 0.85 0.04 7.38 
5C 8.37 0.57 2.76 18.74 53.46 0.09 3.10 3.90 0.76 0.18 8.06 
6C 8.23 0.58 2.78 19.04 53.38 0.09 3.17 3.87 0.77 0.18 7.92 
7C 7.95 0.61 2.79 19.29 54.30 0.10 3.16 3.63 0.78 0.06 7.32 
8C 10.25 0.54 2.85 17.93 52.74 0.10 2.85 4.20 0.76 0.10 7.68 
9C 9.47 0.50 2.9 18.88 51.76 0.09 3.16 4.53 0.76 0.13 7.82 
10C 9.24 0.56 2.75 18.54 53.65 0.11 2.99 3.33 0.81 0.13 7.89 

 
Table 5.3. Chemical characterization of the four groups of sediments in which data have been 
divided. Main oxides are expressed as weight %. 

The analysis was then articulated in three steps in order to determine: i) the centre, which is a 

measure of central tendency for the dataset and it is defined as the closed geometric mean 

(Daunis-i-Estadella et al. 2006); ii) the variation matrix (Daunis-i-Estadella et al. 2006), 

expressed as the variance of log-ratios, which describes the dispersion of the variables; iii) the 

biplot graph (Gabriel, 1971; Aitchinson and Greenacre, 2002); as a biplot represents in two 

dimensions all the variables under consideration, it is an useful graph in order to visualize the 

data variability and to identify important subcompositions, which may differentiate the 

geochemical processes. 

The centre for each oxide in each group is reported Table 5.4. The main differences between 

groups relate to the CaO and SiO2 or Al2O3 contents. CaO is in particular higher for the BR 

and SS groups (> 9%), and lower for TR and PS (3-5%), while the opposite behavior is 

observed for SiO2 or Al2O3 (Table 5.4). These oxides may then represent suitable variables in 

order to discriminate between the recent/present-day sediments and the fossil pre-mining 

ones.  
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Table 5.4. Centres of the composition of major oxides (in %) of each sediment group. 

 
The relative variability of each oxide within each group is reported in Table 5.5 by means of 

the centred log-ratio (clr)-variance and the total variance which is the sum of these values 

within each group. The clr-tranformations for the data were obtained by dividing each 

variable of the composition by the geometric mean of the closed array, and then by taking 

natural logarithms (Aitchison, 1986). As the variance is low both for each oxide taken into 

consideration and for the total variance, each group can be considered as homogeneous. 

 
Table 5.5. Centred log-ratio variances and total variances for major oxides of each sediment 
group. 

In order to examine the covariance structure of the data, the variation matrix was determined 

by using the log-ratio variances, where each ij- component of the Table 5.6. is expression of 

the var[ln(xi/xj)]. The extremely low log-ratios for Al2O3/SiO2, SiO2/K2O, Al2O3/Na2O 

indicate low variabilities of these variables and a probable similar geochemical behavior in 

the system investigated. On the contrary, the ratios involving P2O5 present the highest 

variability, particularly the  P2O5/MnO and P2O5/MgO, showing the presence of a possible 

geochemical process able to differentiate these oxides. Additional relationships among 

variables were then better analyzed by the biplot. 

 

 

Group Na2O MgO Al2O3 SiO2 P2O5 K2O CaO TiO2 MnO Fe2O3 

PS 0.64 3.00 19.96 55.67 0.11 3.28 5.40 0.86 0.16 10.92

BR 0.58 3.04 18.92 52.49 0.11 2.97 9.33 0.81 0.14 11.61

SS 0.58 3.31 20.13 54.24 0.13 3.22 9.14 0.79 0.11 8.34

TR 0.63 3.04 20.60 58.89 0.11 3.37 3.90 0.86 0.13 8.47

Group Na2O MgO Al2O3 SiO2 P2O5 K2O CaO TiO2 MnO Fe2O3 
Total 

variance

PS 0.040 0.044 0.030 0.032 0.146 0.032 0.042 0.033 0.120 0.052 0.576 

BR 0.014 0.010 0.013 0.011 0.011 0.015 0.027 0.009 0.010 0.038 0.163 

SS 0.011 0.010 0.012 0.008 0.028 0.009 0.010 0.007 0.023 0.007 0.128 

TR 0.014 0.011 0.011 0.012 0.015 0.012 0.029 0.012 0.073 0.010 0.203 
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 Na2O MgO Al2O3 SiO2 P2O5 K2O CaO TiO2 MnO Fe2O3 Group

Na2O 0.0209 0.0161 0.0100 0.3387 0.0119 0.0531 0.0116 0.2586 0.0874 PS

0.0046 0.0027 0.0026 0.0344 0.0017 0.0903 0.0063 0.0277 0.1224 BR

0.0030 0.0270 0.0072 0.0896 0.0045 0.0034 0.0053 0.0709 0.0131 SS

 
0.0075 0.0048 0.0032 0.0119 0.0083 0.0582 0.0048 0.1873 0.0091 TR

MgO 0.0209 0.0249 0.0245 0.4159 0.0225 0.0596 0.0274 0.2297 0.0674 PS

0.0046 0.0045 0.0028 0.0205 0.0043 0.0643 0.0026 0.0155 0.0908 BR

0.0030 0.0253 0.0068 0.0862 0.0012 0.0034 0.0057 0.0713 0.0110 SS
0.0075 0.0013 0.0024 0.0113 0.0024 0.0374 0.0041 0.1600 0.0030 TR

Al2O3 0.0161 0.0249 0.0021 0.2443 0.0016 0.0373 0.0046 0.2232 0.0621 PS

0.0027 0.0045 0.0006 0.0297 0.0022 0.0817 0.0056 0.0231 0.1187 BR

0.0270 0.0253 0.0069 0.0609 0.0159 0.0249 0.0201 0.0588 0.0185 SS
0.0048 0.0013  0.0012 0.0096 0.0011 0.0476 0.0021 0.1617 0.0024 TR

SiO2 0.0100 0.0245 0.0021 0.2532 0.0030 0.0368 0.0030 0.2498 0.0693 PS

0.0026 0.0028 0.0006 0.0250 0.0026 0.0738 0.0034 0.0188 0.1083 BR

0.0072 0.0068 0.0069 0.0646 0.0029 0.0068 0.0048 0.0550 0.0073 SS
0.0032 0.0024 0.0012 0.0062 0.0038 0.0530 0.0008 0.1699 0.0028 TR

P2O5 0.3387 0.4159 0.2443 0.2532 0.2649 0.2573 0.2567 0.5495 0.3469 PS

0.0344 0.0205 0.0297 0.0250 0.0385 0.0310 0.0174 0.0020 0.0364 BR

0.0896 0.0862 0.0609 0.0646 0.0784 0.0837 0.0540 0.0044 0.0378 SS
0.0119 0.0113 0.0096 0.0062 0.0139 0.0756 0.0055 0.1671 0.0083 TR

K2O 0.0119 0.0225 0.0016 0.0030 0.2649 0.0374 0.0035 0.2296 0.0667 PS

0.0017 0.0043 0.0022 0.0026 0.0385 0.0928 0.0074 0.0313 0.1310 BR

0.0045 0.0012 0.0159 0.0029 0.0784 0.0036 0.0052 0.0664 0.0090 SS
0.0083 0.0024 0.0011 0.0038 0.0139 0.0480 0.0039 0.1568 0.0030 TR

CaO 0.0531 0.0596 0.0373 0.0368 0.2573 0.0374 0.0399 0.2291 0.0994 PS

0.0903 0.0643 0.0817 0.0738 0.0310 0.0928 0.0520 0.0337 0.0384 BR

0.0034 0.0034 0.0249 0.0068 0.0837 0.0036 0.0057 0.0668 0.0114 SS

 0.0582 0.0374 0.0476 0.0530 0.0756 0.0480 0.0614 0.1534 0.0480 TR

TiO2 0.0116 0.0274 0.0046 0.0030 0.2567 0.0035 0.0399 0.2566 0.0662 PS

0.0063 0.0026 0.0056 0.0034 0.0174 0.0074 0.0520 0.0119 0.0826 BR

0.0053 0.0057 0.0201 0.0048 0.0540 0.0052 0.0057 0.0401 0.0023 SS

 0.0048 0.0041 0.0021 0.0008 0.0055 0.0039 0.0614 0.1698 0.0027 TR

MnO 0.2586 0.2297 0.2232 0.2498 0.5495 0.2296 0.2291 0.2566 0.1892 PS

0.0277 0.0155 0.0231 0.0188 0.0020 0.0313 0.0337 0.0119 0.0398 BR

0.0709 0.0713 0.0588 0.0550 0.0044 0.0664 0.0668 0.0401 0.0287 SS

 0.1873 0.1600 0.1617 0.1699 0.1671 0.1568 0.1534 0.1698  0.1351 TR

Fe2O3 0.0874 0.0674 0.0621 0.0693 0.3469 0.0667 0.0994 0.0662 0.1892 PS

0.1224 0.0908 0.1187 0.1083 0.0364 0.1310 0.0384 0.0826 0.0398 BR

0.0131 0.0110 0.0185 0.0073 0.0378 0.0090 0.0114 0.0023 0.0287 SS

0.0091 0.0030 0.0024 0.0028 0.0083 0.0030 0.0480 0.0027 0.1351 TR

Table 5.6. Variation matrix, expressed as / . 
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In this study, the biplot is able to characterize the 67% of the total variability of the dataset 

(Fig. 5.5), suggesting that an appreciable association between variables is present. The 9 

observable vectors (some of them have been eliminated as unnecessary to describe data 

variability), intersecting in a common origin, represents the clr-variables, while each markers 

represents a clr-transformed sample in the biplot space. The centre of the biplot is the 

barycentre of the dataset,  ξ= [g1, . . . , gD] = [gH2O, gNa2O,gMgO,gAl2O3,gSiO2g,gP2O5, 

gK2O, gCaO, gTi2O, gMnO, gFe2O3]= [9.9, 0.6, 2.8, 18.1, 50.5, 0.1, 2.9, 5.4, 0.8, 0.1, 8.8], 

where gi is the geometric mean for each variable in the closed dataset.  

 

Fig. 5.5. Biplot showing the relationships between each group of sediment with respect to the 
variables affecting composition. Intersecting vectors represent the clr-components; markers 
are related to the sediment samples belonging to each group. 

The graphical configuration of vectors in the biplot may supply additional information about 

the analyzed dataset. In the biplot formalism, the length of each vector is then approximately 

equal to the variance of each log-centred variance, whereas the links (the joints among the 

vertices of the vectors) provides information on the covariance structure (Aitchison and 

Greenacre, 2002; Daunis-i-Estadella et al., 2006). In particular, the following characteristics 

of the biplot are observed to describe this dataset: i) the cosines of the angles between links, 

which give indications about the correlations between log-ratios; then if angles are at 90°, 

zero association is expected between the considered log-ratio; ii) the coincidence of the 

vertices of two or more vectors, which indicate that the variance of the correspondent log-

ratio is zero and the ratio among variables is constant; iii) the collinearity of some vertices in 
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opposite quadrants of the biplot, whose vectors identify subcompositions that can be analyzed 

separately. The length of the vectors of the biplot and the clr-variance of Table 5.5 indicates 

that for this dataset the variability can be described by the following sequence of oxides: 

CaO>MnO>P2O5>SiO2. As the vertices of SiO2, Al2O3, K2O and TiO2 practically coincide, 

the variance of the log-ratio of these variables is zero, or nearly so (Table 5.6), meaning that 

their absolute ratios are constant. Then the only vector SiO2 (or Al2O3) is taken as 

representative of the total variability expressed by this quadrant of the biplot as the other 

variables only carry on redundant information. The biplot shows that the variability of fossil 

sediments, TR and PS groups, is mainly expressed by the SiO2 and MnO vectors, whereas the 

recent and modern sediments are described by the variables CaO and P2O5, suggesting that 

minor chemical differences are able to operate a discrimination among the four groups of 

sediments. However, the clustering of all groups around the barycentre of the biplot indicates 

that all sediments, notwithstanding some differences, are linked by a common geochemical 

composition.  

Combining the information of Table 5.4 and Fig. 5.5, it was possible to select three variables 

that were sufficient to operate a discrimination among groups in a ternary diagram. The 

variables whose centres are very different and whose rays form angles higher than 90° in the 

biplot were chosen (Table 5.4; Fig. 5.5). In addition, the approximately collinearity of vertices 

CaO, SiO2 and Al2O3 and P2O5, MnO and Fe2O3 reveals the possible presence of patterns in 

the ternary diagram and the two subsets were analyzed separately. In order to better visualize 

compositional lines, the data were reported in the ternary diagram by means of a mathematical 

operation called perturbation, i.e. the barycentre of the dataset is moved to the centre of the 

ternary diagram (Buccianti et al., 1999; Von Eynatten et al. 2002). In our case, only the 

subcomposition SiO2-MnO-CaO is able to distinct, at least partially, the four sediment groups 

(Fig. 5.6). In particular, the TR group presents higher SiO2 content, while the SS and BR 

groups point toward the CaO vertex; the PS group almost overlaps in the ternary diagram to 

the TR one, suggesting similar geochemical characteristics of these sediments.  
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Fig. 5.6. Ternary diagram of SiO2-MnO-CaO(centred dataset). 

Examination of the ternary diagram CaO-SiO2-Al2O3 shows that this subcomposition has a 

one-dimensional variability, i.e. the data plot along a compositional line characterized by 

(SiO2)/(Al2O3) 1 (Fig. 5.7). Along this trend, groups are distinguished on the base of their 

CaO%, with contents lower and higher than about 45% for TR-PS and BR-SS, respectively.  

 

Fig. 5.7. Ternary diagram of CaO-SiO2-Al2O3 (centred dataset). 
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This data pattern, moving from the SiO2−Al2O3 side of the ternary diagram towards the 

vertex, depicts a geochemical evolution trend for sediments, showing a progressive 

enrichment in CaO as they become younger in age. The existence of a significant correlation 

in the system CaO-SiO2-Al2O3 was moreover verified after the application of an isometric 

log-ratio transformation of data (Daunis-i-Estadella et al., 2006; Filzmoser and Hron, 2009), 

by considering the balances 1/√2×ln(CaO/SiO2) and 1/√6×ln[(CaO×SiO2)/(Al)2] (not 

shown). This graph then explains the relative variation of two groups of parts (variables or 

components of the composition) in an orthogonal system (Borgheresi et al., 2012). The 

correlation was found equal to R2 = 0.95, suggesting that these variables strictly correlate, 

allowing in theory a modelization to be made, which is however beyond the scope of this 

work. 

On the base of the main geochemistry, the four different groups can be clustered in two main 

subdivisions, PS-TR and BR-SS, discriminated by the ratio Al2O3/CaO, and corresponding to 

pre-mining and post-mining sediments, respectively. The clustering of all groups around the 

barycentre of the biplot and the similar Al2O3/SiO2 ratio for all groups suggest a common 

parent rock for both recent and pre-mining sediments, generally represented by the silicatic 

rocks abundant in this area. Nevertheless, the particular geochemical fingerprint of recent 

sediments, enriched in CaO with respect to pre-mining conditions, indicates the presence of 

an additional Ca-rich source of sediments in the drainage basin of Pagliola Creek. As this 

geochemical marker is found only in recent and present-day stream sediments, being coeval 

and/or subsequent to mining activity, the Ca-rich source could be supposed to relate to the 

industrial exploitation of Hg mines, representing the natural weathering of an anthopogenic 

material connected to Hg production.   

5.4.3 Minor chemistry 

Mercury and arsenic contents for each samples divided in the four groups are reported in 

Table 5.7 together with the main descriptive statistics. Arsenic contents are in the range of the 

established 7 μg/g background for Southern Tuscany (Benvegnù et al., 1993; Protano et al., 

1998). However, with few exceptions, all the concentrations are beneath 20 µg/g, which is the 

Italian maximum permissible limit in soils designated to public green, private and residential 

use (GURI, 2006). Although slight higher levels of As are reported for the BR and PS groups, 

As concentrations in different groups are of the same order of magnitude, suggesting that the 

present-day environmental availability of As is comparable to that characterizing the 

industrial period.  
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Table 5.7. Data for Hg and As for the dataset analyzed in this study.* refers to the calculated 
mean and the standard deviation for Hg distributions, which have been calculated by taking 
the natural logarithmic of data in order to obtain a normal distribution.  

Group Trace elements (mg/kg) Group Trace elements (mg/kg)

  Hg As   Hg As 
PS 7 5 TR 7 5 

2 8 9 5 
15 6 4 6 

6 10 3 6 
16 22 2 6 
41 10 0.7 7 

2 7 0.8 8 
3 14 0.6 7 

10 9 2 12 
17 10 2 11 

108 16 0.3 6 
3 12 5 6 

34 14 3 5 
15 17 1 5 

3 11 0.4 2 
1 12 0.7 3 
2 16 0.6 6 
1 14 0.9 6 

58 22 3 4 
19 11 0.5 6 

3 7 1 6 
66 8   2 8 
16 12 median 2 6 

  44 16 mean 2* 6 

median 12 12 std dev 2* 2 

mean 10* 12 max 9 12 

std dev 4* 5 min 0.3 2 

max 108 22 SS 13 7 

min 0.8 5 47 12 

BR 54 7 29 6 
732 20 36 6 
420 29 64 7 
620 17 38 7 
458 16 31 8 
368 25 32 7 
450 13 36 9 
145 10 29 8 
51 8 29 7 

280 17 26 7 
70 8 35 8 

441 12 28 6 
  2103 10   50 6 

median 420 13 median 32 7 

mean 290* 15 mean 32* 7 

std dev 3* 7 std dev 1* 1 

max 2103 29 max 64 12 

min 51 7 min 26 6 
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Concentrations of Hg on the analyzed samples vary between 0.3 to 2,103 μg/g (Table 5.7), 

suggesting a wide range of variability. More than 85% of samples is above the Hg Italian law 

limit of 1 μg/g, reflecting the large diffusion of this contaminant in the Mt. Amiata region. 

Distribution of Hg among the four groups ranges between 1-108 (PS), 51-2103 (BR), 13-50 

(SS), and 0.3-9 (TR) μg/g, for PS, BR, SS and TR groups, respectively (Table 5.7). Positive 

skewed distributions characterize Hg in all groups but PS (Fig. 5.8), then indicating the 

geometric mean as the most suitable parameter to describe the barycentres of the groups 

(Table 5.7). Outliers are abundant, particularly for the PS group, indicating the presence of 

anomalously high Hg concentrations in some samples, which can be related to a nugget effect 

which is a common problem for Hg analysis. Unlike As, significant different Hg levels are 

reported between groups; in particular, the 290 µg/g Hg barycentre for the BR group is two 

orders of magnitude higher than that of fossil sediments TR (2 µg/g), and one fold higher than 

the present-day stream sediments SS (32 µg/g) (Table 5.7). This observation suggests that 

high environmental Hg characterized the formation and deposition of these sediments, 

indirectly confirming that the age of the internal terrace of Pagliola can be coeval to the 

exploitation of Hg mines.  

 

 

Fig. 5.8. Mercury box plots for the groups SS, TR, PS and BR. Note the BR group (right) has 
a different scale with respect to the others (left).  

In order to highlight the geochemical processes which can explain the Hg contents in the 

analyzed groups, the subcomposition Hg-Al2O3-CaO (Fig. 5.9) was investigated, as the ratio 

Al2O3/CaO was found to mainly discriminate within the recent and pre-mining sediment 
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groups. In the ternary space, the four groups plot along a linear trend which connects the Hg 

vertex to the CaO-Al2O3 axis. The highest Hg levels are associated to lowest Al2O3/Ca ratios 

(Al2O3/Ca ≈ 1), i.e. to the SS and BR groups, whereas higher Al2O3/Ca (Al2O3/Ca >1) are 

reported for the SS and BR groups. Furthermore, the diagram discloses a quasi-linear data 

pattern in the subcomposition CaO-Hg-Al2O3, which was better clarified by the isometric log-

ratio data transformation (Fig. 5.10).  

 
 
Fig. 5.9. Ternary diagram of CaO-SiO2-Al2O3 (centred dataset). 

 

Fig. 5.10. Isometric transformation of the trend observed in the ternary diagram CaO-SiO2-
Al2O3. 
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The presence of a good correlation in the system CaO-Hg-Al2O3 (R
2 = 0.87) suggests that Hg 

in the Mt. Amiata samples is not random distributed but can be modeled and predicted on the 

base of CaO, suggesting that this oxide may act as a proxy for Hg in this area. Common to 

most Hg mines, a calcination process was carried out at the Mt. Amiata mines and particularly 

at the Abbadia San Salvatore’s analyzed in this work, consisting in the addition of lime to a 

first roasted material in order to recover the residues of metallic Hg. The lime-addicted 

material was then new-roasted, and the final discarded wastes, enriched in CaO and Hg, were 

termed calcines. The natural weathering of these materials may then be considered the cause 

of the CaO-enrichment of recent and present-day stream sediments of Pagliola, which are 

directly impacted by the runoff from the Abbadia San Salvatore mine site, where elevated 

quantities of calcines are piled up. Consequently to the chemical/physical weathering of 

calcines, Hg is highly diffused in the recent and present-day environment of the Pagliola 

Creek. On the contrary, the absence of calcine deposits at the time when the pre-mining 

sediments were formed, determines lower CaO levels in the PS and TR groups and 

corresponding lower Hg. The linear trend observed in the ternary diagram or by the isometric 

transformation of Hg-Al-Ca variables, may then represent an indirect estimate of the mass of 

calcines being altered: higher the quantity of weathered calcines in sediments, higher the 

corresponding Hg contents.  

5.4.4 Mercury and arsenic in the Pagliola Creek evolution 

In order to highlight main differences in Hg and As contents as a consequence of the paleo-

geographical evolution of the paleo-Pagliola, the profiles of Hg and As concentrations at 

increasing depth for the TR group are reported (Fig. 5.11). The highest values of Hg are 

generally observed for the conoid-sediments, ranging 0.5− 9 µg/g, while sediments referred to 

the infill of the paleo- and modern valleys by the Pagliola Creek, collected beneath and above 

the conoid, report lower Hg with respect of the conoid lithotypes. Arsenic does not correlate 

with Hg ones, and its concentrations are variable without apparent connection with the 

different lithotypes along the profiles. Common to both As and Hg small increases in metal 

contents are generally reported in sediments collected near the surface.  

It is useful to remember that sediments collected above the conoid (S3) are coeval to those 

forming the first order fluvial terrace of Pagliola Creek (PS groups), although Hg 

concentration in the PS group is generally higher than those of S3. This observation highly 

reflects the non-homogeneous distribution of Hg in sediments filling the paleo-Pagliola 
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Valley, which is characterized by higher contents along the main river channel and lower 

contents in the floodplain. 

 

Fig. 5.11. Profiles of Hg and As versus depth in the two excavations logA and logB. 

The results of this study testify that in the environment of Mt. Amiata a geochemical 

mobilization of Hg was already taking place at the time of the paleo-Pagliola Creek, whose 

concentrations are much higher than the clarke values of 0.056 µg/g (Rudnik and Gao, 2003). 

The distribution of Hg along the profile furthermore suggests that the geochemistry of the 

paleo-Pagliola basin changed during the evolution of the creek, registering an increase during 

the conoid deposition. After the reestablishment of the river course, a marked increase in Hg 

contents is again reported along the main channel of the paleo-Pagliola, indicating that an 

important change in the geochemistry of the Pagliola drainage basin has occurred as a 

consequence of: i) natural physical modifications of the Pagliola River catchment basin and/or 

ii) chemical changes in the parent rocks being altered. The zoning of Hg in the paleo-Pagliola 

Valley suggests moreover the presence of different Hg-enriched sources of sediments in the 

basin: a Hg-rich one, which fed the paleo-Pagliola main river channel, and a Hg-poor one, 

characterizing the floodplain of the paleo-Pagliola. Arsenic on the contrary does not register 

perceptible variations, highlighting that the As geochemistry of the Pagliola drainage basin 

was constant during the evolution of the system. 

5.4.5 Mercury and arsenic geochemical background  

On the base of the paleo-hydrographic reconstruction of the Pagliola Creek, the sediments 

belonging to the TR and PS groups were considered pristine, i.e. the levels of the 
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contaminants are unaffected by the mining activity of this area. If the two groups derive from 

the same population, the background can then be calculated by clustering together these two 

distributions. The non-parametric median and Mann-Whitney tests were then run, in order to 

test the null hypothesis H0 that the median values of the two samples were not significantly 

different. The tests indicate however that the two datasets cannot be considered as extracted 

by a single population at the significant level of 0.5 (H0 is rejected). Presently, there is no way 

to establish if these differences between medians are the result of geochemical processes 

operating in this area, or they happen by chance due to the low number of samples collected 

in this study.  

In this context, a geochemical background for Hg and As can then be considered to be 

comprised between the barycentre of the TR and PS distributions, which define a minimum 

and maximum estimates. The regional backgrounds for the Mt. Amiata area then range 2-6 

µg/g and 6−11 µg/g for Hg and As, respectively. However, these ranges must be considered 

as preliminary estimates, as further research is needed in this area in order to increment the 

number and the spatial distribution of samples in the Pagliola Basin. The concept of 

geochemical background is interconnected with that of regional variability (Matschullat et al., 

2000), then in order to establish a reliable background, samples must extend spatially in order 

to account for the natural fluctuations of the element being characterized (Reimann and 

Garrett, 2005). Moreover a detailed characterization of the sampling media represents a 

fundamental precursor step to determine the geochemical processes occurring in a determined 

area, and influencing the background. This study put then the necessary premises to further 

study the geochemical background of the Mt. Amiata, determining: i) the spatial fluctuations 

of Hg(As) along the paleo-Pagliola Valley, and ii) the geochemical processes affecting the 

chemistry of Mt. Amiata sediments.  

Notwithstanding some inherent limitations, this study first documents the presence of a wide 

geogenic anomaly centered in the Mt. Amiata area, resulting in Hg levels that are two orders 

of magnitude higher than the crustal clarke (0.056 µg/g; Rudnick and Gao, 2003). The defined 

background range is moreover much higher than that previously reported for this area, 0.3 

µg/g (Protano et al., 1998). The range for As background is on the contrary well comprised in 

that generally defined for this element in Southern Tuscany (7 µg/g; Protano et al., 1998), 

although higher than that common encountered in the UCC (4.8 µg/g; Rudnick and Gao, 

2003).  
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5.5 Conclusions 

The extensive mining activity in the Mt. Amiata highly affects the geochemistry of the 

Pagliola Creek, which drains the Abbadia San Salvatore Hg mine. As a result of the 

weathering and downstream transport of the calcine deposits by the river, elevated CaO% 

contents are reported in the recent and current stream sediments of the Pagliola Creek, which 

well correlate with Hg concentrations. Mercury mobilization in the environment is then 

strictly related to that of calcines, suggesting that the CaO oxide may be regarded as a 

geoindicator of environmental quality in the Mt. Amiata area. During mining activity for Hg, 

in particular, the diffusion of Hg in the environment of Mt. Amiata was extremely elevated, 

determining up to hundreds of µg/g Hg in the sediments draining the mining areas during that 

time. Although Hg levels reported in the current stream sediment testify a decrease of Hg 

availability in the environment with respect to the industrial period,  mean concentrations are 

still 35-folds higher than those accepted by the Italian legislation.  

Mercury concentrations in pre-mining sediments of the ancient Pagliola river course are two 

orders of magnitude higher than the normal concentrations encountered in the crust, indicating 

the presence of a wide geogenic anomaly as a result of the natural denudation of Hg-rich 

rocks and the dismantling of cinnabar deposits. The Hg background for the Mt. Amiata region 

is then estimated between 2 and 6 µg/g. This concentration range, although representing only 

a preliminary estimate, is much higher than the 1 µg/g limit established by the Italian 

legislation for Hg. A most reliable contamination level should be then defined for this area in 

order to properly discriminate between the natural baseline and the anthropic contamination, 

helping to define reliable and cost-effectiveness thresholds for the remediation project 

carrying on at the Abbadia San Salvatore Hg mine. 
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CHAPTER 6 

−  CONCLUSIONS  − 

As part of the broad Mediterranean Hg belt, the Mt. Amiata region (Central Italy) hosts a 

wide geochemical anomaly in Hg, mainly in the form of cinnabar ores. More than 103,000 

tons of liquid Hg were produced by these mines and introduced to the global market, ranking 

this district as one of the most important at a global level. The produced Hg was extensively 

used almost in all sectors of human life as far as the risk associated to Hg use was elucidated 

by different cases of human mass poisonings in the 1950s and 1970s. The following 

contraction of worldwide demand for Hg resulted in the closure of all the Hg mines in the Mt. 

Amiata region at the beginning of the 1980s. The Abbadia San Salvatore mine was the last 

one to close in 1982, and the main centre of this work. Due to its pervasive character, Hg 

contamination is long-lasting in time, maintaining high levels in all environmental 

compartments belonging to the mine districts. Moreover, the impact of Hg is often not limited 

to the local scale, but it becomes of regional importance, extending hundreds of kms away 

from the local source of contamination. Cleanup strategies of abandoned Hg mines are 

therefore essential to limit Hg diffusion in the environment. Presently, almost no remediation 

strategies have been carried out at the Abbadia Hg mine and estimated 120,000 m2  of roasted 

cinnabar banks are located next to the mining area without proper disposal. Calcine deposits 

are a well known long-term source for Hg due to the presence of unconverted cinnabar, not 

recovered liquid Hg and secondary formed Hg minerals. 

 A widespread Hg diffusion in the environment of Mt. Amiata was already documented 

during the mining activity and confirmed in field surveys made in the years following the end 

of mining. In this thesis, the extent of Hg diffusion in the Mt. Amiata environment is 

evaluated after 30 years mining is ceased, focusing on Hg dispersion by action of a natural 

river course, the Paglia River. The waters of this river represent indeed the main carriers for 

the Hg drained by the Abbadia San Salvatore mine. Different aspects of Hg environmental 

impact of mining activity in the Mt. Amiata Hg mines are taken into consideration in order to: 

i) delineate an updated picture of the extent of Hg and MMHg diffusion in the environment of 

Paglia River (part I); ii) have a first reliable assess of the quantities of Hg transported by 

Paglia River waters (part II); iii) define the real availability of Hg from the contaminated 



Chapter 6. Conclusions 

~ 160 ~ 
 

sediments and matrices (part III); iv) proper discriminate Hg background values from Hg 

anthropogenic contamination (part IV). 

After three decades from the end of mining, the results of this study indicate that a still 

pervasive Hg diffusion is present in all environmental compartments belonging to the Paglia 

River. In sediments, Hg contents exceed both the Probable Effect Concentrations and the 

Italian regulation limits for soils, although they are generally lower than those encountered in 

other mining districts worldwide. The main risk associated to these Hg mines is represented 

by the presence of methyl-Hg, the most toxic Hg compound, which is actively produced in all 

compartments of the Paglia River. These levels are in particular in the range or higher than 

those encountered in other mining districts which are however significantly more 

contaminated by total Hg, suggesting the peculiar high bioavailability of MMHg in the Mt. 

Amiata. High methyl-Hg concentrations in small fish living in this river, largely exceeding 

the recommended value of 0.3 µg/g w/w US EPA, further suggest favourable conditions for 

methylation reactions in this ecosystem.  

The main environmental problem associated with the mining activity of Abbadia San 

Salvatore is the widespread occurrence of waste calcines, highly contaminated in Hg (up to 

1500 µg/g), piled up without proper disposal. Weathering/leaching of these deposits is then 

highly impacting for the downstream environment of the Paglia River, affecting: i) the major 

and minor chemical composition of sediments; and ii) the Hg speciation in geological 

matrices. Results of this thesis show that the recent and present-day sediments draining the 

Hg mine are partly composed by the dismantled calcine deposits; the CaO% content in 

sediments, which is the chemical fingerprint of calcines, can be used to predict Hg levels in 

the deposits. The increase of Hg mobility in the environment is another main problem 

associated to the past roasting process for Hg production, forming secondary Hg compounds 

in waste rocks which are more soluble than the original ones. As documented in this work, 

leaching of these Hg mineral phases severely alters the Hg speciation in the draining 

sediments. While in pre-mining sediments, Hg is dominantly in the form of cinnabar, which is 

an extremely insoluble Hg phase that naturally limit the availability of Hg, in post mining 

sediments Hg is present in more soluble forms, such as elemental Hg and HgCl2. These 

phases, which are directly drained from the mining area, may strongly affects the 

bioavailability of Hg in the Paglia River ecosystem. As they may easily dissolve, they can 

release Hg(II), entering the aquatic Hg cycle, and possible methylating. The presence of these 

Hg soluble phases may represent a possible explanation for the elevated levels of MMHg 

registered in the Paglia River ecosystem.  
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The first reliable estimate of Hg load of Paglia River made in this work reflects the 

importance of waters as vectors for Hg diffusion. In baseline conditions, the transport of Hg 

by the river is quantified to 11 kg yr-1, occurring mainly in the form of particulate Hg. Due to 

the strong association of Hg to particulate matter, hydrological and morphological 

modifications of the Paglia River results in strong variation of Hg loads along the river reach. 

In this study, in particular, the marked deposition of Hg along the river, forming a natural 

sink, is identified few kms downstream the mine. Rather than representing a way to 

decontamination of the river, this in-river deposit is a nearly continuous source of Hg to the 

environment, supplying the river with: i) particulate Hg independently from the river 

hydrological conditions (i.e. river discharge); ii) dissolved Hg as a result of chemical reactions 

promoting Hg desorbing from particulate and increasing the availability of dissolved species 

along the Paglia River. This sink is then only a transient storage for Hg, which is later 

remobilized and transported further away from the local source up to the Tiber River. The 

impact of Hg mining in the Mt. Amiata therefore is not limited to the local environment of 

Paglia River but it extends further away from the local mines.  

The main effect of human activity in mining districts is the alteration of the local Hg cycle, 

introducing to the environment the Hg stored in the geological traps. This represents an 

exacerbation of the natural dismantling of cinnabar mineralization and Hg-rich rocks, which 

determines high Hg backgrounds in the areas where the Hg global belts are located. Evaluate 

and quantify this process is a fundamental step in order to proper discriminate between 

anthropogenic and background levels in these regions. This study represents the first attempt 

to establish a reliable Hg background for the Mt. Amiata by employing Quaternary pre-

mining sediments of the paleo-Paglia river course. This preliminary estimate indicates that a 

wide Hg geochemical anomaly characterizes the Mt. Amiata area, ranging 2-6 µg/g, which is 

two orders of magnitude higher than those commonly reported for the upper continental crust. 

These concentrations suggest the importance of defining reliable contamination levels for Hg 

in this area, taking into consideration such elevated natural background. The CaO% content in 

sediments may in particular represents a suitable geoindicator for Hg contamination, 

representing an easy way to discriminate between anthropogenic and background levels in the 

sediments of Mt. Amiata. 

This thesis may represent an useful base to further investigate specific aspects of Hg 

geochemistry in the Mt. Amiata region and may help with the ongoing remediation strategy 

that is carrying on at the Abbadia San Salvatore Hg mine. One of the main problem elucidated 

in this work is connected with MMHg, whose high concentrations in the Paglia River basin is 
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largely unexplained although some hypothesis have been made. Additional research on the 

peculiar factors influencing and enhancing methyl-Hg reactions in the Mt. Amiata area is then 

required, due to the potential high impact of this compound to biota living in this ecosystem 

and to humans. Moreover, as the importance of the Mt. Amiata district is not limited to the 

local scale but may extend far away from this region, a study focusing on the Tiber River 

abiotic and biotic compartments is projected in order to quantify the impact of Paglia River on 

this basin and then to the Mediterranean Sea. 
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